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RESUMO

A ocorréncia de compostos organicos traco (TrOCs), como compostos farmacéuticos ativos
(PhACs) e compostos desreguladores endocrinos (EDCs), em compartimentos aquaticos, é
evidenciada em varios estudos. Muitos processos atualmente utilizados em estacdes de
tratamento de efluentes (ETESs) sdo uma fonte de liberagdo de TrOCs no meio ambiente, devido
a baixa eficiéncia de remocéo. Isso é agravado devido aos perigos potenciais dos TrOCs aos
organismos aquaticos e a saude humana, mensurados por testes ecotoxicoldgicos e avaliagdes
de risco. Dessa forma, é necessario aumentar a eficiéncia de remogéo de TrOCs pela otimizagédo
de tratamentos biologicos, e aplicagdo de tecnologias mais avangadas, como os biorreatores de
membranas (MBRs), que vém mostrando eficacia para essa finalidade. E importante ressaltar
que a escolha das tecnologias deve ser baseada em uma analise multicritério, uma vez que elas
podem atingir um efluente de alta qualidade, mas causar impactos ao meio ambiente, como
emissdes de dioxido de carbono, toxicidade e riscos ecoldgicos, além de demandarem altos
custos. Dessa forma, esse estudo investigou os PhACs em duas linhas: (1) uma revisdo
avaliando processos aplicados a remocao de diversos PhACs - focando na biodegradacéo -,
incluindo a remocdo dos riscos ambientais, e pegada de carbono dos processos; e (2) testes de
toxicidade e riscos ambientais de PhACs pouco explorados na literatura, sozinhos e em misturas
binarias e terciarias. Além disso, o0 estudo investigou 0s impactos ambientais e remocdo de
EDCs - focando em bisfendis (BPs) - em trés linhas: (1) uma revisdo avaliando a ocorréncia,
toxicidade, riscos ambientais, e remocdo de BPs por MBRs; (2) avaliacdo da remocédo de
bisfenol A (BPA) por um biorreator de membranas anaerdbio com lodo granular (G-AnMBR)
associado a um mddulo hibrido de destilacdo por membranas (MD) e osmose direta (FO); e (3)
avaliacdo da remogdo de BPA por um EGSB-MBR usando um mddulo de ultrafiltragéo
reciclada (UF). Em relacdo aos PhACs, a linha (1) mostrou que a biodegradacdo é fundamental
na remocdo de PhACs. Entre os compostos avaliados, os mais biodegradaveis foram
paracetamol, 17p-estradiol e ibuprofeno; e das tecnologias avaliadas, lodos ativados associado
a UASB teve baixa pegada de carbono e foi eficaz na remoc¢&o de PhACs mais biodegradaveis;
enguanto isso, ANMBR/FO-MD foi eficiente na remocédo da maioria dos PhACs e apresentou
baixa pegada de carbono quando a MD utiliza calor residual. Na linha (2) foi possivel verificar
gue os PhACs fenofibrato (FEN), loratadina (LOR) e cetoprofeno (KET) foram os mais tdxicos
para Aliivibrio fischeri, e efeitos sinérgicos das misturas foram observados para FEN + LOR,
KET + LOR e KET + FEN + LOR. Além disso, 0s riscos ambientais foram elevados para KET
e LOR. Em relagdo aos EDCs, a linha (1) evidenciou altas concentracGes de BPs em aguas
superficiais de diversos locais do mundo, inclusive compostos analogos ao BPA ainda pouco
discutidos. Além disso, diversos BPs foram classificados com alto risco ambiental,
principalmente em paises como China, India, Portugal e Taiwan. A revisdo mostrou ainda que,
apesar da necessidade de mais investigagdes, MBR e AnMBR hibridos, e modificagcbes em
MBRs bioldgicos podem ser alternativas efetivas para a remocéao de BPs. A linha (2) mostrou
remocdes do G-AnMBR/FO-MD quanto a DQO, P-PO+*~, N-NH4*, e BPA de 95,6, 99,6, 91 e
94,7%, respectivamente. O sistema eliminou os altos riscos ambientais e a salide humana, € o
efluente final ndo apresentou toxicidade. O custo estimado foi de US$ 3,91 m3. Por fim, a linha
(3) mostrou remogdes do EGSB-MBR usando UF, quanto & DQO, P-PO+* e BPA de 95.1, 27,
e 91,1%, respectivamente. Esse sistema também eliminou os riscos ambientais e a saude
humana, enquanto para a toxicidade do efluente final foi detectada hormesis. O custo estimado
para essa tecnologia foi de US$ 0,21 m~. Dessa forma, o presente estudo contribuiu e avangou
no entendimento e minimizacgdo dos impactos ambientais por meio da remocdo de TrOCs.

Palavras-chave: compostos orgénicos tracos; toxicidade; avaliagcdo de risco; biorreator de
membranas; lodo granular.



ABSTRACT

The occurrence of trace organic compounds (TrOCs), such as pharmaceutically active
compounds (PhACs) and endocrine disrupting compounds (EDCs), in aquatic compartments
has been demonstrated in several studies. Due to low removal efficiency, many processes
currently used in wastewater treatment plants (WWTPs) are a source of TrOCs released into
the environment. This is aggravated by the potential hazards of TrOCs to aquatic organisms
and human health, measured by ecotoxicological tests and risk assessments. Therefore, it is
necessary to increase the efficiency of TrOCs removal by improving biological treatments and
applying more advanced technologies, such as membrane bioreactors (MBRs), which have
shown efficacy for this purpose. It is important to emphasize that the choice of technologies
should be based on a multicriteria analysis since they can achieve high-quality effluent but
cause impacts to the environment, such as carbon dioxide emissions, toxicity, and ecological
risks, in addition to demanding high costs. Thus, this study investigated PhACs in two aspects:
(1) a review evaluating processes applied to the removal of several PhACs - focusing on
biodegradation -, including the removal of environmental risks and carbon footprint of the
processes; and (2) toxicity tests and environmental risks of PhACs little explored in the
literature, alone and in binary and tertiary mixtures. In addition, the study investigated the
environmental impacts and removal of EDCs - focusing on bisphenols (BPs) - in three aspects:
(1) a review evaluating the occurrence, toxicity, environmental risks, and removal of BPs by
MBRs; (2) evaluation of the removal of bisphenol A (BPA) by an anaerobic membrane
bioreactor with granular sludge (G-AnMBR) associated with a hybrid membrane distillation
(MD) and forward osmosis (FO) module; and (3) evaluation of BPA removal by an EGSB-
MBR using recycled ultrafiltration (UF;) module. Regarding PhACs, aspect (1) showed that
biodegradation is essential for PhnAC removal. Among the compounds evaluated, the most
biodegradable were paracetamol, 17p-estradiol, and ibuprofen; and of the technologies
evaluated, activated sludge associated with UASB had a low carbon footprint and was effective
in removing the most biodegradable PhACs; meanwhile, AnMBR/FO-MD was efficient in
removing most PhACs and presented a low carbon footprint when MD uses waste heat. In
aspect (2) it was possible to verify that the PhACs fenofibrate (FEN), loratadine (LOR) and
ketoprofen (KET) were the most toxic to Aliivibrio fischeri, and synergistic effects of the
mixtures were observed for FEN + LOR, KET + LOR and KET + FEN + LOR. Furthermore,
environmental risks were high for KET and LOR. Regarding EDCs, aspect (1) showed high
concentrations of BPs in surface waters from several locations worldwide, including
compounds analogous to BPA that are still little discussed. In addition, several BPs were
classified as high environmental risk, mainly in countries such as China, India, Portugal, and
Taiwan. The review also showed that, despite the need for further investigation, hybrid MBR
and AnMBR, as well as modifications in biological MBRs, can be effective alternatives for BPs
removal. Aspect (2) showed removals of G-AnMBR/FO-MD for COD, P-PO+*-, N-NH,4*, and
BPA of 95.6, 99.6, 91, and 94.7%, respectively. The system eliminated the high environmental
and human health risks, and the final effluent presented no toxicity. The estimated cost was
US$ 3.91 m3. Finally, aspect (3) showed removals of EGSB-MBR using UF regarding COD,
P-PO+* and BPA of 95.1, 27, e 91,1%, respectively. This system also eliminated environmental
and human health risks, while hormesis was detected for the final effluent toxicity. The
estimated cost for this technology was US$ 0.21 m™3. Thus, the present study contributed to
advanced understanding and minimization of the environmental impacts by removing TrOCs.

Keywords: trace organic compounds; toxicity; risk assessment; membrane bioreactor; granular
sludge.
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INTRODUCTION
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1.1 INTRODUCTION

Trace organic compounds (TrOCs), such as pharmaceutically active compounds (PhACs), and
endocrine disrupting compounds (EDCs), are present in raw and treated wastewater, surface
water and drinking water worldwide (Dos Santos et al., 2021; Czarny-Krzyminska et al., 2023).
These TrOCs can pose a severe risk to the aquatic ecosystem, even at low concentrations, due
to their toxic potential (Liu etal., 2011; Sieratowicz et al., 2011; Vestel et al., 2016). One of the
main sources of TrOCs discharge into aquatic compartments is wastewater treatment plants
(WWTPs) since conventional methods employed for wastewater treatment, such as the
activated sludge process and upflow anaerobic sludge blanket reactors, may not guarantee an
efficient removal of TrOCs when used individually (Czarny-Krzyminska et al., 2023).

In exchange, biological degradation has a lower cost than other treatment technologies, its
application is less complex and more environmentally safe (Ungureanu et al., 2015), and it can
be an efficient technology for TrOCs removal when the operating conditions are optimized for
this purpose, such as hydraulic retention time, solids retention time, sludge granulation, organic
loading rates, temperature, and pH (Zhu et al., 2021). The transformation and removal of TrOCs
compounds in biological processes occurs through various mechanisms, such as
volatilization/stripping, oxidation processes, sorption onto biosolids, and biodegradation. The
efficiency of these mechanisms depends on operating conditions and TrOCs characteristics,

such as biodegradability and hydrophobicity.

Granular sludge (GS) has stood out among the alternatives to improve biodegradation
efficiency. Yu et al. (2001) defined sludge as granular when at least 10% of the granules are
larger than 2 mm. This requires several steps: (1) transport of a cell to the surface of an
uncolonized inert material or another cell; (2) initial reversible adsorption on the substrate by
physicochemical forces; (3) irreversible adhesion of cells to the substrate by extracellular
polymeric substance (EPS) that fix the cells to the substrate; and (4) cell multiplication and the
development of stable granules (Lim and Kim, 2014; Show et al., 2020). Compared to floccular
sludge, the larger size of GS promotes a denser structure, greater sedimentation characteristics,
and greater filtration capacity (Jing-Feng et al., 2012). Thus, studies have shown greater
retention of specific microorganisms by GS, which can more easily degrade recalcitrant
compounds, such as TrOCs (Fan et al., 2022; Arias et al., 2018a; Queiroz et al., 2012).
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Furthermore, the biological removal of TrOCs can be improved when associated with advanced
technologies, such as membrane bioreactors (MBRs), which have been applied to the treatment
of wastewater containing TrOCs with high performances (Faria et al., 2020; Lastre-Acosta et
al., 2020; Asif et al., 2020). MBRs integrate aerobic or anaerobic biological treatment with
membrane separation processes, and the high efficiency of solids retention by membranes
contributes to a higher biomass concentration, greater biodiversity, and solid retention time
(SRT) in MBRs compared with activated sludge, for example. Thus, the feed/microorganism
ratio is lower, and the efficiency in TrOCs removal can be high (Sipma et al., 2010). Besides
biological degradation, the high SRT contributes to TrOCs adsorption onto the sludge
(Verlicchi et al., 2012). Furthermore, membranes can act as a physical barrier to TrOCs, mainly
more selective membranes, such as reverse osmosis (RO), nanofiltration (NF), forward osmosis
(FO), and membrane distillation (MD). However, some conditions may limit MBRs
application, such as not removing recalcitrant TrOCs with smaller molar masses, energy
demand for aerobic MBRs, membrane fouling, and costs (Grandclément et al., 2017). Thus,
several configurations of MBRs have been studied for TrOCs removal, seeking to overcome
these challenges (Ricci et al., 2021; Arcanjo et al., 2022).

The choice of treatment technologies aimed at removing TrOCs should be based on a
multicriteria analysis since the processes can achieve a high-quality effluent but cause impacts
to the environment, such as consumption of resources and energy, carbon dioxide (COy)
emissions and generation of waste (Takeshita et al., 2020). Thus, carbon footprint assessment
is fundamental in choosing more environmentally safe treatment technologies, reducing the
environmental imbalance and process costs. Furthermore, wastewater treatment technologies
may have high TrOCs removals but not remove the toxicity and environmental and human
health risks related to them (Garcia-Galan et al., 2016; Beretsou et al., 2020; Pretali et al., 2020).
Thus, the evaluation of TrOCs removal must be accompanied by ecotoxicological tests and risk
assessment to guarantee the removal of adverse effects on the environment and health. The risk
assessment considers the concentration values of pollutants in aquatic compartments and their
toxicity values. Thus, the environmental and human health risk classifications can determine

whether the treated wastewater is safe.

To assess the environmental risks related to TrOCs and other pollutants in aquatic
compartments, toxicity tests are essential. Toxicity tests are laboratory analyses that use living
organisms to quantify or qualify a sample's toxic effect after a specific exposure time. Physical
and chemical analyses for monitoring the water and wastewater cannot measure the impact

caused by TrOCs on the ecosystem since only biological systems can detect toxic effects
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(Connon et al., 2012). Also, the mixture of TrOCs present in natural ecosystems is inevitable,
which can cause an increase in toxicity (synergistic effect) or a reduction in toxicity
(antagonistic effect). Therefore, toxicity tests measuring the dangers of mixing between TrOCs

better represent what happens in the ecosystem.

In addition to toxicity and risks, the cost of technologies is a critical factor for application,
especially on a large scale. Thus, studies have sought to develop more economically viable
MBR configurations, mainly through increasing permeate flux and using lower-cost materials
(Siagian et al., 2023; Ugarte et al., 2022). In this context, recycled membranes have emerged.
It consists of reusing end-of-life (EoL) membranes, which would otherwise be discarded due to
loss of performance in the filtration processes. This can be made possible by converting
membranes, usually from RO or NF, using the chemical conversion technique through
oxidative attack, which removes the selective dense layer made of aromatic polyamide and
produces a porous membrane, such as recycled ultrafiltration (UF;) (Coutinho de Paula and
Amaral, 2017; Lawler et al., 2012a).

In this context, measuring the environmental impacts of TrOCs and selecting the best routes to
remove these compounds in wastewater treatment can be complex. Thus, this study aims to fill
in some gaps about the occurrence, toxicity, and risks of PhRACs and EDCs. Besides, it aims to
evaluate technologies for the removal of TrOCs through a granular anaerobic membrane reactor
associated with FO-MD (G-AnOMBR-MD) and granular anaerobic membrane reactor
associated with UF; (EGSB-MBR) in sewage treatment.

1.2 JUSTIFICATION

The selection of the more efficient treatment routes for the TrOCs removal should be based on
studies that fully understand the ecological aspects, considering the removal efficiency of these
compounds, the toxicity and risks related to them, and the environmental impacts of treatment
technologies, especially regarding the waste generation and atmospheric emissions. In this
sense, a preliminary analysis of the environmental risks and the carbon footprint of the
technologies and their impacts is essential, seeking to adopt “environmentally friendly"
practices in wastewater treatment and contributing to reducing environmental imbalance
(Zouboulis and Peleka, 2019).

In this context, this study proposes themes that can contribute to scientific knowledge about
aquatic ecotoxicology, including the toxicity of TrOCs and their mixtures and the reduction of

environmental impacts by wastewater treatment technologies. For the ecotoxicological studies,
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seven pharmaceutically active compounds (PhACs) were selected, found in raw and treated
effluents, surface water, and drinking water worldwide (Herrero et al., 2012; Papageorgiou et
al., 2016; Skees et al., 2018; Reis et al., 2019; Montagner et al., 2019; Mohd Nasir et al., 2019;
Jiang et al., 2019; Assress et al., 2020). However, ecotoxicological studies are scarce for these
PhACs, especially concerning their interaction and comparing the experimental effects with the

toxicity prediction models.

Besides PhACs, EDCs are a recent environmental concern due to their presence in wastewater,
surface water, and drinking water worldwide, which has been the subject of several studies
(Czarny-Krzyminska et al.., 2022; Santos et al., 2024). Among them, the BPA is one of the
most produced and consumed industrial compounds globally, which results in its presence in
several aquatic compartments (Santos et al., 2024), posing serious health risks, including
cancer, diabetes, brain function disorders, hormonal changes, immunodeficiency, among others
(Huang et al., 2018; Prins et al., 2014). Furthermore, BPA can be highly toxic for aquatic
organisms, affecting fish (Moreman et al., 2017; Staples et al., 2011), crustaceans (Jung et al.,
2020; Mihaich et al., 2009), and algae (Czarny -Krzyminska et al., 2022). Despite this, no study

has evaluated in detail the occurrence, toxicity and environmental risks of BPA and others BPs.

Some configurations of AnMBRs have been used for this purpose when seeking to remove
TrOCs. AnMBRs are lower-cost technologies than MBRs; they also promote less sludge
generation and the possibility of generating biogas as a renewable energy source, which is an
important factor in the search for more sustainable technologies with a lower carbon footprint.
However, some challenges still need to be overcome, such as low membrane fluxes, lower-
than-expected nutrients, and specific TrOCs removal (Ricci et al., 2020; Arcanjo et al., 2021;
Arcanjo et al., 2022). Thus, applying this process using anaerobic GS can be an alternative to
reduce membrane fouling and improve performance in nutrients and TrOCs removal, as
observed in other studies (Shen et al., 2015; Lin et al., 2023).

Furthermore, in the effort to seek more economical and sustainable alternatives, the use of
recycled membranes has gained ground in recent studies (Aguilar et al., 2023; Coutinho de
Paula et al., 2017; de Oliveira et al., 2020; Mota et al., 2024). Generally, discarded membrane
modules are classified as inert solid waste, disposed of in landfills or incinerated, with few reuse
alternatives (Lawler et al., 2012b). In this sense, thousands of tons of EoOL RO membranes have
been discarded annually (Grossi et al., 2021; Senan-Salinas et al., 2021). Therefore, recycling
can be an alternative to environmental liability related to the increasing disposal of EoL

membranes.
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Given the above, this study evaluated two innovative technologies for removing TrOCs: G-
AnOMBR-MD and EGSB-MBR using UF.. The pollutants removal efficiencies, toxicity,
environmental and human health risks, and costs were studied for both technologies. Therefore,
the study will address topics that are at the frontier of knowledge at the national and
international level, enabling (1) evaluation of the wastewater treatment technologies regarding
TrOCs removal, occurrence of TrOCs in environment, environmental risks, and carbon
footprint; (2) understanding the toxicity and the synergistic and antagonistic effects of the
mixture between TrOCs with data hitherto scarce in the literature; (3) and apply new sewage
treatment processes focused on removal of TrOCs and ecotoxicological risks.

1.3 OBJECTIVES, PREMISES AND HYPOTHESES
1.3.1 General objectives

This study aims to investigate the environmental impacts of TrOCs, namely PhACs and BPs,
in aquatic compartments, and study the wastewater treatment routes for these compounds’

removal, focusing on configurations of granular anerobic membrane bioreactors.

1.3.2 Specific objectives, premises, and hypotheses

The specific objectives, premises, and hypotheses of the study are presented in Table 1.

Table 1 - Specific objectives, premises, and hypotheses of the study.
ID Premises Hypotheses Specific objectives  Chapter

Treatment technologies
based on biodegradation
PhACs present in pose a crucial role in
water bodies can pose ~ PhACs removal but do
arisk to the aquatic ~ not entirely remove their
ecosystem, and many  environmental risks, in

Appraise, through a
critical literature
review, the removal of
PhACs - focusing on
biodegradation -, 2

conventional addition to promoting environmental risk
wastewater treatments other sources of and the carbon ’
are not projected to the  environmental impacts, footprint of wastewater
PhACs removal. such as using natural

. treatment technologies.
resources and atmospheric

emissions.




27

In aquatic ecosystems,
PhACs are subject to
interactions and
modifications, capable
of potentiating or

2 reducing their toxic
effect, and the toxicity
prediction models do
not consider
interactions between
the compounds.

To investigate the
toxicity of seven single
PhACs to the bacteria
A. fischeri and measure
the effect of binary and

tertiary mixture of 3
them, comparing the
results with the models
of Concentration
Addition and
Independent Action.

Toxicity tests will allow
the classification of
PhACs according to

environmental risks, and

their mixtures will cause

synergistic or antagonistic

effects regarding toxicity
prediction models.

BPA and other BPs are
widely used throughout
the world and can

BPA and its BPs To evaluate, through a
analogues are present in critical literature

the aquatic environment at review, the occurrence

concentrations of high  of BPs in surface water

3 reach the aquatic environmental risk, and  worldwide, as well as 4
ecosystem, causing MBRs can be effective their toxicity,
environmental impacts. technologies for reducing  environmental risk,
them in wastewater. and removal by MBRs.
Evaluate the
ANnMBR associated The configuration of performance of G-
with FO-MD is AnMBR associated with AnOMBR-MD
efficient for removing  FO-MD using granular ~ regarding removal of
some TrOCs, but gaps  sludge in EGSB reactor organic matter,
4 must be overcome,  will show high efficiency  nutrients, and BPA 5
such as low membrane in the removal of organic from sewage, and
fluxes, costs, and matter, nutrients, BPA, assess the
lower-than-expected and will have higher environmental and
ammonia removal. fluxes, and lower costs. human health risk,
besides the costs.
Evaluate the
UF, membranes are an performance of EGSB-
' : The configuration of MBR using UF;
economically and 4 .
. . AnMBR using UF, and regarding removal of
environmentally viable i .
alternative. but their grqnular s_lnge V\_/lll show organic matter,
5 - ; high efficiency in BPA nutrients, and BPA 6
efficiency for TrOCs .
. removal and will have from sewage, and
removal is still
S lower costs and great assess the
unknown, mainly in . . .
environmental benefits. environmental and
AnMBRs.

human health risk,
besides the costs.

1.4 DOCUMENT STRUCTURE

The present study was divided into seven stages. The first of these is this Introductory Chapter.

Chapter 2 comprised the study of several wastewater treatment technologies, focusing on

PhACs removal by biodegradation, environmental risk assessment, and carbon footprint. The

third phase, presented in Chapter 3, evaluated the experimental toxic effect of individual PhACs
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and their mixtures, comparing them with toxic effects predicted by mathematical models.
Chapter 4 investigated the occurrence, toxicity, environmental risks, and removal of BPs by
MBRs. The fifth step, presented in Chapter 5, evaluated the G-AnMBR associated with FO-
MD membranes, focusing on organic matter, nutrients, and BPA removal. The sixth section, in
Chapter 6, evaluated the EGSB-MBR using UF: membranes, focusing on organic matter,

nutrients, and BPA removal. Finally, in Chapter 7, a general conclusion of the study was made.
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CHAPTER 2

BIODEGRADABILITY, ENVIRONMENTAL RISK
ASSESSMENT AND CARBON FOOTPRINT IN
WASTEWATER TECHNOLOGIES FOR
PHARMACEUTICALLY ACTIVE COMPOUNDS REMOVAL
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2.1 INTRODUCTION

Pharmaceutically active compounds (PhACs) present in water bodies pose a severe risk to the
aquatic ecosystem, even at low concentrations, due to the toxic potential of several PhACs.
Thus, risk elimination or reduction is the focus of recent studies, mainly related to evaluating
wastewater treatment technologies aiming to achieve efficient removal of micropollutants
(Khasawneh and Palaniandy, 2021). Many treatment methods currently used in wastewater
treatment plants (WWTPs), such as the activated sludge process and upflow anaerobic sludge
blanket reactors are not adequate for removing PhACs and thus, are a potential source of release
of these compounds into the environment (Subedi et al., 2017; Hu et al., 2018). Other techniques
such as advanced oxidative processes, activated carbon, nanofiltration and reverse osmosis have
been used to replace or complement conventional treatments, and in this way, increase
micropollutants removal efficiencies (Khanzada et al., 2020). However, these techniques often
demand greater investments for implementation and higher operating costs compared to
conventional treatment technologies (Zhu et al., 2021). In addition, they are typically more
complex and can promote other environmental impacts, such as the generation of even more

dangerous and difficult-to-dispose by-products, often not carefully monitored.

Since biological degradation has a lower cost than other treatment technologies, its application
is less complex and more environmentally safe (Ungureanu et al., 2015), it is seen as a key
technologies for the removal of PhACs. Operational conditions, such as hydraulic retention
time, solids retention time, sludge granulation, organic loading rates, temperature, and pH, have
been optimized to increase the biodegradation efficiency of even recalcitrant PhACs (Zhu et
al., 2021).

Biological processes, the core of most WWTPs, have been demonstrated to remove some
PhACs to a significant extent (Zhu et al., 2021) and act as a barrier to the discharge of these
PhACs into the ecosystem. The transformation and removal of these compounds in biological
processes can occur in multiple ways, including, but not limited to, volatilization/stripping,
oxidation processes, sorption onto biosolids, and biodegradation (including biotransformation

— partial biodegradation, and biomineralization — complete biodegradation).

Volatilization and stripping take place mostly in the aerobic part of a WWTP. It is relevant
mainly for the removal of volatile compounds and depends on the vapor pressure of the PhAC
in the liquid represented by the Henry coefficient (H), and its hydrophobicity (Besha et al.,
2017). Due to the low PhAC’s Henry constants (usually lower than 10~ atm m2 mol™?), abiotic
transformations, such as volatilization and stripping, are normally negligible in WWTPs
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(Nguyen et al., 2021). Volatilization is only significant, when the Henry coefficient is between
102 and 102 atm m3 mol™* (Larsen et al., 2004). Volatilization and stripping are negligible also
for polyhydroxyalkanoates (PHAS) (Larsen et al., 2004). The amount of compound stripped or
volatilized can be calculated by Equation 1.

Bi stripped = Ciair “dair - Q@ = H * Csotuvte = Qair - Q 1)

where B strippea (M9 d™) is the amount of PhAC removed, C; 4; (Mg Lair") the concentration
of the PhAC in the gas phase, qgi, (Lair Lwastewater *) the aeration applied per unit of wastewater
treated, Q (L d) wastewater flow rate. If the equilibrium between the aqueous-gas phase is
assumed to be described by Henry’s law, the PhAC concentration in the gas phase can be related

to its concentration in the liquid phase (Csoubie)-

The photo-degradation of PhACs can occur because WWTPs are typically run in an open
atmosphere, exposing the wastewater at least in the upper layers to direct sunlight. Water in
clarifiers or in open reactors are subjected to high levels of sunlight irradiation (especially
during the summer), even though sunlight is attenuated by particles measured as turbidity
(Zhang et al., 2008). Certain PhACs, especially those with high photo-degradation rates, may
be affected by photo-transformation under optimal circumstances. Depending on the structure
of PhAC, the penetration of light through the water, and the presence of other molecules and
ions in the water matrix absorbing sunlight, photo-degradation may occur by direct photolysis
or indirect photo-oxidation (Norvill et al., 2016). Fluorescent PhACs (e.g.: fluoroquinolone
antibiotics) are commonly degraded by direct photolysis as a fraction of the photons absorbed
induces chemical damage or covalent modification, a mechanism known as photo-bleaching
(Norvill et al., 2016; Nguyen et al., 2021). In the top centimeters of wastewater basin, direct
photolysis is more favorable (Norvill et al., 2016). The kinetics of PhACs photo-degradation
are commonly described by pseudo-first order rates and are lower for conventional processes
employed in WWTPs with low hydraulic retention time (HRT) in comparison with algal and
stabilization ponds, with a high HRT and long exposure to sun light. Thus, photo-degradation
can often be neglected in WWTPs that do not employ ponds as operational units. Otherwise,
such as in photobioreactors, where UV light is employed at high intensity, photo-degradation

starts to play a major role on the overall PhACs removal (Gros et al., 2010).

Besides, many PhACs in wastewater can absorb onto the lipid structure of bacterial community
and onto the fat fraction of the wastewater sludge through hydrophobic interactions (e.g.,
aromatic groups and aliphatic). Furthermore, they can adsorb onto negatively charged

polysaccharide structures on the outside of bacterial cells through electrostatic interactions
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(e.g., amino groups) (Radjenovic¢ et al., 2007). The extent to which these PhACs are sorbed
depends on (i) the characteristics of the sludge (e.g., biomass structure and particle size); (ii)
the physicochemical properties of the PhACs (e.g., hydrophobicity, electrostatic interactions,
dissociation, etc.); and (iii) the operating conditions (e.g., temperature, pH, ionic strength). The
equilibrium partitioning (K,;) of a PhAC — the ratio between its equilibrium concentration in the
aqueous and solid phases, can be used to assess the extent by which each PhAC is sorbed onto
the sludge. Equation 2 shows how the K, (L kg™?) can be expressed, where Coppeq (Mg L?) is
the sorbed PhAC concentration, x,, (kg L) is the concentration of the suspended solid in the
raw wastewater, the primary or secondary sludge, and Cspuune (Mg L) the soluble PhAC

concentration.

C
Kd — sorbed (2)
Xss Csoluble

Previous studies have reported K, values for the sorption of several PhACs to various primary,
activated, and digested sludges (Blair et al., 2015). Recently, awareness has been raised towards
the methodology used to estimate K, examples include the use of PhACs concentrations in the
range of pug L™ to ng L™, to match the range of which they are found in wastewaters, and the
use of isotherms instead of a single point experiment (Stevens-Garmon et al., 2011). Besha et
al. (2017) summarized the K, values for different PhACs in WWTPs and showed that values
lower than 500 L/kg leads to minimal sorption. Furthermore, they linked low K, values to log
K,,, greater than 4. Generally, K is slightly higher in the primary sludge than in the activated
sludge. This fact can be explained by their higher concentration of PhACs in the primary sludge
and presence or absence of specific ionic interaction between the sludge and the PhACs (Besha
etal., 2017). Although PhACs sorption can occur, its contribution in an activated sludge system
was considered insignificant compared to biodegradation. For example, sorption of antibiotic
(erythromycin) was considered negligible and sorption of diclofenac has been reported to vary
between negligible to 20% (Terzic et al., 2018).

Concerning biodegradation, the microorganisms such as bacteria, protozoa, fungi, and archaea
are present in almost every aquatic environment and play an essential role in reducing
contaminants, making them less active or their complete degradation. Thus, microbial
degradation is generally the most crucial process in the mass balance among environmental
transformations (Fenner et al., 2021). The biodegradation (biotransformation and
biomineralization) of PhACs during biological processes are known to be linked to both
primary metabolic and co-metabolic mechanisms of the microorganisms found in the mixed

liquor (Tran et al., 2013). In the in primary metabolism, heterotrophic microorganisms take up
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PhACs as a source of carbon and energy for cell growth. In co-metabolism, heterotrophic or
autotrophic microorganisms biologically turn PhACs into a non-growth substrate in the
presence of a different primary substrate (or growth substrate) (Nguyen et al., 2021). Both

metabolic and co-metabolic pathways can be represented by Equations 3 and 4.

Microrganisms able to biodegrade PhACs

PhACs Biomass + Metabolites + CO, 3)

Biomass concentration in mixed liquor

PhACs N R Metabolites + CO, (4)
COD ¢ ¥ Biomass + CO,

Thus, there are reports on biodegradation carried out by specific degraders that could use
PhACs as sources of carbon and energy to maintain cell growth (primary metabolism) and by
co-metabolism as the major degradation mechanisms (Khunjar et al., 2011; Zhang et al., 2019).
Nonetheless, the existence of readily biodegradable substrates, such as organic carbon or
ammonia, as primary substrates, plays an important role in the biological transformation of
PhACs in WWTPs, regardless of which metabolic mechanism occur. These substrates can
stimulate non-specific catabolic enzymes for assimilation or biodegradation, or provide energy
for biomass growth and maintenance, among other things (Nguyen et al., 2017). In summary,
the PhAC biodegradation rate increases when carboxylic acids, hydroxyl groups, and carbonyl
are present in its structure but decreases in the presence of halogens, aliphatic ethers, methyl
groups, and ring structures. Complementarily, simple aliphatic and monocyclic aromatic
compounds are readily biodegradable, while polycyclic structures are likely to be more
persistent, although the aromatic substituents may increase or decrease biodegradability
(Tadkaew et al., 2011). For several PhACs, biodegradation is the most effective removal
mechanism (Nguyen et al., 2021). Equation 5 can be used to measure the biodegradation

Kinetics, where Kp;, (L/gMLSS/d) is the pseudo first order reaction rate constant.

% = KBio Xss Csotuble )

The interaction time between microorganisms and PhAC, characterized by the HRT, and the
selection of organisms capable of transforming these compounds, characterized by the solids
retention time (SRT), seems to affect Kz;, and the biodegradation efficiency. Different redox
conditions have also great effects on PhAC biodegradation, mainly because changes in redox
conditions can lead to different microbial activity and diversity as well as the enzymatic profile
in the mixed liquor (Besha et al., 2017). Aerobic biodegradation tends to be the most successful,
mainly due to nitrifying microorganisms’ activity, while under anoxic and anaerobic conditions,

favoring denitrification and biological phosphorus removal, are unlikely to provide significant
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benefit to PhAC biodegradation (Suarez et al., 2010; Nguyen et al., 2021). This was reported
by several authors, for example, Suarez et al. (2010) showed that biodegradation of 17f-
estradiol, diclofenac and erythromycin, were higher under aerobic nitrification conditions rather
than anoxic and anaerobic conditions. Diclofenac is known to be persistent in anoxic conditions
(<2% biodegradation) but under aerobic conditions up to 80% of biodegradation has been
reported (Suarez et al., 2010; Yang et al., 2011). However, most of biodegradation experiments
are conducted under aerobic conditions, and there is only a limited number of studies on detailed
anaerobic PhACs biodegradation (Kanaujiya et al., 2019). Thus, the need to determining role
and mode of action of PhACs under these conditions is highlighted. Nonetheless, the interaction
of several operating parameters as well as the resultant variations in microbial population
composition, are likely to play a significant role in the relationship between the efficacies of

PhAC biotransformation with the electron acceptor condition.

Ideally, biodegradation should be biomineralization, resulting in complete mineralization of
PhACs to CO», H20, and other byproducts such as ammonium. However, in most cases, PhACs
are bio-transformed to transformation products (TPs), which are either more polar, less acidic,
and more readily biodegradable than their parent compounds, and in some cases may be further
assimilated by other microorganisms found in the combined activated sludge or - in some cases
- are even more hazardous than their parent compounds (Khunjar et al., 2011). Furthermore,
although serious efforts have been put into the detection and identification of TPs (Nguyen et
al., 2021), the information about the impact and the risks associated with TPs are still limited.
This is mainly due to the challenges that analytical methods must overcome, such as the lack
of available pure reference analytical standards and fast analytical methods for their detection
and quantification of TPs in wastewater, a complex matrix with analytes in extremely low

concentrations (Yin et al., 2017).

Anyway, it is also essential to consider that among the several factors that influence
biodegradation, the concentration of the relevant contaminants is crucial. PhACs are generally
present at low concentrations in the aquatic environment. In this way, the challenge is even
greater, as biodegradation by abundant and specialized microorganisms with targeted and
efficient enzymes becomes less competitive, even for fully dissolved contaminants (Stadler and
Love, 2019; Fenner et al., 2021).

Therefore, in this review, the recent advances in biodegradation technologies for the removal
of 18 selected PhACs due to their potential to promote high environmental risk were evaluated.

The present study assessed which treatment technologies are effective in eliminating or
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reducing environmental risks related to these PhACs together with their carbon footprint. It is
the first review assessing the biodegradation of selected PhACs with a holistic approach of
environmental aspects, including removing acute and chronic risks, and the carbon footprint
associated with the biological processes. Only by understanding these processes in their entirety
Is it possible to determine the best means of PhACs removal, and at the same time, guarantee

environmental protection.
2.2 MATERIALS AND METHODS

The review included the evaluation of several wastewater treatment technologies about PhACs
removal efficiency, acute and chronic environmental risk, and carbon footprint. Scopus was
selected as the main database for searching the literature. The 18 selected PhACs belong to
eight therapeutic classes (analgesics, anti-inflammatories, antibiotics, antifungals,
antihistamines, estrogen, lipid regulators, and psychiatric) and are highly consumed worldwide
(Phoon et al., 2020). In addition, these PhACs have been detected in raw wastewater at

concentrations that represent a high acute or chronic environmental risk (Figure 1).

The performance for selected PhACs removal by conventional activated sludge (CAS),
anaerobic sludge blanket (UASB), moving bed biofilm bioreactors (MBBR), membrane
bioreactors (MBRs), upflow and anaerobic-anoxic-oxic (A20) reactor alone or associated with
other technologies was studied. The study considered the characteristics of PhACs and
treatment technologies. PhACs classification in terms of biodegradability was carried out from
the Kg;, values. Joss et al. (2006) reported that Kg;, < 0.1 L gMLSS™ d?! leads to less than
20% of biodegradation, 0.1 < Kz;, < 10 L gMLSS* d! leads to 20-90% of biodegradation and
Kgio > 10 L gMLSS™? d! leads to more than 90% of biodegradation.

Acute and chronic environmental risks were estimated for selected PhACs using the risk
guotient (RQ) as shown in Equation 6, where MEC is the measured concentration, and PNEC
is the ratio between acute or chronic toxicity for each PhAC and a correction factor (European
Commission, 1996). For environmental risk, the classification of the European Commission
(1996) was used: RQ> 1 (high risk); 0.1 < QR < 1 (medium risk); 0.01 < QR < 0.1 (low risk);
and RQ < 0.01 (negligible risk).

MEC
QR = PNEC

(6)
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Figure 1 - Concentrations (ug L) in raw wastewater and acute (RQac) and chronic (RQen) risks for selected PhACs.

ANALGESIC ANTIFUNGAL

Paracetamol Fluconazole Miconazole Fenofibrate Bezafibrate Oxazepam
1.3 (Yang etal., 2017) 0.09 (Casado etal., 2014) 0.017 (Assressetal., 2020) 0.093 (Kosma et al., 2014) 0.003 (Papageorgiou et al., 2019) 0.1 (Gonzales-Marifio et al., 2018)
1.6 (Papageogiou et al., 2016 0.102 (Juksu al., 2019) 0.02 (Juksu al., 2019) 0.78 (Tete et al., 2020) 1.37 (Pereiraetal., 2015) 0.33 (Huerta-Fontela et al., 2010)
25.9 (Pereiraetal., 2015) 0.25 (Papageorgiou et al., 2016) 0.026 (Yang et al., 2017) 3.11 (Rivera-Jaimes et al., 2018) 0.4 (Lavén et al., 2009)
49 (Kumar et al., 2019) 9.9 (Assress et al., 2020) 0.34 (Van de Steene et al., 2010)

111 (Gallardo Altamiro et al., 2018)

A h= ] Gy G
ANTI-INFLAMMATORY ESTROGEN ANTIHISTAMINE
Ketoprofen Ibuprofen Diclofenac Naproxen 17B-estradiol Loratadine
0.23 (Petrovic et al., 2006) 3.5 (Pereiraetal., 2015) 1.1 (Gallardo-Altamiro et al., 2018) 1.2 (Rivera-Jaimes et al., 2018 0.1 (Pailler et al., 2009) 0.33 (Huerta-Fontela et al., 2010)

0.28 (Papageorgiou et al., 2016) 20 (Gallardo-Altamiro et al., 2018) 2.4 (Rivera-Jaimes et al., 2018) 7.3 (Gallardo-Altamiro et al., 2018) 0.27 (Bizkarguenaga et al., 2012)

8.1 (Serna-Galvis et al., 2019
1.3 (Gallardo-Altamiro et al., 2018)

RQ,, = 947 RQ. =174 RQ.. = 108855 RQu. = 270 RQu. = 2279 RQu = 270
RQ.,=3 RQ., = 87 &3\ RQuy=77 B\ RQ= 1.5 RQ., = 728 RQuy= 1.5

Ciprofloxacin Erythromycin Roxithromycin Sulfamethoxazole Sulfadiazine Ofloxacin
0.41 (Papageorgiou et al., 2016) 0.13 (Petrovic et al., 2006) 0.12 (Zhang et al., 2019) 0.1 (Papageorgiou et al., 2016) 0.005 (Papageorgiou et al., 2019) 0.21(Yang etal.,, 2017)
0.45 (Gros et al., 2013) 0.79 (Semerjian et al., 2018) 0.44 (Hu et al., 2018) 0.22 (Yang etal., 2017) 0.073 (Lietal., 2009) 0.34 (Liet al., 2009)
0.72 (Liet al., 2009) 6.91 (Yang et al., 2017) 0.99 (Yang etal., 2017 0.45 (Petrovic et al., 2006) 0.23 (Yang etal., 2017) 0.54 (Zhang et al., 2019)
4.37 (Pereiraetal., 2015) 0.71 (Kumar et al., 2019) 0.85 (Semerjian et al., 2018)

1.48 (Rivera-Jaimes etal., 2018)

RQuc =1.5 e R RQu = 16 RQuc =7 RQauc =7.7
Q,c = 1. oo RQ., =35 ;@: RQ., =13 Qs = ek Qac = oo Qac = 7.

The PhACs selected in this study were separated by therapeutic class. Concentration values (ug L) of these PhACs in raw wastewater are shown in ascending order, and the respective acute (RQac) and

chronic (RQch) environmental risks are also shown. Risks were calculated considering the concentration values and ecotoxicological data (see supplementary material) of the PhACs (European Commission,
1996). Risks greater than 1 are considered high (European Commission, 1996).
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For each PhAC not achieving a reduction of acute and chronic risks during treatment, the
maximum concentration that did not promote risk (low or negligible risks (RQ < 0.1)) in treated
wastewater was calculated. The minimum removal efficiency that the technologies should

achieve for risk elimination was also calculated based on the maximum concentration.

In addition to the environmental risk assessment, the carbon footprint is fundamental in
choosing environmentally safer treatment technologies. Therefore, the environmental impact,
focusing on CO. emission, was assessed for the wastewater treatment technologies that
achieved low or negligible acute and chronic environmental risk related to PhACs in treated
effluents. Carbon footprint (kg of CO> emitted per m? of effluent) was based on the
methodology proposed by the International Energy Agency (IEA, 2015), which considers 725¢g
of CO; per kWh for fossil fuel use. However, it is essential to note that this study considered
the worst-case scenario (fossil fuel use). In addition, emissions were measured only for the
operation phase of WWTPs, considering energy requirement values from the literature, which
may differ depending on the applications of these technologies. The IEA (2018) also highlights
that the estimate per kWh should be used with caution due to problems relating to electricity

efficiencies for some locations.

2.3 RESULTS AND DISCUSSION
2.3.1 Biodegradation and environmental risks for selected PhACs
2.3.1.1 Activated sludge

In general, PhACs removal by CAS depends mainly on their biotransformation and sorption
(Sipma et al., 2010). In most CAS, the photo-transformation contribution depends on the
sunlight penetration (Zhang et al., 2008). For a better comparison, the Kgio values for the
selected PhACs are summarized in Figure 2a. Considering only the values obtained for CAS
and discarding the negative values, Kgi, ranged from 0.001 L gMLSS™ d (diclofenac, (Falas
et al., 2012)) to 80 L gMLSS™ d* (paracetamol, (Joss et al., 2006)). If classified in terms of
their biodegradability, the descending order PhACs would be: paracetamol > ibuprofen >
fenofibrate (considered of high biodegradability, Kgic> 10 L gMLSS* d!) > sulfamethoxazole
> bezafibrate > naproxen > erythromycin (partially degraded compounds, 0.1 < Kgio < 10 L
gMLSS™? d1) > 17-BEstradiol > ciprofloxacin > roxithromycin > ketoprofen > and diclofenac
(recalcitrant or not significantly degraded 0.1 > Kgijo). Ofloxacin had a negative Kgio, and data
was not available for sulfadiazine, miconazole, loratadine and fluconazole. The results reinforce

CAS limitation in PhACs removal as only 20% of the compounds were considered as highly
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biodegradable (Figure 2a). In this context, for several PhACs, CAS did not achieve a
satisfactory reduction of environmental risks, due to low-efficiency removal (Table 1).
However, for paracetamol, considered an easily biodegradable PhAC, the technology achieved
high removals and eliminated environmental risks (Figure 2a). The range of Kgio values for

several configurations of activated sludge are summarized in Figure 2b.

Figure 2 - Biological degradation constant (Kgio) for (a) the PhACs selected and grouped by
their therapeutic class, and (b) different biological units.

(a ) -Re-c‘alcitrant or not Partially _ Highly
significantly degraded degraded biodegradable
Paracetamol - T Range within 1.5IQR - n=4
Fenofibrate - _ mggu:n Line —{ F lin=4
Bezafibrate -{ _* Outliers HdH n=7

Il 25%~75% Analgesic .
Oxazepam I:l 25%~75% Lipid regulator n=1 43 Psychiatric

Ketoprofen - I 25%~75% Anti-inflamatory N> | e n=8
[ 125%~75% Estrogen

louprofen < [Nl 25%~75% Antibiotics — I n=16
Diclofenac ——— N - - en=14
Naproxen - — R ¢ n=17
17p-Estradiol - n=3][ EH|
Ciprofloxacin I =3
Erythromycin HIE— in=4
Roxithromycin _ = o n=6
Sulfamethoxazole - _—| n=9
Ofloxacin I -2

1E-6 1E-5 1E-4 0.001 0.01 0.1 1 10 100 1000

Kgio (L/OmLss/d)

(b) Recalcitrant or not . Highly
significantly degraded Partially degraded biodegradable

NAS + CAS carriers - |—|:|j o nN=7
NAS A ) [} * n=13
MBR - | :l:'—| - e en=34
MBBR - il 25%-75% I - e

T Range within 1.5IQR

— Median Line
CAS+PA 7 o Mean ’ 'n:4
e Outliers
CAS + NAS = * n=10
CAS - e eem o0 o o o o =84
0.01 0.1 1 10 100

KRin (L/gr\m QQ/d)

SBR: sequencing batch reactor (a variation of the CAS), CAS: conventional activated sludge, MBBR: moving bed biofilm
reactor, MBR: membrane bioreactor, NAS: enriched nitrifying culture, and PA: prolonged aeration. PhACs or biological
treatment technologies were classified as recalcitrant or not significantly degraded, partially degraded, and highly
biodegradable, according to the KBio value. X-axes are in a log-scale and boxes represents P25% and P75%. Values adopted
from Abegglen et al., 2009; Blair et al., 2015; Falas et al., 2012; Joss et al., 2006; Li and Zhang, 2010; Martinez-Alcala et al.,
2017; Plész et al., 2010; Suarez et al., 2010; Suarez et al., 2008; Tran et al., 2009; Urase and Kikuta, 2005; Wei et al., 2019;
Wick et al., 2009; Yang et al., 2011.
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Associated with other technologies, such as activated carbon (AC) and MBR, activated sludge
achieved removals of 99.9, 97 and 99.9% for paracetamol, fluconazole, and ibuprofen,
respectively (Table 1), and the risks were low or negligible for these PhACs. Ostman et al.
(2019) demonstrated that fluconazole was easily removed using AC, mainly through adsorption
and to a lesser extent by the biofilm formed on the grains. On the other hand, PhACs
paracetamol and ibuprofen were removed mainly due to biodegradation in the MBR, which

promotes long hydraulic and solids retention time (Kim et al., 2014).

It is important to consider that the hydraulic retention time (HRT) seems to have different
impacts over PhACs removal and depends on the time required for half PhAC concentration
removal, or PhACs half-live (t1/2) (Gros et al., 2010). Furthermore, there are cases that PhACs
are actually readily biodegradable, but only hardly adsorb to the sludge flocs as a crucial step
for their microbial uptake (Min et al., 2018). For these cases, increasing the HRT to promote an
improved adsorption is not always possible in full-scale facilities, and alternative treatment
trains should be considered to increase the overall removal efficiency. That phenomenon was
reported by Min et al. (2018) for sulfamethoxazole. Other compounds, such as ciprofloxacin,
was readily adsorbed and removed. Likewise, the solids retention time (SRT) has a
straightforward implication on PhACs removal. Besides the adaptation of specific
microorganisms responsible for PhACs degradation (enrichment of slowly growing bacteria
and more diverse biocoenosis (Zhang et al., 2008)), a longer SRT would permit a higher
interaction between PhACs that tend to accumulate into the sludge flocs, which also contributes
to their removal (Kim et al., 2007).

The biomass concentration and food availability (food to microorganism ratio, F/M) is also an
important parameter. Conditions of shortage in biodegradable organic matter (low F/M ratio)
may force the microorganisms to metabolize poorly degradable compounds (Sipma et al.,
2010), ultimately leading to a higher removal efficiency. The pH, on its turn, affects mainly
ionizable compounds (e.g., antibiotics) and their interaction with the sludge flocs. In that case,
the great contribution of medium pH would be on PhACs removal by adsorption. The influence
of other parameters, like temperature and plant design, must still be better understood. For
instance, higher temperatures and a plant design for enhanced carbon and nitrogen removal also

seems to favor PhACs degradation, too (Verlicchi et al., 2012).
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Table 1 - PhACs removal, operating conditions, and risk assessment for biological processes alone or associated with other technologies.

— ti Iculated R
Biological Oper_a_ 'ng Ca_cu ated RQ Expected Expected
Global conditions in TWW .
PhAC RWW  TwWWwW Refficionc processes Treat_me_znt Reference cor_wentratlon Reffici.ency
(ng/L) (ng/L) (%) ¥ Refficiency description in TWW (no risk)
) MLSS SRT HRT Acute Chronic (no risk) ()
(L) (d) (h)
Papageorgiou 1.1 5.98-
1611 55 96.6 96.6 CAS etal. 2016 - 3.5 103 103 - -
UASB - CAS - A20 Bisognin et al., 8.34- 4.53-
13640 417 9.9 9.9 - disinfection 2019 B B 12 10 1072 B -
Kimet al., 4.98- 3.13.
Paracetamol 11500 10 99.9 99.9 MBR (CAS - MF) 2014 57 6-8 11 104 103 - -
Sonetal. 8.4- 87- 164- 1.03:
2 - 1
37506 33 99.9 99.9 A20 - MBR 2021 7.66 478 175 103 102 - -
Gallardo- 6.14.
110942 1234 98.9 98.9 A0 Altamiranoet 508 13.1 6.8 1'0_2 0.39 319.7 99.7
al., 2018
323 969  97.0 31 CAS-AC Ostmanetal, 55 969 162 . )
Fluconazole Rice etal A
2000 8275  95.9 - OMBR - MD 2021 - - - 10 102 - -
42 25 405 405  UASB - CAS - disinfection S“bez%'g al, 81'3?2' ) ]
Miconazole Van De Steene
338 36 89.3 89.3 CAS etal. 2010 - - - 0.12 30 -
780 710 90 : CAS - AC Teeeal . . . 71 oz 10 98.7
Fenofibrate Ricci et al 411
2000 1028 94.9 - OMBR - MD 2021 - - - 1.03 102 10 99.5
Gallardo- 5 g5. 6.74.
Bezafibrate 104 31 70.2 70.2 IFAS - A20 Altamiranoet 1.81 4 6.6 1'0_3 1'0_2 - -

al., 2021
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Oxazepam

Ketoprofen

Ibuprofen

Diclofenac

Naproxen

17p-estradiol

3105

573

2000

1288

1006

5320

1400

20000

4000

2647

5252

258.8

2600

17

748

31

0.81

737

144

52

630

1638

680

811

191

3.95

260

0.8

75.9

94.6

100.0

42.8

85.7

99.0

55.0

91.8

83.0

69.4

96.4

98.5

90.0

95.3

94.6

42.8

85.7

99.0

55.0

91.8

69.4

96.4

95.3

CAS - UV oxidation

CAS

OMBR-MD

A20

Pre-denitrification - CAS -
disinfection

MBR (CAS - MF)

UASB - CAS - disinfection

A0

03/US - MBR

Pre-denitrification - CAS -
disinfection

IFAS - A20

A20 - MBR

CAS - UV oxidation

CAS

Rivera-Jaimes
et al., 2018

Huerta-Fontela
et al., 2010

Ricci et al.,
2021
Gallardo-
Altamirano et
al., 2018

Palli et al.,
2019

Kim et al.,
2014

Subedi et al.,
2017

Gallardo-
Altamirano et
al., 2018

Prado et al.,
2017

Palli et al.,
2019

Gallardo-
Altamirano et
al., 2021
Son et al.,
2021

Rivera-Jaimes
etal., 2018

Amin et al.,
2018

5.08

5.7

5.08

2.99

1.81

7.66

13.1

8.4 -
47.8

6.8

11

6.8

6.6

8.7 -
175

0.14

3.1
103

2.7
102

24.57

4.8
3.88-
103
4.70-
102

0.12

29.96

35.73

0.42

8.76-
108

0.58

19.42

1.63

0.31

8.71-

10°

7.92-

102

1.55.

102

1.96-

103

2.37-

10

6.16-

102

2.12.

102

2.53:

102

5.97-

102

1.23

103

8.13-

102

6.2

46 98.5
10 98.3

3 99.8

3 99.7
1339 93.3
2.3 99.9
2.3 99.9
45.1 99.1
45.1 99.1
4.1-10-3 100.0
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Loratadine

Ciprofloxacin

Erythromycin

Roxithromycin

Sulfamethoxazale

Sulfadiazine

19

2000

247

12880

445

2150

785

443
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UASB - CAS - A20 - Bisognin et al., 1.36-
281 34 879 87.9 Sisiection 01 : S 12 03 o 11 96.1

Ofloxacin 2 Sonetal., 84- 87- 5.84-
360 1459 595 59.5 AZ0 - MBR 5021 766 49 175 188 o 11 96.9
53 331 382 38.2 Constructed wetland Zhaggle; al, - . 301 11'3_23' 11 97.9

*Green area: low or negligible risk; yellow area: medium risk: red area: high risk. RWW (raw wastewater); TWW (treated wastewater); Refficiency (removal efficiency); MLSS (mixed liquor suspended solids); SRT (solids retention time); HRT (hydraulic

retention time); RQ (risk quotient); CAS (conventional activated sludge) ; AC (activated carbon); UASB (upflow anaerobic sludge blanket); MBR (membrane bioreactor); MF (microfiltration); A20 (anaerobic-anoxic-oxic); OMBR (osmotic membrane bioreactor);
MD (membrane distillation); IFAS (fixed film activated sludge).
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Unlike CAS associated with AC and MBR, UASB-CAS achieved satisfactory removal only for
paracetamol, eliminating both acute and chronic risks. Despite relatively low removals for
ibuprofen and miconazole, the risks were also low. In contrast, the removals of
sulfamethoxazole, sulfadiazine, and ofloxacin were 69.3, 10.5, and 87.9%, respectively, with
medium or high risks. For the risk of these PhACs to be considered low or negligible, removals
should be higher than 97.9, 87.7, and 96.1%, respectively (Table 1). It is essential to consider
that the removal efficiency of PhACs may vary depending on the redox condition. For example,
Avrias et al. (2018) studied a UASB reactor followed by fixed film activated sludge (IFAS) and
showed that PhACs 17p3-estradiol and naproxen were considerably removed in the anaerobic
reactor, while ibuprofen and erythromycin had greater removals under anoxic-aerobic
conditions. In a similar way, 17p-estradiol proved to be biodegradable under nitrate-reducing
conditions (Martins et al., 2018). Liu et al. (2020) also show that the redox condition influenced
the biodegradation of sulfamethoxazole, which was more easily removed under aerobic

conditions (75%), while ofloxacin had greater removals under anaerobic conditions (99.5%).

2.3.1.2 Anaerobic-anoxic-aerobic and cyclic aeration stage

The PhACs paracetamol, ketoprofen, ibuprofen, naproxen, sulfamethoxazole, sulfadiazine, and
ofloxacin, presented medium or high risk after treatment by anaerobic-anoxic-aerobic (A20) or
cyclic aeration stage. The removal efficiency of this technology ranged from 42.8-98.9% alone
and 10.5-99.9% when combined with pre- or post-treatment. This broad variation was mainly
due to the different biodegradability of evaluated PhACs. Paracetamol, for instance, had a
removal of 98.9% (A20) and 99.9% (A20-MBR) (Table 1). In contrast, ketoprofen and
ciprofloxacin had 42.8% (A20) and 53.2% (A20-MBR) removals, respectively. As already
discussed, paracetamol is highly biodegradable, while ciprofloxacin and ketoprofen were
recalcitrant or only partially biodegradable (Figure 2a). It is essential to highlight that the
environmental risk was classified as medium even with the high removal of paracetamol by
A20 (Table 1). On the other hand, with post-treatment by MBR, the effluent risk was low or
negligible. Hence, polishing with more advanced technologies can be needed for enable greater

removal efficiencies, minimizing environmental impacts.

2.3.1.3 Membrane bioreactors

Membrane bioreactors and osmotic membrane bioreactors are biological reactors with different
setup that can achieve a greater performance for PhACs removal. Their corresponding range of
Kgio values is summarized in Figure 2b. Risks were classified as low or negligible for most

cases in which MBR was applied (Table 1). The high efficiency of solids retention by MF/UF
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membranes contributes to a higher biomass concentration, greater biodiversity, and SRT in
MBRs compared with CAS. Thus, the F/M ratio is lower, and the overall consequence is a
higher efficiency in PhACs removal even at lower HRT, including compounds considered
persistent (Sipma et al., 2010). The higher biomass concentration and SRT also favors the
activity of slow growing microorganisms acting in nitrification and denitrification processes,
providing a competitive advantage for organisms capable of degrading recalcitrant compounds
(Zhang et al., 2008). Besides biological degradation, the high SRT also contributes to PhACs
adsorption onto the sludge flocs (Verlicchi et al., 2012) ultimately resulting in an enhanced
PhACs removal by MBRs. It is important to note that the influence of a MF/UF membrane is
not majorly to abiotic removal pathways, such as physical retention through size exclusion.
This is because MF/UF membranes has low efficiency for PhRACs removal as these compounds
have generally a molecular weight lower than the molecular weight cut-off (MWCO) of these

membranes (Taheran et al., 2016).

As an alternative to the conventional MBRs, a setup called osmotic membrane bioreactor with
membrane distillation (OMBR-MD) has been proposed for PhACs removal. In principle,
OMBR-MD can be applied for PhACs removal as a combined result of the forward osmosis
(FO) and membrane distillation (MD) rejection and aerobic or anaerobic biological
degradation. In this context, OMBR-MD had high removal efficiencies and low risks for
selected PhACs, except for fenofibrate, which had high acute risk (Table 1). The removal
achieved for this PhAC was 94.9%, while the minimum for removing risks should be 99.5%.
Despite the satisfactory removal achieved by system, fenofibrate has a high acute toxicity
potential, which increases its environmental risk. According to Ricci et al. (2021), the OMBR-
MD system presented limitations in removing fluconazole and ketoprofen due to the low
anaerobic biodegradability of these PhACs. However, FO and MD membranes had a significant
contribution in increasing removal. For fenofibrate, sorption contributed to removal due to
increased HRT during the operation and the retention of this PhAC in the fouling layer. Finally,
for loratadine removal, MD had a significant contribution due to the lower volatility of this

compound (Ricci et al., 2021).

2.3.1.4 Moving bed biofilm reactors

The range of Kgio values for moving bed biofilm reactors is summarized in Figure 2b. MBBRs
simultaneously benefit from attached and suspended microorganisms by introducing carriers
into the biological medium. For that reason, they generally have a higher PhACs degradation

per unit of biomass compared with CAS and can operate with a higher loading rate (Tang et al.,
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2017). Just like CAS, different operating conditions impacts the efficiency of MBBR in PhACs
removal. Fatehifar et al. (2018) reported that the removal percentage increased at higher
concentrations of ibuprofen and diclofenac. The HRT, which varied from 5 to 10 h, had a minor
impact on diclofenac removal, whereas ibuprofen was greatly affected. The results suggested
that half-life of ibuprofen was higher than that one of diclofenac requiring more time to be
biodegraded. Finally, conditions of shortage in the availability of biodegradable organic matter
(low F/M ratio) also forced the microorganisms to metabolize ibuprofen and diclofenac, which
ultimately were removed to a greater extent. When median Kgio values are compared for
MBBRs (1.50 L g MLSS? d?) and CAS (0.55 L g MLSS? d?), it is possible to note
improvements in terms of biodegradation, especially for the PhACs diclofenac (0.41 vs. 0.037
L g MLSS? d* for MBBR and CAS) and ketoprofen (2.05 vs 0.16 L g MLSS™ d* for MBBR
and CAS). Nevertheless, most compounds remain only partially removed (between 20 and

90%) by these systems.

It is essential to highlight that 17p3-estradiol, even with removals of 99.5% by MBBR (Table 1),
still presented high and medium risks. This is due to the high toxic potential of this estrogen
(Kobayashi et al., 2021). In addition to high toxic potential, 17p-estradiol is hardly
biodegradable (Figure 2a), reflecting a low removal efficiency. In this context, the removal of
17B-estradiol should be prioritized in wastewater treatment. This also reinforces the importance
of evaluating the environmental risk during the treatment of wastewater with PhACs, as an
indicator of the technologies performance and to define the minimum removal that must be

achieved for the elimination or reduction of risks.

2.3.2 Environmental aspects of biological processes designed for PhACs removal

Carbon footprint assessment is fundamental in choosing more environmentally safe treatment
technologies, aimed at removing PhACs. Carbon footprint measures the carbon dioxide (CO2)
emissions during this process. Footprint assessments show an imbalance between the demands
of humankind compared to what the planet can renew (Zouboulis and Peleka, 2019). In this
way, reducing the carbon footprint through adopting "environmentally friendly" practices in the
treatment of wastewater can reduce this imbalance and reduce process costs. Through carbon
footprint assessments, it is possible to understand the environmental limitations and potentials
of bioprocesses, especially with the goal removing certain PhACs. Treatment technologies can
cause impacts to the environment, such as consumption of resources and energy, atmospheric

emissions, and generation of waste, which should also be evaluated (Takeshita et al., 2020).
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Therefore, a holistic analysis of the treatment processes, and not just their removal efficiencies,

IS necessary.

The environmental impact, focusing on CO2 emission, was assessed for the main wastewater
treatment technologies (bioprocesses alone or associated with other technologies) that achieved
low or negligible acute and chronic environmental risk related to PhACs in treated wastewater
(Table 1), since they need to be environmentally viable in addition to removing risks (Takeshita
et al., 2020). Thus, the possible impacts of wastewater treatments by: (a) CAS followed by UF
membrane (MBR); (b) CAS with activated carbon (AC); (c) UASB reactor followed by CAS;
(d) and anaerobic osmotic membrane bioreactor with membrane distillation (OMBR-MD) will
be discussed. Figure 3 shows the life cycle analysis (LCA) flow diagrams with inputs and
outputs for each system evaluated.
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Figure 3 - LCA flow diagrams with inputs and outputs for: (a) activated sludge (AS) with ultrafiltration (UF), (b) AS with activated carbon, (c) upflow
anaerobic sludge blanket (UASB) with AS, and (d) and anaerobic osmotic membrane bioreactor with membrane distillation (OMBR-MD).
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2.3.2.1 Conventional activated sludge

The main environmental impact related to CAS is the consumption of electricity due to the
reactor aeration, with more than 40% of total plant energy demand (Chen et al., 2018). The
energy consumption of CAS ranged from 0.27 — 0.67 kwh m of effluent and CO2 emission of
0.20 — 0.49 kg m (Table 2). From all biological processes available, CAS is by far the most
recurrent process in conventional WWTPs (224 out of 264 plants surveyed by Verlicchi et al.
(2012) was equipped with a CAS unit). Therefore, WWTPs can considerably contribute to CO>
emission, one of the leading greenhouse gases (GHG). It is essential to consider that the
activated sludge alone is not efficient for removing several PhACs, as shown in Table 1. Thus,
the association of CAS with other technologies for PnACs removal can further increase GHG

emissions.

2.3.2.2 CAS followed by UF membrane (MBR)

According to Hao et al. (2018), for activated sludge — MBR, the energy consumption increases
to 0.8 — 2.4 kWh m3, due to the driving force used in the membrane separation process, with
energy representing 79.6% of the total operation costs of the MBR. Due to the high energy
consumption, carbon footprint is highest for the AS-MBR system, ranged from 0.41 — 1.74 kg
of CO, m™ (Table 2). Despite the greater efficiency of PhACs removal, the MBR system

increases GHG emissions.

2.3.2.3 CAS with activated carbon (AC)

AC is generally used in the activated sludge system due high adsorption potential, which
increases the removal efficiencies. Tarpani and Azapagic (2018) showed that AC clearly
influences the carbon footprint with an emission of 252 kg of CO, per 1000 m? of treated
effluent. Awad et al. (2019) estimated a global warming potential of 954 kg of CO. equivalents
per 1000 m3 of treated wastewater for this type of adsorption. Despite requiring low energy for
operation (necessary for mixing, dosing, and recirculating the PAC (Mousel et al., 2017))
(Table 2), the production, regeneration and disposal of AC are very energy intensive. According
to Mousel et al. (2017), the energy requirement to produce 1 kg of AC can reach 57.9 kWh. In
addition, incineration is the only safe way for AC disposal due to adsorbed toxic compounds.
Besides, carbon footprint of activated carbon should be associated with the activated sludge

system, which results in a range of 0.22 - 0.55 kg of CO, m™,
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2.3.2.4 UASB reactor followed by CAS

The energy required for UASB operation is relatively low, it ranges from 0.01 — 0.07 kWh m™
(Table 2). The anaerobic reactor is the technology with the lowest energy requirement, which
is expected for this type of treatment. However, the release of dissolved CH4 and H2S in the
effluent from UASB is a concern as it can increase GHG emissions (Chen et al., 2018). On the
other hand, anaerobic digestion can generate biogas that is a renewable energy carrier. Biogas
generated can be used on-site, partially, or totally supplying the energy demand of the WWTP
(Sembera et al., 2019). Despite the energy benefits, to achieve satisfactory removals of PhACs
(paracetamol and sulfadiazine), the UASB was combined with the activated sludge system
(Table 1). The combination of the two technologies resulted in a CO2 emission in the range of
0.21 - 0.54 kg CO2 m™3,

Table 2 - Energy requirement and calculated CO2 emission per m?3 of the treated wastewater
during operation.
Energy requirement

Calculated CO;

(kWh m) Reference emission (kgco, M)

0.27 Guetal., 2017 0.2

CAS 0.29 - 0.67 Hao et al., 2018 0.21-0.49
0.36 Mannina et al., 2020 0.26

08-24 Hao et al., 2018 0.58-1.74
AS-MBR 0.65 Mannina et al., 2020 0.47
0.57 Gao et al., 2022 0.41

0.05-0.08 Kovalova et al., 2013 0.04 - 0.058
Activated carbon 0.05 Abegglen et al., 2009 0.04

0.03-0.08 Mousel et al., 2016 0.02 — 0.058

0.01 -0.015 Mazhar et al., 2021 0.007 - 0.01
UASB reactor 0.03 Niwa et al., 2016 0.02
0.07 Jietal., 2020 0.05
0.5 Zhao et al., 2014 0.36
OMBR-MD 0.72 Singh et al., 2021 0.52
0.35 Ghaffour et al., 2019 0.25

2.3.2.5 Anaerobic osmotic membrane bioreactor with membrane distillation (OMBR-MD)

For this configuration of a membrane bioreactor, energy is required for the circulation pumps
and the heat draw solution in the MD process (Ricci et al., 2021). For OMBR, the energy
requirement is lower than in conventional MBRs since FO is not pressure driven. Therefore,

FO energy consumption for circulation pumping is about 0.25 kWh m (Zhao et al., 2014). The
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same value (0.25 kwWh m for circulation pumping) can be adopted for MD (Zhao et al., 2014).
MD can have an even higher energy consumption (29 kwWh m for 50°C) due to thermal energy
during operation (Zhao et al., 2014), with 21 kg of CO2 emission per m3. Studies show that the
temperature gradient required for MD can be achieved using waste heat or solar energy (Li et
al., 2018; Abusoglu et al., 2021). For example, Abusoglu et al. (2021) evaluated the district
heating potentials of the WWTPs based on their biogas, electricity, and heat productions. The
authors showed that based on an annual heating load of 0.9144 kW for each house in Gaziantep
province (Turkey), 458 houses can be heated from the waste heat generated by GASKI WWTP,
The WWTP has a daily capacity of 222,000 m?, a capacity of hot water production of 135 tons
h, and a total annual electricity production of 8,760 GWh (Abusoglu et al., 2021). This result
shows the potential for heat generation from anaerobic digestion, which can be applied to the
MD thermal requirements. Without the application of waste heat or solar energy, OMBR-MD

may not be environmentally advantageous due to the need for heating of the MD.

Besides, to create the osmotic pressure gradient as FO driving force, the concentration of the
draw solution is an important variable. Holloway et al. (2016) observed that the greater the DS
concentration in osmotic bioreactors is, the lower the energy consumption and hence,

greenhouse gas emission, is.

The effluent produced by OMBR-MD can achieve high quality, including PhACs removal, with
the potential of nonpotable and potable reuse (Morrow et al., 2018; Ricci et al., 2021). In
addition, OMBRs have shown great potential in nutrient recovery (Li et al., 2018). Despite the
relatively high energy consumption, variables such as generating water for reuse and nutrient

recovery, can significantly reduce the carbon footprint of this system.

2.4 CONCLUSION

The study showed that biodegradation is fundamental in removing PhACs. The most
biodegradable PhACs in descending order were paracetamol > 17f3-estradiol > ibuprofen >
bezafibrate > fenofibrate > ketoprofen > erythromycin > sulfamethoxazole > naproxen >
roxithromycin > ciprofloxacin > diclofenac. Especially for recalcitrant PhACs, advanced
processes are needed for the efficient removal of environmental risks. However, treatment
technologies can have a significant carbon footprint. Of the technologies evaluated, CAS
associated with anaerobic technologies, such as UASB, were satisfactory in the removal of
some PhACs. In addition, they presented a low carbon footprint compared to other technologies,
such as CAS-MBR. OMBR-MD proved efficient in removing the risks of PhACs and the
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quality of the water produced besides having one of the smallest carbon footprints when it is
possible to use waste heat or solar energy for the MD process. However, it is important that this

technology is tested on a large scale for a better assessment of its applicability.



CHAPTER 3

TOXIC EFFECTS OF MIXTURED PHARMACEUTICALLY
ACTIVE COMPOUNDS
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3.1 INTRODUCTION

Pharmaceutically active compounds (PhACs) are chemical substances that provide essential
elements in the prevention and treatment of diseases, infections, or discomforts and, therefore,
are essential to promote health and quality of life to the population; however, the excessive use
of PhACs has been a cause of concern in several countries (dos Santos et al., 2021). Due to
incomplete removal at wastewater treatment plants (WWTPs), PhACs have been detected in
several aquatic matrices, such as treated wastewater, surface water, and even drinking water
(Reis et al., 2019; dos Santos et al., 2021).

Simultaneously, studies show that PhACs can cause adverse effects on the aquatic ecosystem,
even at low concentrations (dos Santos et al., 2021). Despite the importance of physical and
chemical analyses, they do not portray the impact caused by pollutants on the ecosystem. Thus,
the application of ecotoxicological tests is fundamental to evaluating these effects. An acute
toxicity test, in general, is a laboratory analysis that uses living organisms to quantify or qualify
a sample's toxic effect after a short exposure time, promoting quicker responses (Connon et al.,
2012). These tests can be evaluated under different endpoints, such as mortality, immobility,
and changes in biological functions, such as luminescence (Connon et al., 2012). The results
for acute toxicity are usually expressed as effect concentration (ECso) or lethal concentration
(LCso). Besides, the most common species for toxicity tests are bacteria, algae, crustaceans, and
fish. The choice of the organism should be based mainly on its representativeness, availability,
sensitivity, easiness in the standardization of the tests, and easiness in the cultivation (Connon
etal., 2012).

Among the test organisms, the bacteria A. fischeri has been appropriate for ecotoxicological
studies with several PhACs. For example, Biatk-Bielinska et al. (2022) evaluated the mixture
of diclofenac (DIC), ibuprofen (IBU), naproxen (NAP), and sulfamethoxazole (SMZ). The
authors show that for the mixture of DIC, IBU, and NAP, A. fischeri (30 min of exposure) was
more sensitive than Daphnia magna (48 h). The same occurred with the DIC, IBU, NAP, and
SMZ mixture. Drzymata and Kalka (2020a) also observed that the organism most sensitive to
DIC was A. fischeri. In contrast, for SMZ, it was Lemna minor. Similarly, Tongur and Yildiz
(2021) observed a greater sensitivity of A. fischeri (15 min) than D. magna (48 h) to
Flurbiprofen. In contrast, in the same study, D. magna was more sensitive to Naproxen,
Propranolol, and Carbamazepine. Thus, due to advantages such as short test duration and low
volume requirement of samples and consumables, A. fischeri may be an excellent choice to

evaluate the toxicity of several PhACs.
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Despite the importance of these tests and considering the variety of PhACs already detected in
the aquatic environment, ecotoxicological studies are still precarious or non-existent for many
of these compounds. Furthermore, studies evaluating the effect of mixing PhACs are scarce. It
is known that many water bodies continuously receive the discharge of raw or treated
wastewater with several pollutants. Thus, PhACs are subject to interactions and modifications,
capable of potentiating or reducing their toxic effects (Jacob et al., 2021). In this sense, it is
essential to analyze the toxic potential of mixtures and not only individual contaminants, to

represent more faithfully what occurs in natural ecosystems.

Thus, it is possible to measure the synergistic or antagonistic effects of the PhnAC mixture by
comparing the experimental results with toxicity prediction models. Synergism occurs when
the experimental results of a mixture of chemical compounds are greater than the effects
predicted by a model, while antagonism occurs when the combined, experimentally measured
effects of compounds are smaller than those predicted by the models (Biatk-Bielinska et al.,
2011). The most used models are Concentration Addition (CA) and Independent Action (1A).
These models provide an initial mathematical basis for predicting the effect of mixtures;
however, it is crucial to highlight that interactions between the compounds can occur, leading

to deviation from one or both models (Cedergreen, 2007).

The CA model assumes that each chemical compound in a mixture contributes, proportionally
to its dose, to the toxicity of the mixture, expressed as the percentage of that dose of the
compound alone that would be required to produce the given effect of the mixture. In addition,
the concept of CA assumes that the components of a mixture share a common mechanism of
action; that is, each component has the same specific interaction with the test organism. In this
way, the substances could cause a typical toxicological response, for example, death or
inhibition of reproduction (Cleuvers, 2003). In contrast, the IA model considers different
actions between the components of a mixture, i.e., that toxic compounds interact with different
molecular targets, resulting in a typical toxicological response, but through distinct reaction
chains (Faust et al., 2003).

Therefore, experimental tests are fundamental to evaluate the real effects of mixtures and
identify the accuracy of existing models. For example, Jacob et al. (2021) studied the mixture
of the PhACs metformin, simvastatin omeprazole, and diazepam concerning ECjo for A.
fischeri. Synergistic effects were found for the following mixtures for both CA and 1A models:
simvastatin-diazepam;  simvastatin-omeprazole;  diazepam-omeprazole;  simvastatin-

omeprazole-diazepam; metformin-omeprazole-diazepam; metformin-simvastatin-diazepam;
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and simvastatin-omeprazole-diazepam-metformin. In addition, Godoy et al. (2019) observed
that the effects of the binary mixtures’ metformin-bisoprolol and metformin-ranitidine
for Daphnia similis were greater than predicted by the IA model. The results by Jacob et al.
(2021) and Godoy et al. (2019) showed that, for these cases, the models underestimated the
effects of the mixtures.

Furthermore, from the toxicity results for the isolated PhACs, it is possible to calculate the
environmental risks. Environmental risks are determined using risk quotients (RQ) to assess if
a pollutant poses a hazard to aquatic organisms in environmental concentrations, classifying
them as high, medium, low, or negligible risk (European Comission, 1996). Therefore, the risk
assessment of PhACs allows identifying the most dangerous compounds whose removal from
the aquatic environment should be prioritized. Due to the lack of monitoring of the release of
PhACs in aquatic environments and the lack of environmental legislation related to these

compounds, risk assessment is an important direction to select priority emerging compounds.

In this context, the present study evaluated the toxicity to the bacteria A. fischeri for seven
PhACs still little explored in the literature, namely, ketoprofen (KET), fenofibrate (FEN),
fluconazole (FLU), loratadine (LOR), prednisone (PRE), 17a-ethynylestradiol (EE2) and
betamethasone (BET). All selected PhACs have been previously detected in seawater, an area
where A. fischeri is commonly found (Huynh et al., 2023; Korkmaz et al., 2022; Afsa et al.,
2020; Juksu et al., 2019; Peng et al., 2019; Gong et al., 2019; Nodler et al., 2014).

Notably, no studies in the literature investigate the mixture between these PhACs and,
consequently, the synergistic and antagonistic effects. Thus, the results contributed to a better
understanding of the interaction between these compounds. In addition, an environmental risk
assessment was carried out for these PhACs by trophic level category, highlighting the RQ

values for each location in which the studied PhACs were detected.

3.2 MATERIALS AND METHODS
3.2.1 Characteristics of the evaluated PhACs

The PhACs selected for the ecotoxicological studies were ketoprofen (KET), fenofibrate (FEN),
fluconazole (FLU), loratadine (LOR), prednisone (PRE), 17a-ethynylestradiol (EE2) and
betamethasone (BET). The choice of PhACs was based on the following criteria: the compound
has already been detected in surface water, raw wastewater, treated wastewater, or drinking

water (dos Santos, et al., 2021); scarcity of ecotoxicological data in the literature regarding the
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compound; and high world consumption. The main properties of these PhACs are shown in
Table 1.

Stock solutions of all PhACs were prepared immediately prior to toxicity analyses. Due to the
different solubilities in water, the stock solutions were first prepared in methanol and then
diluted in the test medium (NaCl 2%) so that the methanol content was not higher than 1%
(Bialk-Bielinska et al., 2011). According to the solubility of each PhAC, their 100%
concentrations were: 20 mg L™, 10 mg L%, 50 mg L%, 10 mg L%, 100 mg L%, 20 mg L e 100
mg Lt for EE2, BET, KET, FEN, FLU, LOR and PRE. When necessary, the mixture was placed
in an ultrasonic bath. The stock solutions were stored in a dark place at 4 °C to avoid
photodegradation. In addition, controls with the maximum concentrations of solvent used were

investigated in each toxicity test to verify if the addition of methanol caused toxic effects.

3.2.2 Effect of isolated PhACs

Ecotoxicological tests were carried out with the bacteria Aliivibrio fischeri, according to NBR
15411-3 (ABNT, 2006) and with the protocol established by the MICROTOX Omni Software,
version 4.1 of the MICROTOX®® equipment. The advantages of using the A. fischeri as an
indicator organism are the short test duration and low volume requirement of samples and
consumables. Besides, the bacteria's sensitivity can be compared to fish and the
microcrustacean (Pivato and Gaspari, 2006). In addition, the bacteria were chosen as a test
organism due to the scarcity of studies related to this organism, which makes it challenging to
measure environmental risks in a more representative and safe method. The toxic effect is
determined with a software comparison between the sample dilutions and the diluent solution
(control, composed of 2 NaCl 2%) concerning light emitted. The less light emitted, the greater
the toxicity of the sample. Therefore, the relative toxicity of the sample is expressed as the

percentage of inhibition compared to the control.

The pH of the samples was verified and, when necessary, adjusted to the range of 6.0-8.5 with
HCI or NaOH. The desired concentrations were achieved with sample dilution in the diluent
solution. In addition, the salinity of the samples was verified with a High-Resolution
Refractometer for Salinity Instrutherm RTS-101ATC. In the samples whose salinity was below
the necessary for the osmotic balance of the bacteria (22%), an osmotic adjustment solution
was added, composed of NaCl 22%. Also, to standardize and ensure the veracity and uniformity
of the analyses, a sensitivity test was performed with the bacteria, according to NBR 15411-3
(ABNT, 2006), using as reference substance the zinc sulfate heptahydrate (ZnS04.7H20).
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The isolated effect of the PhACs was analyzed for several concentrations (81.9%, 40.95%,
20.48%, 10.24%, 5.12%, 2.56%, 1.28%, 0.64%, and 0.32% v/v), which allowed a dose-
response curve for the organism. The results of the tests were expressed in ECsg, that is, the
average effective concentration of the toxic agent that caused adverse effects in 50% of the
organisms observed, for an exposure time of 30 min. To facilitate the discussion, the ECso
values were converted to toxic unit (UT) values according to the equation: UT = 100 / ECso.
The results were classified as proposed by Persoone et al. (2003): class | (TU < 1) - slightly
toxic; class II (1 < TU < 10) - toxic; class III (10 < TU <100) - very toxic; class IV (TU > 100)
- highly toxic.



Table 1 - Properties of selected PhACs
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LOR

PRE

EE2

BET

C22H23CIN202

C21H2605

C20H2402

C22H29FO5

Antihistamine

Anti-inflammatory

Synthetic hormone

Anti-inflammatory

382.89

358.43

296.41

392.47

4.55

1.66

3.9

1.68

4.33

12.58

10.33

12.42

Neutral

Neutral

Neutral

Neutral

12.49

9.54

11.09

7.14
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3.2.3 Effects of PhACs on the mixture

The composition of each mixture was established based on the results obtained for the
ECso of isolated compounds. Only PhACs with determined ECspo values were investigated
for mixture since ECsp greater than 100% is not harmful to aquatic organisms (European
Commission 1996). Thus, the interaction between toxic PhACs was evaluated from

binary and tertiary mixtures.

The mixture's toxic effect was evaluated according to adaptations of the method presented
in NBR 15411-3 (ABNT, 2006). Unlike the test with isolated PhACs, in which several
PhACs were tested to determine ECsg, the effect of a given concentration of PhACs was
tested for mixtures. The concentrations of each PhAC in the mixtures were determined
following the methodology proposed by Markovic et al. (2021): 0.5-ECso; 1-ECsg;
2-ECso. Thus, the effect could be calculated according to Equations 1, 2, and 3 below.

Equation 1 allows for establishing a correction in the measured light intensities due to the

decrease in luminescence that may occur due to external factors during the test.
_ ke
fee = 1)
0

where fk: is the correction factor, Ik is the luminescence intensity of the control after the
exposure periods (30 min) and lo is the bacteria luminescence intensity of the control
immediately before the addition of the diluent, in relative unit of luminescence.

Thus, the correction factor was applied to the luminescence values of the bacteria
suspension, according to Equation 2.

Iee = To X fie 2

where fi: is the mean fi: of the controls, lo is the mean bacteria luminescence intensity of
the control immediately before the addition of the diluent, in relative unit of

luminescence, and It represents the corrected lo value.

Finally, it was possible to calculate the effect of the sample under the bacteria

luminescence from Equation 3.

E, = = x 100 3)

ct
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where E: is the inhibitory effect of the suspension-test after the exposure periods,
expressed as a percentage (%), lct represents the corrected lo value and Ikt means the
luminescence intensity of the bacteria in the sample evaluated after the exposure periods,

in relative unit of luminescence.

For comparing the experimental effects and the toxicity prediction models, the
Concentration Addition (CA) and Independent Action (1A) were used. The CA model
was applied according to Equation 4.

Ci

Z CEs5o; =1 (4)

where ¢; is the concentration of component i in the mixture and ECsoi is the ECso value of

component i as a single compound.

The Al model was represented according to Equation 5.
E(cmix) =E(c1+ ..+t c))=1~- H?:l[l - E(ci)] (5)

where c; is the concentration of component i; E(i) is the effect of component i if applied
only at the concentration used in the mixture; E(mix) is the effect of the total mixture on
the concentration equal to the sum of ci.

Then, the residual effect ratio (ERR) method proposed by Wang et al. (2010) was used to
compare the deviations of the experimental effects in the mixture in relation to the models.
This method was defined as a proportion of the difference between the effect (E) predicted
by a reference model and the observed one. Equation 6 represents the ERR method.

ERR = Zzre=5obs y100 (6)

obs

where Eprg and Eobs are, respectively, the effect predicted by the 1A or CA models and the

observed effect at a certain concentration level.

Finally, synergistic, antagonistic, or additive phenomena were identified by comparing
the experimental results of the ecotoxicological tests and the responses predicted by the
CA and IA models. Wang et al. (2010) guide the application of a 95% confidence interval
about experimental results. Thus, the mixture can be characterized as antagonistic when
the value predicted by the models is above the maximum safety interval of the

experimental result, synergistic when the prediction of the models is below the minimum



64

safety interval about the experimental result, and additive when the predictions of the

models are among the safety intervals applied to the observed results.

3.2.4 Environmental risk assessment

The acute environmental risk was estimated for toxic PhACs using the risk quotient (RQ),
measured by the ratio between the measured concentration (MEC) in the aquatic
environment, and predicted no-effect concentrations (PNEC), obtained by the ratio
between toxicity value for each PhAC and a correction factor (equal to 1000 for acute
toxicity) (European Commission, 1996). For environmental risk, the classification of the
European Commission (1996) was used: RQ> 1 (high risk); 0.1 < QR < 1 (medium risk);
0.01<QR <0.1 (lowrisk); and RQ <0.01 (negligible risk). This study used the maximum
concentration of each PhAC found in surface water to assess the most critical risk
scenario. Concentrations of PhACs in surface water were obtained by literature search,
using Scopus as the main database, with the following keywords: “name of PhAC +

occurrence + surface water”; “name of PhAC + concentration + surface water”; and

“name of PhAC + detection + surface water”.

Besides, the toxicity values for A. fischeri found in the present study and toxicity data
obtained in the literature for other aquatic organisms were considered for comparison
purposes. The risk of the mixture for each aquatic organism was calculated from the
hazard index (HI), which represents the sum of the risks found for PhACs (US EPA,
2000).

3.3 RESULTS AND DISCUSSION
3.3.1 Toxicity of single PhACs

The acute toxicity of the PhACs evaluated for A. fischeriis presented in Table 2.
Methanol concentrations for the solubilization of PhACs did not exceed the safety value
(1% (v/v)) established by Biatk-Bielifiska et al. (2011). Thus, even with the addition of
the solvent, it was impossible to determine the effect concentration of the EE2 and BET
due to their low solubility in water. However, it was possible to assess that the ECsp is
greater than 20 mg L for EE2 and 10 mg L™ for BET. Therefore, the TU could be
classified as toxic or no toxic. In other studies, it was possible to find the ECso of EE2 for
crustaceans (Clubbs and Brooks, 2007) and fish (Pfizer Pharmaceuticals Group, 2011),
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with TU values classified as very toxic; and BET for crustaceans, algae, and fish species
(Sanderson et al., 2003), with TU classified as toxic (Figure 2).

For FLU, hormesis was observed, representing a positive response of the organism to the
medium (Chapman, 2002). The bacteria exposure to the FLU increased the luminescence
emission, and this phenomenon may be related as a manifestation of the adaptive nature
of organisms to overcome a specific imbalance (Calabresi, 2010). Due to its common
occurrence in toxicity tests, causes of hormesis have been explored. For example, Gao et
al. (2021) showed that different culture media for A. fischeri can regulate the metabolism
of bacteria in different ways and, consequently, the growth of bacterial density and
luminescence. Therefore, the authors observed that the culture media could influence
stimulus or inhibitory actions to trigger hormesis. Drzymata and Kalka (2020) also
showed that replacing the diluent medium (NaCl 2%) used in the standard test with
synthetic seawater (MgClz, Na;SOs4, CaClz, KCI, NaHCOs3, and H3BOg), altered the
response of organisms to wastewater containing diclofenac and sulfamethoxazole,
increasing bacterial sensitivity, and eliminating hormetic effects. These results show that,
despite the hormesis results in the present study, FLU can present toxicity to the bacteria
under other conditions. Furthermore, FLU was classified as toxic to crustacean and algae

species (Kim et al., 2009), as shown in Figure 2.

Table 2 - Acute toxicity of the evaluated PhACs for A. fischeri

PhAC ECso (mg L™) TU Classification
EE2 >20! <5 -

BET >10! <10 -

KET 36.8 2.71 Toxic
FEN 0.32 310.23 Highly toxic
FLU Hormesis? - -

LOR 6.15 16.26 Very toxico
PRE >100° <1 No toxic

IAbove the maximum solubilization value.
2Positive response of the organism to the medium.
3No adverse effect even at the highest sample concentration (100%).

Regarding PRE, the TU value was classified as no toxic for the bacteria (Table 1), even
at test concentrations considerably above environmental concentrations. On the other
hand, PRE was considered toxic to algae species (Pfizer Pharmaceuticals Group, 2011)

(Figure 1). The higher sensitivity to algae may also be related to the longer test time (72
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h), while the exposure time for the bacteria was 30 min. Mo et al. (2023) observed that
for some antibiotics, the toxicity to A. fischeri increased considerably over time; that is,
the toxicity was dependent on the exposure time. Thus, future studies with more extended
periods of exposure of A. fischeri to PRE can be conducted. However, it is essential to
emphasize that PhACs act differently in each organism, and the methodologies of acute
and chronic testing are different. Besidess, the greater sensitivity of algae may be
associated with the mechanisms of action of PRE.

KET was considered toxic to the bacteria, with a TU value of 2.71 (Table 2). As with
PRE, higher toxicity values were found for algae (Mennillo et al., 2018; Wang et al.
2020), with TU classified as highly toxic (Figure 1). In contrast, the bacteria were more
sensitive to KET than fish, which had slight TU. Wang et al. (2020) studied the toxicity
of non-steroidal anti-inflammatories, including KET, to the algae Scenedesmus obliquus.
The authors noted that these PhACs adversely affected the algae's cellular ultrastructure,
causing damage such as cell growth inhibition, chloroplast deformation, disintegration,
and decreased photosynthetic and respiratory rates. KET was especially toxic, and
according to the authors, this is due to its higher liposolubility, which makes it more easily
cross the cell membranes of algae. In addition, algae-based systems are increasingly
studied to remove PhACs in aquatic environments due to their ability to adsorb these
pollutants (Maojiri et al., 2022). In this way, the intrinsic characteristics of KET, together
with the metabolic specificities of algae, provide high toxicity. Regarding bacteria, no
studies reported the mechanisms of KET toxicity; however, the higher liposolubility and
bioavailability of this PhAC may have contributed to its interaction and increased toxicity

to A. fischeri.



67

Figure 1 - Acute toxicity of the evaluated PhACs for A. fischeri compared to other

aquatic organisms.
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Regarding LOR, TU was classified as very toxic to the bacteria, with a value of 16.26
(Table 2), showing the dangers of this PhAC, which was also very toxic for algae species
(lesce et al., 2019) and highly toxic for crustaceans and fish (Sanderson et al., 2004; lesce
etal., 2019), as shown in Figure 1. According to Coors et al. (2018), one of the side effects
of antihistamines is linked to the action of acetylcholine, a neurotransmitter that transmits
signals to nerve cells. These PhACs can trigger a blockage in the muscarinic acetylcholine
receptor (MAChRs). The mAChRs present in humans are also present in daphnids and
fish. Thus, the greatest toxicity to crustaceans and fish may be related to the muscarinic
receptor. However, the binding and subsequent inactivation of mAChRs are highly
complex processes involving several physiological functions and pathways. Therefore, it
cannot be excluded that other mechanisms also contribute to the high toxicity of LOR
(Coors et al., 2018).

FEN was the most toxic compound for A. fischeri, with a TU of 310.23, and classified as
highly toxic (Table 2). This compound was also very toxic for algae (Sanderson et al.,
2004) and highly toxic or toxic for crustaceans (Isidori et al., 2009) (Figure 1). In this
case, the bacteria was the most sensitive organism to FEN. Sigurnjak Bures et al. (2021)
developed robust models to predict the toxicity of binary mixtures between PhACs and
showed variables that play a crucial role in toxicity to A. fischeri. According to the
authors, the frequency of oxygen and chlorine atoms at a determinate distance in the
molecular structure of the compounds evaluated significantly influenced the toxicity to
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the bacteria. Dong et al. (2019) also observed greater toxicity to PhAC triclosan due to
the presence of Cl and O in its molecular structure. Thus, the higher toxicity to FEN and
LOR can be explained by the molecular structure of these compounds, shown in Table 1.

In this context, toxic compounds' mechanism, or mode of action (MOAS) is essential for
predicting target molecular pathways. For A. fischeri, at short-term exposures, the
primary influence of toxicity can occur through interactions with cellular proteins, and
luciferase, a vital enzyme that catalyzes the fluorescent reaction in bacteria, is considered
the main target of many toxicants (Wang et al., 2017). As shown in Figure 2, for
luminescence emission to occur, the Flavin Mononucleotide (FMN) reduces to FMNH>
upon the reaction catalyzed by Nicotinamide Adenine Dinucleotide (NADH):FMN
oxidoreductase enzyme in the presence of a reduced NADH and a H*. Bacterial luciferase
then catalyzes the oxidation of reduced FMNH_ to produce oxidized FMN in the presence
of long-chain aldehyde (RCHO) and O with light emission. This reaction is very
particular, and if affected by harmful environmental factors, it manifests as a reduction in
luminescence, and the toxic substance probably penetrates the cell structure (Erzinger et
al., 2018).

Figure 2 - Scheme of bioluminescence in A. fischeri.
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In addition, there may be a correlation between acute toxicity to A. fischeri and the
logarithm of the n-octanol/water partition coefficient (log Kow) for several compounds,
with hydrophobic compounds (log Kow>0) generally being more toxic because they
interact more easily with the cell membrane. All PhACs evaluated in the present study
are hydrophobic (Table 1); however, PRE, the compound that has the lowest log Kow
(1.66) among the PhACs whose toxicity could be measured, was classified as no toxic to

A. fischeri. As shown in Figure 3, the greater the log Kow, the greater the tendency for
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PhAC to be very toxic or highly toxic. However, no strong positive correlation (by
Pearson correlation) was found between TU and log Kow values. This is justifiable since
there are several mechanisms of action and interaction between living beings and toxic
compounds, especially in organisms with more complex metabolisms. Thus, more studies

on the mechanism of molecular interaction are needed.

Figure 3 - Relationship between the toxic unit (TU) and the log Kow of the evaluated
PhACs. Asterisks represent algae, squares represent bacteria, triangles represent fish

and circles represent crustaceans.
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3.3.2 Synergistic and antagonistic effects of PhACs in the mixture

As shown in Table 3, all mixtures evaluated for the bacteria were toxic, even considering
the proportion of 0.5-ECso of the PhACs in the mixture. This result shows that PhACs can
be toxic when mixed at concentrations lower than their ECso. In addition, tertiary mixtures
were more toxic than binary mixtures in all proportions studied. Therefore, even low, the
environmental concentrations of these PhACs can pose a danger to aquatic organisms

when interacting with numerous other compounds, as occurs in aquatic compartments.

Godoy et al. (2019) observed similar results for the PhACs metformin-bisoprolol and
metformin-ranitidine mixtures. Even at no-effect concentrations when evaluated
individually, these PhACs produced toxic effects on Daphnia similisin the binary
mixtures. Similarly, Thrupp et al. (2018) evaluated five synthetic hormones' individual

and mixture toxicity to the fish Pimephales promelas. The results showed that for all
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individual PhACs, the lowest concentrations tested showed no significant difference from
the control and were declared as no observed effect concentration (NOEC). However, this
concentration in the mixture produced a very significant effect, with egg production
inhibited by more than 50%. The authors termed this phenomenon "something out of
nowhere,” in which effects not existing for isolated PhACs can produce considerable

effects when mixed.

Table 3 — Comparison between the experimental results of mixtures toxicity for A.
fischeri and the models CA and IA.
Experimental

Concentration Mixture ID Iuminesgence C?Q{;?\?Qlce CA IA
for each PhAC reduction %) (%) (%)
(%)
KET+FEN ML 28.57 27.14-30.00 | 50 29.13
0.5 - ECso FEN+LOR M2 51.43 48.86-5400 50 | 46.16
KET+LOR M3 54.00 51.30-56.70 50 42.02
KET +FEN M4 39.61 37.63-4160 100 75.00
1 - ECso FEN+LOR M5 50.84 48.29-53.38 100 75.00
KET+LOR M6 81.11 77.05-86.16 100 75.00
KET+FEN M7 81.46 77.39-8554 200 94.14
2 - ECso FEN+LOR M8 77.27 7341-81.14 200 94.73
KET+LOR M9 98.05 93.15-102.95 200 91.81
05-ECo T UENT M0 5826 S5350LIT 25 506
1+ ECso RN VT 82.00 7790-86.10 455 g7.50
2 - ECso KETL+OEEN ToM12 98.24 92.38710210 “359 9g.71

Green area: antagonistic effects; pink area: synergistic effects; white area: additive effects.

Regarding the effect of the mixtures, those characterized as antagonistic prevailed,
especially concerning CA. This is evident for the mixtures between KET and FEN (M1,
M4, and M7), in which the experimental results were lower than those predicted by CA
and 1A for all proportions tested, except for M1 for 1A, which had an additive effect.
However, for the mixtures between KET and LOR (M3, M6, and M9), the effects were
synergistic for CA and or 1A showing that the models underestimated the toxicity of this
mixture (Table 3). In fact, The KET + LOR mixture has always been the most toxic
among binary mixtures. This result shows a contradiction between the toxicity of the
isolated PhACs and the mixtures since FEN, the most toxic PhAC alone, did not
contribute to higher toxicity in their mixtures. In contrast, binary mixtures containing
FEN were the least toxic. In a similar result, Markovic et al. (2021) showed that binary
mixtures with diclofenac-17a-ethinylestradiol and diclofenac-fluoxetine, presented for
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the duckweed Lemna minor growth inhibition lower compared to the individual values of

17a-ethinylestradiol and fluoxetine.

Synergistic effects occurred to a greater extent for 0.5-ECso (Table 2). This indicates that,
in this case, the models underestimated the toxicity of the mixture mainly when the PhAC
concentrations were lower (compared to 1-ECso and 2-ECsg). For example, the 1A model
had a deviation of 28.5% in the tertiary mixture for concentrations of 0.5-ECsg (Figure 4);
however, this model generally approximated the experimental results better. In contrast,
the CA model had high deviations, mainly in the tertiary mixture for concentrations
2-ECsp, deviating up to 208.5% from the experimental results (Figure 4). According to
the statistical tests, there was no significant difference between the experimental results

and the 1A model, while for the CA model, there was a significant difference (p < 0.05).

Godoy et al. (2019), evaluating the toxicity of metformin, bisoprolol, ranitidine, and
sotalol, also noted that the CA model overestimates the observed toxicity of the mixture,
while the 1A may underestimate these values. For the PhACs evaluated, the CA model
was closer to the experimental results. In contrast, Uki¢ et al. (2019) evaluated the effect
of mixtures between several PhACs and observed that for diclofenac-azithromycin,
diclofenac-erythromycin, oxytetracycline-azithromycin and oxytetracycline-
erythromycin the 1A model better represents the experimental results with A. fischeri. It
is worth mentioning that CA and Al do not consider the complexity of the target
biological system and the characteristics of the compounds evaluated, which may limit

the application of these models.


https://www.sciencedirect.com/topics/earth-and-planetary-sciences/oxytetracycline
https://www.sciencedirect.com/topics/earth-and-planetary-sciences/oxytetracycline
https://www.sciencedirect.com/topics/earth-and-planetary-sciences/oxytetracycline

72

Figure 4 — Errors of the addition concentration (AC) and independent action (1A)
models about experimental results.
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3.3.3 Environmental risk assessment

Environmental risks were measured for all selected PhACs and the mixture between them
by category of aquatic organism. The concentrations of PhACs in surface water used in
risk assessment are shown in Table S1. Environmental risks were assessed for each
trophic level, aiming identify the species most susceptible to adverse effects. As observed
in Figure 6, the PhACs FEN, FLU, and PRE presented low or negligible risks. The risks
of FLU and PRE agree with the toxicity results for A. fischeri since PRE did not present
toxicity to the bacteria, and hormesis was observed for FLU (Table 2). In addition,
crustaceans, algae, and fish species have confirmed that, at the environmental

concentrations found and acting alone, these compounds do not pose a potential danger.

In contrast, FEN showed the highest toxicity among the PhACs evaluated for A.
fischeri (Table 2), and its risks were low for the bacteria and species of crustaceans and
algae. This divergence of results occurs due to the low concentrations of FEN detected in
surface waters, in the range of ng L™, while the toxicity measured for aquatic organisms
is in the range of mg L* (dos Santos et al., 2021). Thus, it is crucial to associate toxicity
tests with risk assessment so that environmental concentrations are considered. It is
important to highlight that few studies report the concentration of this compound in
surface waters, and the maximum concentration found in the literature was 16.21 ng L,
in the district of Evora, Portugal (Palma et al., 2020). Therefore, it is essential to develop
studies evaluating the concentrations of this PhAC, especially in underdeveloped

countries, where the treatment of wastewater containing toxic compounds may be
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inefficient and even non-existent, which adds to the scarcity of monitoring the quality of

water and wastewater, may be an aggravating factor of environmental risks.

Besides, some FEN-containing mixtures had synergistic effects (Table 3), showing that
the toxic potential of this PhAC can be increased by mixing with other compounds.
Consequently, its risks may be more significant. Measuring the risk of mixtures is
challenging since there is still an unpredictability of how PhACs can interact in more
complex mixtures, such as in natural environments. However, in the present study, an
estimate was made from the hazard index (HI). As observed in Figure 5, the risk of the
selected PhACs mixture was high for crustaceans, algae, and fish and medium for

bacteria.

Figure 5 — Acute environmental risks for selected PhACs by category of aquatic
organism.
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Concerning BET and EE2, it was not possible to measure the toxicity to the bacteria;
therefore, the risk to this organism is still unknown. BET presented a medium risk for
crustaceans, algae, and fish, and would pose a high risk at concentrations above 41 ug L
1 avalue ten times higher than the maximum found in surface waters detected in Brazil
(Reis et al., 2019). This value can reference the maximum allowable concentrations so
that this PhAC do not promote environmental risks. The importance of monitoring the
concentration of compounds with toxic potential in waters and wastewater is highlighted

to ensure the protection of the aquatic ecosystem.
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EE2 had a high risk for crustaceans and fish (Figure 5). There is a growing concern about
this compound, as EE2 act as an endocrine disruptor. Baekelandt et al. (2023) shows that
EE2, in environmentally concentrations, can result in concentration-dependent impacts
on fecundity and biomarkers for estrogenic activity, such as induction of vitellogenin, and
changes in ovarian gene expression for Danio rerio. Likewise, Qin et al. (2023) show that
Exposure to EE2 at environmentally concentrations could induce embryo developmental
toxicity for Oryzias melastigma, such as delayed embryonic developmental processes,
reduced embryonic heart rate, delayed hatching time, decreased the hatching rate, and

impaired larval behavior.

The PhACs of greatest environmental concern were KET, with a high risk for algae, and
LOR, with a high risk for crustaceans and fish (Figure 5). This shows that a PhAC may
not present risks to a particular organism, but this does not eliminate the possibility of
other compounds causing adverse effects. For the risk of KET to be negligible (RQ <0.01)
for algae, the environmental concentrations of this compound must be below 0.3 ng L™,
which represents a value considerably below the maximum value found in surface waters
(298 ng LY) (Reis et al., 2019). Similarly, LOR concentrations must be below 0.3 ng L™
for crustaceans and 0.2 ng L™ for fish for the risk to be negligible. The maximum LOR

value detected in surface waters in the studies evaluated was 486 ng L™ (Reis et al., 2019).

These results are worrisome since even KET and LOR present toxicity to A. fischeri and
other organisms only in concentrations above the environmental ranges (Figure 1); in
contrast, the dangers are evident when these compounds are evaluated about the risk
quotient. To achieve the necessary concentrations of KET and LOR to reduce risks to
negligible, the removal of PhACs by treatment technologies must be high due to the high
concentrations of these compounds in raw wastewater. For KET, for example, a value of
28.4 ng L has already been detected in wastewater in South Africa (Zunngu et al., 2017),
while LOR has already been detected in the range of 8.1 pug L™ in wastewater in Colombia
(Serna-Galvis et al., 2019), which represents a high environmental risk. These values are
of concern, since removals close to 100% would be required by wastewater treatment
technologies to remove risks. In addition, the environmental risk assessment showed that
the concentrations of these PhACs already present in surface waters pose a risk, which

increases the challenge regarding the on-site remediation of aquatic compartments.
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In Figure 6, it is possible to observe the countries whose risk was high, medium, low, or
negligible for each aquatic organism. KET was detected in concentrations that pose high
environmental risks in China, Serbia, Portugal, India, Morocco, Cambodia, Turkey, and
Brazil. At the same time, LOR and EE2 were high risks in Brazil and Ghana, respectively.
In most countries, the high risk was related to algae, except for Ghana, where the high
risk was related to fish and crustaceans. Brazil showed the most critical scenario, with a
high risk for algae, crustaceans, and fish. These results may be a guideline for prioritizing
the removal of PhACs in countries with high environmental risk and for more attention
to places with medium risk since the legislations establishing concentration limits of
PhACs in treated wastewater are still nonexistent. In addition, it is essential to emphasize
the importance of studies identifying these PhACs in other countries to measure

environmental risks.
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Figure 6 - Environmental risk of evaluated PhACs by aquatic organism (fish, crustacean and algae), in countries whose concentration was found.
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3.4 CONCLUSION

In this study, the effect concentrations of PhACs still little explored in terms of toxicity,
and their synergistic and antagonistic effects in binary and tertiary mixtures were
measured. In addition, environmental risks by category of the organism were assessed.
FEN, LOR, and KET were, respectively, the most toxic PhACs for A. fischeri, and
synergistic effects were observed for FEN + LOR, KET + LOR, and KET + FEN + LOR.
Besides, the 1A model was able to predict the experimental results with greater accuracy,
while for the CA model this was not possible. Future studies must explore other available
models, such as QSAR. Environmental risks for KET concerning algae, and LOR e EE2
for crustaceans and fish were high. The risk assessment showed that to achieve the
concentrations necessary for reducing KET, LOR, and EE2 hazards, high removals by
treatment technologies are required so that wastewater treatment plants are not a source
of PhAC releases. In addition, studies are necessary for developing advanced removal
techniques for these compounds since environmental concentrations presented potential
risks in this study. Finally, educational policies to prevent the irregular disposal of PhACs,
the constant monitoring of its concentrations in surface waters, and the development of
legislation that includes parameters related to these hazardous compounds are essential

for the safety of the aquatic ecosystem.
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CHAPTER 4

OCCURRENCE, ENVIRONMENTAL RISKS, AND
REMOVAL OF BISPHENOL A AND ITS ANALOGUES BY
MEMBRANE BIOREACTORS
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4.1 INTRODUCTION

Bisphenols (BPs) are organic chemical compounds in the phenols class characterized by
two hydroxyl groups (-OH) linked to a benzene nucleus. These compounds are widely
used in plastics, resins, and coatings due to their polymerization and resistance properties.
Bisphenol A (BPA) was the first BP produced and is highlighted due to its application in
several consumer products, such as plastic bottles, food containers, and can coating
(Vandenberg et al., 2007). However, the use of BPA has been the subject of debate and
regulation due to concerns about its potential adverse effects on human health (Duefias-
Moreno et al., 2023; Silano et al., 2020).

These concerns are mainly linked to the fact that BPA is considered an endocrine disruptor
and can interfere with the functioning of the hormonal system of living organisms. Its
ability to mimic or block natural hormonal activity can lead to several adverse health
effects, especially during sensitive periods of development, such as pregnancy and
childhood (Gore et al., 2015). The effects on human health include disorders of the
reproductive system, changes in neurological development, increased risk of certain
chronic diseases such as diabetes and cancer, and even impacts on obesity and metabolism
(Kundu et al., 2024; Qi et al., 2024).

BPA is widespread in the environment and can reach waterbodies through inadequate
disposal of industrial and domestic wastewater, inefficient removal at wastewater
treatment plants (WWTPs), as well as the degradation of plastic materials over time.
Therefore, BPA has been detected in surface waters of several countries in Europe,
America, Asia, and Africa (Gil-Solsona et al., 2022; Goeury et al., 2022; Idowu et al.,
2022; Kundu et al., 2024; Madeira et al., 2023; Yin and Zhou, 2022). As a result, this
compound can negatively affect the ecosystem, causing effects on aquatic organisms such
as disturbances in reproductive development, estrogenic effects, damage to the nervous
system and negative impacts on survival and growth (Moreman et al., 2017; Park et al.,
2019; Yuan et al., 2023; Zhang et al., 2021).

Concerns about BPA have resulted in restrictions or bans on its use in certain countries,
in products such as baby bottles and thermal paper, as well as pressure to manufacture
“BPA-free” products (Silano et al., 2020). Then, the use of other BPs such as bisphenol
AF (BPAF), bisphenol AP (BPAP), bisphenol B (BPB), bisphenol C (BPC), bisphenol E
(BPE), bisphenol F (BPF), bisphenol FL (BPFL), bisphenol S (BPS), and bisphenol Z
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(BPZ) - with characteristics structurally similar to BPA - have increased. As a
consequence, several studies have already verified an increase in the occurrence of these
substitute BPs in surface waters (Cunha et al., 2022; Karsauliya et al., 2022; X. Zhang et
al., 2024). Additionally, there are concerns about the environmental safety of these
substances. Studies have shown that the alternatives to BPA can act as endocrine
disruptors and cause toxic effects to aquatic organisms, such as reproduction inhibition,
growth inhibition, and mortality similar to or even greater than BPA (Lin et al., 2021;
Naderi et al., 2014; Qiu et al., 2021; X. Zhang et al., 2024).

Studies show the release of BPs, particularly BPA, in food-contact plastic and products
for children such as food storage containers, water bottles, baby bottles, cups, and toys.
For example, Wang et al. (H. Wang et al., 2020) investigated the release of BPs into water
from polycarbonate and polyethylene terephthalate bottles. The authors observed that
BPA, BPS, BPAP, and BPAF migration occurred. These BPs were found in average
concentrations of 1,394.3, 1.9, 1.4, and 1.0 ng/L, respectively, in bottled water. Vicente-
Martinez et al. (Vicente-Martinez et al., 2020) determined the concentration of BPA in
toys and pacifiers from Spain and found concentrations varying from not detected to 0.30
pg/L. Similarly, Siddique et al. (Siddique et al., 2021) studied the migration of BPs in 20
brands of baby bottles. The average concentration of BPA and BPS in baby bottle leachate
was 31.5 ng/L and 2.33 ng/L, respectively, in the water simulant. The authors highlight
that although the leaching was low, newborns and children have reduced metabolic
capabilities, and the bioaccumulation of these products may be greater and more harmful
than adults. In this sense, Brandsma et al. (Brandsma et al., 2022) estimated the migration
rate of BPA in toys bought in the European Union and made with recycled polymeric
material in artificial saliva simulating 1 h of mouthing. A migration rate of up to 128
ng/cm?/h and a daily intake of 72.4 ng/kg of body weight per day were found for BPA.
Despite being lower than the legislation, attention should be given other plastic additives,
such as bis(2-ethylhexyl) phthalate (DEHP), diisobutyl phthalate (DIBP) and
tetrabromobisphenol A (TBBPA) were also found in the artificial saliva, migrated from
the toys, and the constant and cumulative exposure to this mixture of toxicants may pose
risks to children’s health. On the contrary, in the study of Souza et al. (Souza et al., 2022),

the concentration of BPA in synthetic saliva was below the limit of quantification.

In environmental aquatic matrices, studies about BPs leaching are reduced. Xu et al. (Xu

et al., 2011) studied the release of BPA in polyvinyl chloride waste with a BPA content
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of 12.1 pg/g in landfill leachate. For 6 days of testing, the authors found that the increment
of BPA concentration in fresh leachate, 1.5-year leachate and 10-year leachate were 1.57,
1.02 and 2.03, respectively (Xu et al., 2011). In addition, Sajiki and Yonekubo (Sajiki and
Yonekubo, 2003) evaluated the leaching of BPA from polycarbonate tubes in seawater
(Pacific Ocean) and river water (Bay from Tokyo). The leaching rate of BPA in seawater
was the fastest (11 ng/d), while for river water, it was 4.8 ng/d, at 37°C. Besides, BPA
leached from all samples increased with temperature and time.

Therefore, despite the imminent risks, legislation regarding BPA and its substitutes is still
insufficient to prevent the release of these compounds into the aquatic environment. Table
1 shows, in temporal order, milestones in global regulation related to BPs. Until then,
regulations were directed at BPA, except for some restrictions regarding the Specific
Migration Limit in plastic food contact materials and the concentration in thermal paper
for BPS in Switzerland. Furthermore, despite the great advances in regulations, they have
focused on the limits of BPs in materials in contact with food, aiming to reduce their
intake. However, measurement of BPA in WWTPs is rarely carried out, and no discharge
limits of BPs into waterbodies have been found.

Table 1 — Milestones in global regulations related to BPs by temporal order.

Countries or .
Year o Description
Organizations

Declaration of BPA as a toxic substance and prohibition of its use in
2010 Canada baby bottles by the Canada Consumer Product Safety in the Hazardous
Products Act (bisphenol A) (SOR/2010-53)

2010 France Prohibition of the BPA use in baby bottles by Act 2010-729
Prohibition of the BPA use in feeding bottles, feeding cups and

2010 Denmark materials in contact with food aimed at children aged O
to 3 years by the Danish Veterinary and Food Administration

2011 European Prohibition of the BPA use in baby bottles and drinking cups by
Union Directive 2011/8/EU
Euronean Establishment of BPS and BPA in plastic food contact materials with a
2011 . P Specific Migration Limit of 0.05 mg/kg by the Regulation (EU) N°.
Union
10/2011
o . . o
2011 Brazil Z;_(/):(I)T]t_lon of the BPA use in baby bottles by the Resolution RDC N°.

Prohibition of the BPA use in baby bottles and drinking cups by the

2012 i o
0 United States Food and Drug Administration
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Prohibition of the BPA use in pacifiers and teethers by the Food Satefy
and Consumer Protection Act

Establishment of BPA in plastic food contact materials with a Specific
Migration Limit not more than 2.5 pug/ml by the Law 37 of the Food
Sanitation

Prohibition of the BPA use in contact foods materials intended for
children up to 3 years old by the Belgium’s Act of 4 September 2012

Prohibition of the BPA use in food packaging, with restrictions on
products intended for children by the law N°. 2010-729

Prohibition of the BPA use in thermal paper at a concentration equal to
or greater than 0.02% by weight after January 2, 2020, by the European
Chemicals Agency

Establishment of BPA and BPS in plastic food contact materials with a
Specific Migration Limit of 0.6 mg/kg and 0.05 mg/kg, respectively,
by the National Standard for Food Safety - Standard for Use of
Additives in Food Contact Materials and Products (GB 9685-2016)

Establishment of BPA Specific Migration Limit of 0.6 mg/kg by the
Resolution ANVISA/DC N° 88 of 29/06/2016

Establishment of BPA Specific Migration Limit as 0.04 mg/L in toys
by the Commission Directive (EU) 2017/898

Prohibition of the BPA and BPS use in thermal paper at a concentration
equal to or greater than 0.02% after December 15, 2020, by the
Reduction of Risks relating to the Use of Certain Particularly
Dangerous Substances

Prohibition of BPA in baby bottles has been expanded to include other
baby food products

Extension of ban on BPA in food packaging to cover all food containers
by 2025

Due to gaps in monitoring in WWTPs and current regulations regarding the concentration

of BPA and especially the analogues in treated wastewater and surface waters, tools such

as environmental risk assessment are essential to measure and classify the ecological risks

of BPs - based on their concentrations and toxic effects - and point out the compounds

whose removal should be prioritized by treatment technologies (Ladeia Ramos et al.,

2024b). Furthermore, the efficient removal of BPs in wastewater is essential to prevent or

reduce continuous releases of them into water bodies, ensuring concentration ranges that

do not harm the aquatic ecosystem.

In this sense, membrane bioreactors (MBR) have been efficient in removing several

emerging micropollutants, such as pharmaceutical drugs, hormones, and microplastics
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(Arcanjo etal., 2022; Ladeia Ramos et al., 2024b; Santos et al., 2023). These technologies
can have different configurations and combine aerobic or anaerobic biological treatment
with membrane separation processes, such as ultrafiltration (UF), microfiltration (MF),
nanofiltration (NF), reverse osmosis (RO), forward osmosis (FO) and membrane
distillation (MD). In MBR, membranes contribute to a higher biomass concentration,
greater biodiversity, and solid retention time (SRT). Thus, the feed/microorganism ratio
Is lower, and the efficiency in pollutant removal can be high (Sipma et al., 2010). Besides
biological degradation, the high SRT can contribute to the compound's adsorption onto
the sludge (Verlicchi et al., 2012). Furthermore, membranes can act as a physical barrier
to micropollutants, especially those with high retention. Therefore, this technology can
promote greater removal of BPs compared to conventional technologies, such as activated
sludge and upflow anaerobic sludge blanket (UASB) reactors, which have shown limited

removals for these compounds (Arias et al., 2018; Qian et al., 2021).

That being said, this article aims to provide an overview of the occurrence of BPs in
surface water from several locations. Furthermore, the ecological effects of BPs on the
aquatic environment are deeply discussed. The discussion relies on data obtained from
acute and chronic toxicity tests for different trophic levels, as well as estrogenic activity
for BPs. Additionally, environmental risks were calculated for surface water of several
countries, and BPs’ occurrence was classified as negligible, low, medium, or high risk,
thus identifying the priority compounds. Also, the removal of BPA and its analogues was
evaluated for several configurations of MBR and the removal of environmental risks

related to BPs by these technologies was calculated.

Although other recent review articles deal with the occurrence of BPs in aquatic surface
water (Czarny-Krzyminska et al., 2023; Khairul Hasni et al., 2023; Vazquez-Tapia et al.,
2022; Xing et al., 2022), no discussions were found focusing on concentrations in surface
water by country and for different types of BPs, as discussed in the present article.
Furthermore, ecological impacts are also the focus of other review studies; however, most
studies assess risks for specific locations or are limited to particular BPs, mainly BPA
(Gani et al., 2021; Ladeia Ramos et al., 2024a; Liu et al., 2021); therefore, no publications
were found discussing in depth the environmental risks of the various BPs worldwide.
Also, this is the first review that evaluates the removal of BPs by MBR and the removal
of environmental risks by this technology. Hence, this article contributes to the global

understanding of the ecological risks of BPs and highlights the compounds whose removal
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should be prioritized by country. Furthermore, the discussions presented here seek to
facilitate the choice of MBR configurations with a focus on more efficient removal of
BPs, aiming to reduce the release of these compounds into the aquatic environment and

reduce their impact on aquatic organisms.

4.2 METHODOLOGY

A systematic literature search in the databases of the Google Scholar, Science Direct, and
Scopus was made, using the following keywords for (1) occurrence in surface water:
bisphenol AND occurrence AND ("surface water" OR river OR seawater OR lake),
bisphenol AND analogues AND occurrence AND ("surface water" OR river OR seawater
OR lake); for (2) toxicity: bisphenol AND toxicity, bisphenol AND analogues AND
toxicity, bisphenol AND (half maximal effective concentration (ECso) OR half maximal
lethal concentration (LCso)), bisphenol AND no observed effect concentration (NOEC),
bisphenol AND analogues AND (ECso OR LCso), bisphenol AND analogues AND
NOEC; for (3) bisphenol removal by MBR: (“membrane bioreactor” OR MBR) AND
bisphenol AND removal, (“osmotic membrane bioreactor” OR OMBR) AND bisphenol
AND removal, (“membrane bioreactor” OR MBR) AND “membrane distillation” AND
bisphenol AND removal, (“membrane bioreactor” OR MBR) AND nanofiltration AND
removal, (“membrane bioreactor’” OR MBR) AND reverse osmosis AND bisphenol AND
removal. Then, studies published from 2003 to 2024 were further selected based on their
relevance to the subjects being discussed in this review and critically discussed in the

following sections.

Acute and chronic toxicity data, represented by (E(L)Cso and NOEC, respectively, were
converted to toxic unit (TU) values according to the equation: TU = 100 / E(L)Cso or
NOEC. Then, toxicity data were classified as proposed by Persoone et al. (Persoone et
al., 2003): TU <1 - low toxicity; 1 < TU < 10 - moderate toxicity; TU > 100 - high

toxicity.

To assess the acute and chronic environmental risks, measured from the risk quotient
(RQ), the concentration of BPs in surface water, found by the systematic literature search,
was used (Table S1, Supplementary Material). The RQ values were obtained through the
quotient between the BPs concentrations by PNEC. For the calculation of the PNEC, the

acute or chronic toxicities for each BP were considered (Table S2, Supplementary
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Material), as well as a correction factor: 10 for NOEC from at least three species
representing three trophic levels; 50 for NOEC from species representing two trophic
levels; 100 for NOEC from only one trophic level; and 1000 for one E(L)Cso from each
of three trophic levels (European Commission, 1996). Then, the risk of BPs was classified
as high risk (RQ>1), medium risk (0.1>RQ<I), low risk (0.01>RQ<0.1), or negligible
risk (RQ<0.01) (European Commission, 1996).

Estrogenic activity of BPs was calculated in terms of 17B-estradiol equivalents (EEQ),
according to the relative potency (RP) and the measured environmental concentration of
each compound. The RP represents the estrogenic activity of the compound in relation to
17B-estradiol and the values were found in the literature. For estrogenic activity risks, the
reference compound is 17B-estradiol, and the PNEC values for acute and chronic effects
are 5 ng/L and 2 ng/L, respectively (Caldwell et al., 2012). Furthermore, environmental
risks were measured for MBR, considering the concentrations of BPs in raw and treated

wastewaters.

4.3 RESULTS
4.3.1 Occurrence of bisphenols in aquatic environment

Studies about the occurrence of BPA and its analogues have increased in recent decades,
allowing a more precise investigation of their concentrations and global distribution.
Occurrence data in surface water for BPA and nine analogues were found in the literature,
including BPAF, BPAP, BPB, BPC, BPE, BPF, BPF, BPS, and BPZ, with a total of 450
data and 136 research articles (Figure S1a). Although BPA is the most reported among
studies, other BPs, such as BPS and BPF, have been extensively investigated. On the
other hand, more studies are needed for BPAP, BPC, BPE, and BPFL. Likewise, for many
countries, data concerning the concentration of BPA and its analogues are nonexistent,
and for others, such as Australia, Greece, Mexico, Pakistan, Romania, and Switzerland,
information is limited (Figure S1b). In contrast, China had the highest reported data,

followed by Brazil, India, and Spain.

The average concentrations (ng/L) for these compounds in the aquatic environment were
2,540.7 +1,571.4,144.8 +117.8,3.31 + 1.5, 222.1 + 208.8, 9.3 £ 4.7, 40.6 + 36.6, 399.1
+ 153.1, 0.0082 + 0.0013, 374.9 £ 164.9 and 68 + 64.3 for BPA, BPAF, BPAP, BPB,
BPC, BPE, BPF, BPFL, BPS and BPZ, respectively. In Figure 1, it is possible to observe

the concentration ranges for BPs. The highest average concentrations found in surface
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waters, including freshwater and seawater, were for BPA, followed by BPF and BPS. At
the same time, these were the BPs with the most data investigated in the literature (Figure
Sla). Itis essential to highlight that although BPA is still abundant for producing different
types of plastics, such as polycarbonates, epoxy resins, paper coatings, and powder paints,
its analogues can be used for these applications as substitutes for BPA. For example, BPS
can be used as an anticorrosive in epoxy glues (Wong and Durrani, 2017), as a component
of plastic substitutes for production of various products, including baby bottles (Siddique
et al., 2021), preservative in canned foods and additive in paper products (Liao et al.,
2012; Vinas et al., 2010).

Studies indicate that regulations restricting the use of BPA due to its recognition as an
endocrine disruptor (Gore et al., 2015), have led to an increasing use mainly of BPF and
BPS in applications of industrial and production of “BPA-free” products (Lee et al., 2015;
Qiuetal., 2021; Song et al., 2014; Yamazaki et al., 2015). Therefore, the release of these
compounds into the aquatic environment is a consequence of their widespread use and

growing demand on the global market.

Figure 1 — Concentration of BPA and analogues in aquatic environments. Reference:

Table S1 (Supplementary Material).
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Furthermore, it was found that for some countries, the concentration of BPs was
considerably higher, such as BPA in Taiwan, with an average of 116.4 + 71.6 ng/L
(Figure 2a). Chou et al. (2015) observed an ubiquitous BPA concentration in the <0.01 to
725 pg/L range in several river water samples. The authors suggested that there was a
continuous discharge of BPA in the Erren River, where the maximum concentration was
found. Similarly, Chen and Chou (2016) detected BPA in all samples evaluated in the

Erren River at concentrations ranging from 0.09 to 392 pg/L. According to the authors,



87

this river has been contaminated with various wastewater sources due to insufficient
wastewater treatment. These results show that untreated wastewater or WWTPs with low
BPs removals can be a constant source of discharge of these compounds into the aquatic

environment.

BPA has also been reported in other locations with average concentrations in the pg/L
range, such as in Ghana, Nigeria, Philippines, and Portugal (Figure 2a). Adjei et al. (2022)
found a concentration of 6.36 ug/L in Chemu Lagoon pg/L, 1.99 pg/L in Densu River,
1.19 pg/L in Ashaiman Lake and 1 ug/L in Fosu Lagoon (Ghana). The authors highlight
that Chemu Lagoon is situated along the Tema industrial area and the harbor expansion,
the industrial hub of Ghana. Furthermore, increased domestic use and inappropriate
disposal of BPA plastic materials may justify the higher concentrations. Similarly, Idowu
et al. (2022) observed concentrations between 0.41 and 5.19 pg/L in the Ala River in
Nigeria. According to the authors, the sampling point on Ala River with very high BPA
concentration had an auto-mechanic workshop and a dumpsite in its proximity; thus, BPA
can enter the river at this location. Rotimi et al. (2021) warn that the consumption and
import of plastics are not regulated in most African countries; therefore, contaminants in

plastics such as BPA are predicted to increase in the environment across Africa.

BPA analogues have also been found in several countries (Figure 2b). The greatest
diversities of BPs were reported in China, Portugal, Spain, and India, while the most
common BPA analogs in several countries were BPS and BPF. The highest average
concentrations were predominantly in Portugal for BPB (1.6 + 1.5 pg/L) and in India for
BPS (2.7 £ 1.3 ug/L). Furthermore, BPF was highlighted in terms of concentration in
countries such as Japan, Korea, and Malaysia, with average concentrations of 1.2 + 0.6
pg/L, 1.3 pg/L, and 1.1 pg/L, respectively (Figure 2b). Yamazaki et al. (2015) highlight
that Asian countries are responsible for much global BPA production. Furthermore, the
high population density of countries such as China and India directly contributes to

greater production and consequent release of BPs into the environment.
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Figure 2 — Average concentrations (ng/L) and their respective number of samples (n)

for a) BPA and b) its analogues by country. Reference: Table S1 (Supplementary

Material).
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Notably, the average concentrations of BPF were higher than those of BPA in Japan, Korea,
and Malaysia, which also occurred in countries such as China and India with other BPA
analogues. Therefore, restrictive legislation regarding the use of BPA must include its
analogues. In Japan, for example, BPA has been banned in thermal receipt paper; however,
several analogs, such as BPS and BPF, have been reported as substitutes (Frankowski et al.,
2020). Meanwhile, in China, the restriction on BPA concentration in food contact materials has
been reduced to 0.6 mg kg~* (Wang et al., 2021); however, China was the place with the greatest
variety of other BPs. Likewise, in the European Union, the use of BPA in polycarbonate baby
bottles has been prohibited, and its use in thermal paper must be less than 0.02% (Demierre et
al., 2024; Silano et al., 2020). On the other hand, other types of BPs have been identified in
Spain, Slovenia, Italy, the Czech Republic, France, Poland, and the United Kingdom.

These results consolidate the need for increasing investigations into the occurrence of these BPs
in surface waters. Although this study advances the most current overview of the occurrence
and global distribution of BPs in surface waters, data are still scarce for many BPs and countries.
Furthermore, the ubiquity of BPs in waterbodies in different locations corroborates the
importance of studying their environmental risks and efficient technologies aimed at reducing

or eliminating the continuous discharge of BPs into the aquatic environment.

4.3.2 Aquatic toxicity and environmental risks of bisphenols

4.3.2.1 Acute and chronic toxicity

Once the presence of BPs in surface waters worldwide has been proven, toxicity tests are
essential to determine their adverse effects on aquatic organisms and the concentration that can
cause these effects. Despite the importance of the ecotoxicological assays, data regarding the
acute and chronic effects of BPA analogues are still scarce for many trophic levels; therefore,
the compilation of these data contributes to understanding the extent of the impacts and
facilitates the comparison between BPs. Toxicity data were found for BPA, BPAF, BPAP, BPB,
BPC, BPF, BPP, BPS, and BPZ (Table S2, Supplementary Material).

In Figure 3 the acute and chronic toxicities (represented in toxic unit (TU)) for BPs are exposed,
at different trophic levels found in the literature, as well as their classifications: low concern,
moderate concern, and high concern (Persoone et al., 2003). It is possible to see that only BPS

presented low concern for algae species, while the other cases were considered of moderate or
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high concern for all organisms. Furthermore, for most BPs TU values were considerably higher
for fish. These results are concerning since many waterbodies have been consistently
contaminated by BPs, as discussed in Section 3. Even at low concentration, they may cause
acute or long-term effects on aquatic organisms, due to the high values of TU. Concomitantly,
these compounds are generally tricky to degrade, and their in-situ removal is still a challenge
(Demierre et al., 2024; Frankowski et al., 2020; Torres-Garcia et al., 2022; L. Wang et al., 2019;
Wang et al., 2021; Zhou et al., 2020). Therefore, continuous contact between organisms and

BPs is a reality.

Figure 3 — Acute and chronic toxicity of BPs by aquatic organism. Reference: Table S2
(Supplementary Material).
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BPA showed high chronic toxicity for crustacean and fish species. Mihaich et al. (2009)
evaluated the crustacean Hyalella azteca for reproduction for 42 days and found a NOEC of
0.49 mg/L, which corresponds to a TU of 204. In addition, Staples et al. (2011) investigated the
effect of BPA on the fish Pimephales promelas. The authors found a NOEC of 16 ug/L about

the induction of vitellogenin (Vtg) production in male fish. Vtg is synthesized in the female



92

liver as the precursor to egg yolk; therefore, male fish and juvenile fish do not produce Vtg.
However, exposure of fish to estrogenic compounds, such as BPA, can induce the production
of Vtg in male fish, characterizing the feminization of fish. Furthermore, these compounds can
lead to changes in the reproductive system of organisms, as observed in crustaceans (Mihaich
et al., 2009; Staples et al., 2011; Tisler et al., 2016).

When comparing the toxicity of BPs, it is possible to see that the BPA analogues were many
times more toxic than BPA, which applied to acute and chronic toxicity, regardless of the trophic
level (Figure 3). The most critical toxicity values were for BPB and BPS in fish species. The
highest toxicity for BPB was shown by Qiu et al. (2021), with a NOEC of 1 pg/L. when
evaluating the body length of Zebrafish (Danio rerio) larvae for 7 days. Similarly, Naderi et al.
(Naderi et al., 2014) observed a NOEC of 1 pg/L (reproduction, 7 days) for Zebrafish. These
values reinforce the concern regarding BPA analogues and the need for more studies about the

risks and the technologies capable of removing them.

Furthermore, environmental concentrations of BPs can exceed reported NOEC values (1 pg/L),
as happens in the Tagus River in Portugal for BPB (Cunha et al., 2022), in Cooum River, Adyar
River and Buckingham Canal in India for BPS (YYamazaki et al., 2015), and in Liuxi River in
China for BPS (Huang et al., 2018). The same occurs for BPA, where concentrations reported
for several rivers in Taiwan (Chen and Chou, 2016; Chou et al., 2015; Lee et al., 2013) were
greater than the NOEC (16 pg/L) for freshwater fish (Staples et al., 2011). In studies evaluating
the toxicity of other emerging pollutants, such as pharmaceuticals and microplastics,
environmental concentrations are usually lower than the toxicity values presented (Rodrigues
dos Santos et al., 2023). Thus, this finding for the cases of BPs shows the potential threat of

these compounds to the aquatic ecosystem.

The acute effects were less pronounced compared to the chronic ones, since to realize long-term
effects, lower concentrations of BPs are necessary. However, the acute TU for fish species was
high for BPAF and BPP (Figure 3). Moreman et al. (2017) found an ECso of 0.92 mg/L (hatching
rate, 72 hours) for Zebrafish larvae, while Ren et al. (2023) observed an ECsg of 0.4 mg/L for
adult Zebrafish and 0.37 mg/L for Zebrafish larvae for mortality in a 96-hour exposure.
Therefore, toxicity can be high even in short interactions between BPs and aquatic organisms.
It is worth mentioning that no studies were found evaluating the occurrence of BPP in surface

waters. Therefore, the assessment of the environmental effects of this compound is still limited.
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Further investigation is needed into the presence of BPP in surface waters since it is also used
as feedstock for polycarbonate, polyester, and epoxy resins. Therefore, it can reach waterbodies

through industrial and domestic wastewater and the degradation of plastic materials.

Another critical issue related to environmental toxicity is the interaction of BPs with each other
and with other pollutants present in waterbodies. Studies show that the mixture of toxic or non-
toxic compounds can cause an increase or emergence of adverse effects on organisms
(Rodrigues dos Santos et al., 2023). For example, Di Paola et al. (2021) evaluated the toxicity
of BPA and two heavy metals (Cd and Cr) alone and mixed for Zebrafish. The study showed
that in the groups with single exposure to contaminants, there was no significant difference in
the content of reactive oxygen species (ROS) compared to the control group. However, in the
binary mixtures BPA+Cd and BPA+Cr, the increase in ROS production was significant, which

can lead to several diseases, death, and fish aging.

Regarding analogues, Mu et al. (2022) investigated the effect of mixtures between BPA and
BPF with polystyrene microplastics on the lethality in Zebrafish larvae and found synergistic
effects that is, greater toxic effects on mixture relative to the compounds alone. Similarly, Kwon
et al. (2016) found that co-exposure of male Zebrafish to BPAF and sulfamethoxazole
significantly increased the thyroid endocrine disrupting effect of BPAF. Despite these
demonstrations, more studies are needed to verify the effects of mixing between BPs. The
challenge becomes greater in complex samples — such as surface water and wastewater — where
the co-existence of several toxic compounds is a fact.

This study's compilation and discussion of data provided an overview of the endpoints and
organisms most sensitive to BPs. It also compared their acute and chronic toxic effects,
considering concentrations in the aquatic ecosystem. However, a more detailed investigation of
the environmental effects of BPs is necessary for a more accurate assessment of the relationship

between concentration and toxicity, which can be done based on environmental risk assessment.

4.3.2.2 Environmental risk assessment

Environmental risk assessment, based on the RQ, is an essential method for determining the
dangers of pollutants to aquatic organisms at environmental concentrations. To determine the
RQ, the values of BPs concentrations in surface waters and the acute and chronic toxicity related
to them were considered, as described in Section 2. Figure 4 shows the classification of acute
and chronic risks (red: high risk; yellow: medium risk; blue: low risk; green: negligible risk) by
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type of BPs and by aquatic organisms. The RQ values calculated for BPs can be consulted in

Table S3 (Supplementary Material).

As shown in Figure 4a, acute risks were high for BPA and BPAF (algae, crustaceans, and fish),
BPF (fish and bacteria), and BPS (algae). For BPB (algae, crustaceans, and fish), BPF (algae
and crustaceans), BPS (crustaceans and bacteria), and BPZ (fish), the risks were considered
medium. At the same time, the other BPs had low or negligible risks. Concerning chronic risks
(Figure 4b), the RQ was high for BPA (crustaceans, fish, and rotifers), BPB (fish), and BPS
(crustaceans and fish), while risks were medium for BPA (algae), BPAF (crustaceans) and BPF

(algae and fish).

This assessment clarifies that the environmental risks related to analogues can be equivalent or
even higher than those of BPA. BPAF, for example, had a high acute risk for the same trophic
levels as BPA, even though it was present in surface waters at lower concentrations (Figure 1).
This also occurs with BPF, BPS, and BPB, which, at lower concentrations than BPA, also
present high risks due to their high toxicity. Gao et al. (2023)assessed the punctual risk of BPA,
BPAF, and BPS in Beibu Gulf, China. According to the authors, all evaluated BPs presented
low risks at all sampling sites in the Beibu Gulf. However, the highest average concentration of
these compounds in the Gulf was 7.96 ng/L for BPA, while BPA concentrations in waterbodies
in China ranged from 0.152 ng/L to 1.573 ng/L (Figure 2a). Therefore, a more comprehensive

assessment of risks in different locations is necessary.

In addition, Tisler et al. (2016) evaluated — in a review article — the chronic RQ of BPA and
BPF for the crustacean Daphnia magna and showed that these compounds are not potentially
dangerous for crustaceans, with RQ lower than 1. However, it is essential to highlight that the
authors reported the maximum concentrations of BPA and BPF found in surface waters equal
to 28 pg/L and 0.180 pg/L, respectively. The most recent maximum concentrations reported in
the present study for BPA and BPF are approximately 13 times and 32 times higher than those
found in the study mentioned above, carried out in 2016 (Chou et al., 2015; X. Zhang et al.,
2024). Therefore, the increased concentrations of BPs in the aquatic environment over time
make environmental risk an increasing variable and even more concerning.

Figure 4 — Classification of a) acute and b) chronic risk quotient (RQ) by type of BPs and by

aquatic organisms.
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Others - - - - -
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Crustacean - - - - -
Fish -
Others - - - - - - -

In addition to knowing the critical risks related to the types of BPs and aquatic organisms, it is
crucial to consider the risks by region since the RQ may vary according to the concentration
detected in certain waterbodies. Figure 5 shows that of the 33 countries evaluated, 24 locations
presented medium or high risks. In this sense, high risks were observed in surface water from
Brazil, Ghana, Nigeria, Philippines, and Taiwan (BPA), China (BPB, BPF and BPS), India and
Poland (BPA and BPS), Japan, Korea and Malaysia (BPF), Portugal (BPA, BPS and BPB) and
Slovenia (BPS). The BPs with the highest incidence of high risk in several locations were BPA,
BPS, and BPF, respectively. At the same time, in most countries, the high RQ was for fish
species, except BPS in China and India, which had a high risk for fish and algae (Table S3,
Supplementary Material).

Among these countries, China and Portugal had high risks for a greater diversity of BPs, and
together with India and Taiwan, presented the most worrying environmental risk scenarios. The
chronic RQ for BPS in China was 37.2 for the Liuxi River, an urban river in Guangzhou,
southern China. According to Huang et al. (2018), Liuxi River is located where domestic or
industrial wastewater is discharged directly into rivers without any treatment. The BPS also
presented the worst-case scenario for chronic RQ in India, with a value of 72.04 in the Adyar
River, located in Chennai. Yamazaki et al. (2015) state that BPS is widely produced in India,
which can lead to a greater concentration of this compound in waterbodies and, consequently,
increase its risks. Along with this, it is known that a large part of construction debris and
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municipal and industrial waste from Chennai has been thrown into the Adyar River, considered

a dead river.

The most critical scenario for Portugal occurred for BPB in the Tagus River, with an RQ of
157.2. In addition to BPB, pesticides such as alachlor, a-HCH, and bifenthrin were detected in
the Tagus River at concentrations with average levels of 2.5 pg/L (Cunha et al., 2022).
According to the authors, the Tagus estuary, one of the largest in Europe, suffers contamination
mainly due to two industrial zones located on the north and south banks and by domestic
effluents from the Lisbon metropolitan area. Therefore, the occurrence of other dangerous
compounds and the continuous release of pollutants make the environmental risk even more
worrying in this waterbody of water since the risks can increase with the mixture and interaction

of these compounds.

Concerning Taiwan, the most critical risk for BPA occurred in the Erren River, with an acute
RQ of 103.6 and a chronic RQ of 226.57. High concentrations of BPA have been reported for
this waterbody (Chou et al., 2015; Lee et al., 2013). For example, Chou et al. (2015) found BPA
in 100% of samples from the Erren River in dry and rainy seasons, with concentrations ranging
from <0.01 to 725 pg/L. The highest concentrations of BPA were identified near the confluence
of tributary San—Yeh—Kung Creek, where eight industrial areas are located nearby. In addition,
other compounds were found, such as nonylphenol, estrone, 17B-estradiol, estriol, and 17a-

ethinylestradiol — all known as endocrine disruptors with estrogenic effects.
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Figure 5 — Environmental risk for BPs by country. The gray color scale represents from

lightest to darkest: negligible, low, medium, and high risk.
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In the absence of regulations regarding the limit concentrations permitted in surface water, the
maximum concentration limits of BPs were calculated in each location with a high RQ (>1) so
that the RQ became negligible (< 0.01), considering the values already established of toxicity.
Figure 6 shows that the difference between the concentrations detected and those expected for
negligible risk is large in all locations, with the former being 14 to 2.3+10* times greater than
the latter.
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Figure 6 — Difference between the detected concentrations for BPs (bars) and those expected

for negligible risk (lines) by waterbody.
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These results show that measuring the estrogenic risk of BPs is of great relevance for the
scientific community. Therefore, the present study also assessed the environmental risk of the
estrogenic activity for the highest concentration BPA and its analogues in surface waters (Figure
7). All BPs have RP values below 1.29+102 (Table S4, Supplementary Material), indicating low
estrogenicity compared to 17p-estradiol. However, due to the high concentrations measured in
the environment, some BPs still pose high chronic risks related to estrogenic activity, which is
the case for BPA, BPAF and BPB. BPA also presents high acute estrogenic activity risk. For
BPF, BPS and BPZ concentrations, the risks of estrogenic activity were classified as medium.
The BPs with negligible estrogenic activity risks were BPAP, BPC and BPE, considering both
acute and chronic effects, showing that they could be the best substitutes for BPA. This result
is in accordance with environmental risks for BPA, BPC and BPE, that were classified as low

or negligible (Figure 4).

Intensive research has shown the impact of estrogenic compounds to the human beings, such as
decline in male fertility, development of prostate, lung, endometrial and breast cancer
(Henderson and Feigelson, 2000; Jargensen et al., 2012). For aquatic organisms, the presence
of estrogenicity is associated to fish feminization of male species, changes in primary and
secondary sexual characteristics, disturbance in the production and egg quality of female fish

(Karki et al., 2021; Thorpe et al., 2009). Other species that have part of their lifecycle in aquatic
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environment are also affected by estrogens. For example, amphibian female population have
been dominated by female individuals, which may be related to the exposure to estrogenic
compounds in their habitats (Lambert et al., 2015). Also, birds neuroendocrine, behavior and
Immune systems are negatively affected by the endocrine disruptors such as BPA and its
analogues (Heimovics et al., 2015; Ottinger et al., 2008). With the risk analysis of the present

research, the concern with BPs and its potential effects in aquatic environment has increased.

Therefore, these results show the urgency of efficiently removing BPs in wastewater for safe
release into the aquatic environment and in situ removals in surface waters. Furthermore,
limiting the use of analogues — and not just BPA — in industry and developing protective

legislation regarding the concentrations of BPs in the environment are essential.

Figure 7 — Environmental risk of the estrogenic activity of BPA and its analogues. Red: high

risk; yellow: medium risk; blue: low risk; green: negligible risk.
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The discharge of wastewater without proper treatment or even WWTPs are an important source
of BPA and analogues to the waterbodies. Conventional WWTPs are designed to remove
organic matter and nutrients and have little or no removal of recalcitrant compounds like BPs
(Gu et al., 2021). Indeed, as can be seen by the many concentration reports found in Section 3,
the occurrence of BPs in the surface waters is a result of their constant release due to insufficient
wastewater treatment. Zhang et al. (2024) showed that the concentration of BPs in Qinhuai

River Basin (China) downstream of WWTPs was up to 2.4 times higher than upstream,
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highlighting the impact of the treatment technologies in introducing micropollutants to surface
waters. In a recent review, the maximum concentration of BPs in raw municipal wastewater

was as high as 16.6, 20.9 and 68.9 pg/L for some countries (Czarny-Krzyminska et al., 2023).

In other matrices - such as landfill leachate - these concentrations may be higher due to the large
amount of plastic waste (sources of BPA leaching) present in these locations. Chamanee et al.
(2024) found 158 + 84.4 pg/L of BPA in landfill leachate in Sri Lanka. In addition, Narevski et
al. (2021) observed high concentrations - 2.78 mg/L - at the Sanitary landfill Gigo$ in Jagodina,
Serbia. Huang et al. (2021) also evaluated the concentration of BPs in municipal wastewater,
hospital wastewater, and landfill leachate and found concentrations around 30 times higher in
landfill leachate. Furthermore, industrial wastewater may have higher concentrations of BPs
due to the widespread use of these compounds in their processes. For example, Hernandez-
Fernandez et al. (2022) investigated industrial wastewater treatment plants in the production
processes of polypropylene and polyethylene terephthalate in South America and found a BPA
concentration of up to 12.5 pg/L. Therefore, it is extremely important to implement technologies
capable of removing BPA and analogues in WWTPs, to reduce the adverse effects on aquatic
communities. MBR have been shown great results in removing different classes of
micropollutants, like pharmaceutical active compounds, pesticides, microplastics and phenolic
compounds (Ladeia Ramos et al., 2024a; Sengupta et al., 2021; Wijekoon et al., 2013).
Therefore, the present review also evaluated the removal of BPs by MBR.

4.3.3 Removal of bisphenols and environmental risks by membrane bioreactors
4.3.3.1 Removal of bisphenols by MBR

MBR combine biological treatment with membrane separation process (MSP) and have been
used as an advanced wastewater treatment technology, producing high quality water (Liu et al.,
2020; Simon Judd, 2006). MBR have attracted the attention for the removal of micropollutants
because they operate with a higher SRT and biomass concentration than conventional activated
sludge process, increasing their ability to remove recalcitrant micropollutants (S. Wang et al.,
2020). Figure 8 presents the removal of BPA and analogues by full-scale MBR and their
variation. Lab-scale and pilot-scale MBR have been studied only for BPA removal, and all the
data found in literature is presented in Table S5 (Supplementary Material). A significant part of
the data is reported for BPA. The removal of analogues is still poorly investigated in MBR and

just a few numbers of studies were found.
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Comparison of the average removal between all BPs analogues were considered for full-scale
aerobic MBR and anaerobic-anoxic-oxic MBR (AAO-MBR) (Figure 8). For AAO-MBR, the
higher removal efficiency was found for BPS (99.5%, n = 1) > BPF (95.8%, n= 1) > BPA
(91.4%, n = 3) > BPZ (87%, n = 1) > BPC (84%, n = 1). While for MBR, the higher removal
efficiency was found for BPC (97%, n = 2) > BPS (94%, n = 1) > BPA (92%, n = 1) > BPF
(55.7%, n = 2) > BPZ (28.5%, n = 2) > BPB (47%, n = 1) > BPAP (38%, n = 1) > BPE (36%,
n = 1) > BPAF (-58%, n = 1). AAO-MBR presented higher removal efficiency for BPS, BPS
and BPZ, despite no data being found for some BPs (BPAF, BPAP, BPB and BPE). On the
other hand, the removal of BPC was higher for MBR, showing that different mechanisms act
on the degradation of BPs.

Figure 8 — BPA and its analogues removal efficiency by Full-scale AAO-MBR and MBR.
Reference: Table S5 (Supplementary Material).
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In the biological treatment, removal pathways of trace organic contaminants include
biodegradation, sorption onto the sludge and volatilization (Abegglen et al., 2009; Ferrer-
Polonio et al., 2021; Min et al., 2018). Figure 9 shows the pathways of BPs removal in MBR.
Biodegradation is related to biochemical reactions, during metabolism of biodegradable organic
compounds, when microorganisms produce enzymes that may be capable of degrading BPs
analogues (Xue et al., 2010). The most important enzymes involved in BPA degradation are
P450 cytochrome, P450 monooxygenase, ammonia monooxygenase, and laccase (Mahesh et
al., 2022). They are produced by a bacterial consortium, formed by bacteria that has BPA as a
carbon source in metabolic routes, who are called BPA-degraders, and by non-BPA-degraders,
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that help to remove BPA by co-metabolism, because they are not capable of degrading BPA
(Noszczynska and Piotrowska-Seget, 2018). Ammonium-oxidizing bacteria, for example,
express ammonia monooxygenase to oxidize ammonia, but the enzyme is known to also
catalyze the oxidation of aromatic hydrocarbons like BPA (Keener and Arp, 1994; Kim et al.,
2007). Some studies have identified the oxidation to intermediates of BPA like 1,2-bis(4-
hydroxyphenyl)-2-propanol, 4,4’-dihydroxy-methylstilbene, 4-hydroxyacetophenone, 4-
hydroxybenzaldehyde, until mineralization, forming CO2 and H>O (Fischer et al., 2010; Ike et
al., 2006; Noszczynska and Piotrowska-Seget, 2018).

Figure 9 — Pathways of BPs removal in biologic tank and membrane separation processes in
an MBR.
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As shown in section 4, BPs are toxic to aquatic organisms and humans, but attention should
also be paid to the toxicity in microbiological communities, especially during biological
treatment. Rasheed et al. (2013) investigated the inhibition of bacteria by BPA. They found that
BPA was more toxic to gram-positive bacteria Staphylococcus aureus, Bacillus subtilis, but
antibacterial activity was found for the gram-negative Proteus vulgaris and Escherichia coli.
The presence of BPA was correlated with the reduction in microorganisms’ diversity in the
study of Cydzik-Kwiatkowska et al. (2017). The most abundant phyla were Proteobacteria,
Bacteroidetes and Verrucomicrobia. However, the order Pseudomonadales, from the phylum
Proteobacteria, was the most sensitive to the compound, reducing its number by almost 100
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times. Proteobacteria, represented by the genera Pseudomonas, Azospira, Hydrogenophaga,
Devosia, Delftia, Acidovorax and Rhodobacter, was also significantly related to BPS
degradation by activated sludge in the study of Huang et al. (2019). On the other hand,
Ferruginibacter sp., Zoogloea sp., Flavobacterium sp., and Aquicella sp. were inhibited by
BPS, which suggests that these species are sensitive to BPS and/or its degradation byproducts.
Zhao et al. (2014) evaluated the mechanisms of toxicity formation in activated sludge treating
synthetic wastewater with BPA. They observed that the higher the BPA concentration, the
higher toxicity. Also, BPA degradation was the main cause of toxicity to the sludge rather than
the adsorption of BPA. Therefore, toxicity to microbial communities was caused by BPA
degradation byproducts and secretion produced by the microorganisms themselves (Zhao et al.,
2014).

Tian et al. (2022) studied the toxicity resistance in Rhodococcus equi when degrading BPA and
found downregulation in the genes related to glycolysis/gluconeogenesis, pentose phosphate
metabolism, and glyoxylate and dicarboxylate metabolism. On the other hand, the bacteria strain
mitigated the impact of BPA by regulating the genes responsible for excisional repair, energy
metabolism, osmoprotection, and the iron complex transport system. In the same way, some
microorganisms can be diminished by the presence of toxic compounds, due to the interference
in their metabolic activities, while other communities could be capable of adapting to new

conditions.

BPs may impact the removal of organic matter and nutrients in biological treatment since
microbial activity is compromised. Seyhi et al. (2013, 2012) operated a submerged MBR with
synthetic wastewater, which achieved 99% removal of COD. After 75 days of operation, they
spiked BPA (1 mg/L), and the COD in the permeate increased, until day 90, when COD removal
stabilized again in 99% after biomass acclimatation. In spite of that, when the influent
concentration of BPA was gradually increased (1 to 15 mg/L), a change in COD removal was
observed, specifically for BPA higher than 5 mg/L. Nevertheless, BPA removal was maintained
at 99%. Zielinska et al. (2014) and Ouarda et al. (2018) also concluded that the increasing
concentration of BPA in wastewater decreases COD removal efficiency and nitrification activity
of the biomass, justified by the biomass state of stress caused by BPA and competition of
ammonia monooxygenase for the oxidation of BPA. However, for the study of Ouarda et
al.(2018) , the concentration of NH4* and COD started to decrease after a period of adaptation,
and even at concentrations of BPA higher than 40 mg/L, its removal increased again to 97%.



104

As shown by Ferrer-Polonio et al. (2021), previously biomass adaptation with BPA can be
positive to improve its biodegradation and reduce the toxicity to sludge. Thus, biomass
adaptation to BPA and analogues could prevent sludge change in wastewater treatment, favoring

their removal in biological treatment and in MBR.

BPA and its analogues have very low Henry’s constant values, and they would not be removed
by volatilization pathway (Ferrer-Polonio et al., 2021; H. Wang et al., 2019). As MBR increase
SRT, sorption is improved, depending on micropollutants properties, i.e. hydrophilicity,
represented by Log Kow. The higher the Log Kow, more hydrophobic the compound is. Usually
compounds with Log Kow > 4 are considered more hydrophobic and have high affinity to
organic matter and sludge phase, which is the case of BPZ, BPC, BPFL, BPAP and BPB. For
those with Log Kow between 2.5 and 4, hydrophobicity is moderate, as for BPA, BPE, BPF and
BPAF. BPS, with Log Kow < 2.5 is hydrophilic and has low sorption tendency. Sorption is
dependent on physico-chemical properties and concentration, and when sludge maximum
sorption capacity is reached, micropollutants cannot be removed (Arcanjo et al., 2022). Also, if
sewage sludge is applied in agriculture soil to enhance its fertility, BPs and other contaminants
removed by sorption remaining in the sludge are a big problem (Ferrer-Polonio et al., 2021).
Thus, biodegradation is substantial in the elimination of BPs and must be improved in WWTP.
As stated before, MBR can increase the ability of microorganisms in removing micropollutants
when compared with conventional activated sludge systems.

Furthermore, another mechanism is responsible for BPs removal in MBR. Although MF and
UF membrane pore sizes are usually higher than BPs, the BPs associated with particulate
material and adsorbed to the membranes can be retained. Also, the presence of the fouling layer
on the membrane surface, formed in MBR operation, can affect the rejection of the contaminants

by size exclusion (Hajibabania et al., 2012).

Therefore, it is expected that MBR would have an improvement compared to conventional
wastewater treatment. Wang et al. (2019) carried out a review about the removal mechanisms
of BPA and its analogues in municipal wastewater treatment plants and found average removal
of BPAP (97.8%), BPF (86.4%), BPZ (85.5%), BPC (83.3%), BPS (81.2%), BPB (72.9%), BPA
(69.3%), BPE (—19.5%), and BPAF (—52.5%). Compared to the present review, MBR presented
lower removal for BPAP, BPF, BPZ and BPB. The justification for the worst results is difficult

to understand, since all the data are related to full-scale WWTP and operational conditions
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significantly impact treatment efficiency. It is emphasized the importance of more studies
investigating BPs analogues, especially in a long-term operation to understand the factors that

may reduce their removal.

Attention must be paid to BPAF, that is more recalcitrant in environmental than other BPs
analogues (Chen et al., 2016a). Therefore, it is expected that BPAF would have the low removal
efficiency in biological treatment, since sorption would be the only mechanism responsible for
it. Indeed, negative removal was found for BPAF and BPE, which is a result of their
concentrations in the effluent being higher than influent. The same has already been observed
by Sun et al. (2017), in WWTP in China. The WWTP techniques were not MBR but composed
of biological treatment. The negative results can be justified by the lack of degrading bacteria
in the WWTP and the release from conjugated forms. When considering the results for BPAF,
MBR with MF or UF membranes were not capable of improving the performance, but for BPE,
MBR removal increased to 36.0%, much higher than the average values found by Sun et al.
(2017) (-82.5%) and Wang et al (2019) (-19.5%) for other biological WWTP (Table S5,
Supplementary Material).

Nevertheless, further studies on BPs analogues in full-scale WWTP with MBR need to be

carried out to understand the mechanisms affecting their removal.

Figure 10 shows the removal of BPA by the different kinds of MBR, in lab, pilot and full-scale
operation. For MBR, it was considered conventional MBR, with aerobic biodegradation and
MF or UF membrane, including hybrid moving bed biofilm reactor—-membrane bioreactor
(MBBR-MBR), and sequencing batch membrane bioreactor (SBR-MBR). Hybrid MBR were
the MBR followed by another membrane, such as NF, RO, MD or FO, or osmotic membrane
bioreactor (OMBR). For anaerobic MBR (AnMBR), it was considered anaerobic MBR itself.
On the same way, the hybrid AnMBR were any AnMBR that used NF, RO, MD or FO
membranes. Another class of MBR were the AAO-MBR. No study was found for lab or pilot
scale MBR regarding the removal of BPA analogues.
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Figure 10 — Removal efficiency of BPA by several configurations of MBR. Reference: Table

S5 (Supplementary Material).
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In general, conventional MBR, with UF or MF membrane, present BPA removal of 91.5%,
while in AnMBR, BPA removal is only 43.6%. It is well known that biodegradation of
micropollutants is lower under anaerobic conditions, when compared to aerobic conditions.
Wang et al. (2019) and Zhou et al. (2012) estimated the biodegradation constant for BPA (Kpio),
that in aerobic condition was 0.30 L/gSS/h, while in anaerobic condition the constant decreased
to 0.23 L/gSS/h. An exception was found in the work of Wijekoon et al. (2015), when BPA
removal was 99%, possibly due to extended hydraulic retention time (HRT) and SRT of 96 h
and 180 d, respectively, which may not be feasible in WWTP.

Removal of BPA by AAO-MBR was slightly lower than in MBR, with an average of 86.0%,
despite 3 of the 5 WWTP present removal higher or equal to 98%. Nevertheless, AAO has been
reported to have lower removal of BPA than aerobic process (H. Wang et al., 2019). The
justification relies on the biodegradation constants, that for anoxic condition are even lower than
aerobic and anerobic (0.079 L/gSS/h) (Zhou et al., 2012).

The substitution of MF and UF for more selective membranes like NF, RO and FO, or the
combination of conventional MBR with the latter, increased BPA removal from 91.5% to
97.1%. Besides all the factors affecting BPA removal, size exclusion and electrostatic
interactions now play an important role in rejecting the contamination. Therefore, contaminants
retention time in hybrid MBR is higher, leading to enhanced biodegradation (Alturki et al.,
2010). For illustration, Zhu and Li (2013) compared two lab-scale MBR for the removal of
BPA, one with MF and one OMBR. Global removal of BPA in conventional MBR was 93.9%
and increased to 98% in OMBR. The authors found out that the rejection of BPA by FO
membrane was 70%, while MF membrane rejected only 10% (Zhu and Li, 2013). But it is
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important to emphasize that even with a low removal by MF, the MBR had a high removal
which shows the importance of the combination of removal mechanisms in MBR

(biodegradation, sorption, membrane rejection).

As stated for hybrid MBR, significant improvement in AnNMBR efficiency could be achieved
by using high retention membranes and overcome disadvantage over aerobic treatment.
Unfortunately, only one paper was found in literature investigating BPA removal in hybrid
AnMBR. Song et al. (2018) integrated membrane distillation in an AnNMBR and reached an
average BPA removal of 90%, while AnMBR could removal only 17% of BPA. Despite the
lack of studies showing that hybrid AnMBR may be a feasible alternative to WWTP, dealing
with the removal of BPA, other research has proven that they are indeed very effective in
removing trace organic compounds, estrogenic activity and toxicity, producing higher quality
permeate water, reducing even human health risks (Arcanjo et al., 2022; Caroline Ricci et al.,
2021; Santos et al., 2023).

Other types of MBR were also investigated in literature for BPA removal in municipal
wastewater, as presented in Table S5 (Supplementary Material). The enzymatic MBR (EMBR)
use laccases, that are oxidoreductase enzymes capable of oxidizing a wide range of aromatic
compound, like phenols (Nguyen et al., 2016). Two EMBR, catalyzed by laccase, obtained only
18% and 42 % of BPA removal (Asif et al., 2020; Nguyen et al., 2016), despite being an
ecofriendly alternative to activated sludge systems, since it produces less sludge and fungal
enzymes can degrade trace organic compounds. On the other hand, when syringaldehyde, a
redox mediator, was introduced in EMBR, as in the study of Nguyen et al. (2016), the removal
reached 98%. This was a result of reactive radical species generated by laccase-redox-mediator
system. However, excess of radicals and syringaldehyde increased effluent toxicity,
compromising EMBR applicability.

Granular activated carbon (GAC) was used in a fluidized bed membrane bioreactor (GAC-
FANMBR) and the removal of BPA was near 100% (Lee et al., 2021). GAC is used as a support
for biofilm growth and the adsorption of BPA can also increase the contaminant retention time
in the system. Also, the recirculation of GAC can promote a scouring effect on the membrane,
contributing to cleaning and reducing the fouling (Dutta et al., 2014). Biogas sparging was also
used in a fluidized bed membrane bioreactor (GANMBR) and BPA was not detected in the
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permeate, showing that somehow, biogas transports contaminants away from the membrane,

reducing their accumulation and passage to permeate (Lee et al., 2021).

It could be inferred that, since BPA and analogues have similar molecular structures, the fate of
BPs in WWTP may have the same pattern. Thus, hybrid MBR, hybrid AnMBR, and
modification in biological MBR can be effective alternatives for BPs analogues removal, but,

as shown in this review, it still needs to be investigated.

4.3.3.2 Environmental risk reduction by MBR

In addition to removing or reducing the concentrations of BPs in wastewater, treatment
technologies must guarantee the reduction of environmental risks since even achieving high
removals, the remaining concentrations can still cause risks to the ecosystem (dos Santos et al.,
2022). Thus, the acute and chronic RQ were measured considering the concentrations of BPs in
raw and treated wastewater by several configurations of MBR, explained in Section 5.1. In
Table 2, it is demonstrated that, for the most part, raw wastewater (RWW) presents high or
medium risks, regardless of the types of wastewaters (specified in Table S5, Supplementary
Material). In contrast, treated wastewater (TWW) risks were low or negligible in most cases,

which indicates that MBR, in general, were effective in reducing environmental risks.

Table 2 — Acute and chronic environmental risks for raw wastewater and treated wastewater

by membrane bioreactors (MBR). Red: high risk; yellow: medium risk; blue: low risk; green:

negligible risk.
. . Raw wastewater Treated wastewater
BPs MBR configuration Acute RQ Chronic RQ Acute RQ Chronic RQ

BPA SBR-MBR 857.14 187.50 34.29 7.50
Submerged aerobic MBR 57.14 12.50 1.14 0.25

Gas-sparged anaerobic MBR 285.71 62.50 0 0

Anaerobic fluidized bed MBR 285.71 62.50 0 0
UASB-MBR 0.58 0.13 0.40 0.09
Anaerobic MBR 0.57 0.13 0.34 0.08
Anaerobic MBR 0.57 0.13 0.47 0.10
Enzymatic MBR 2.06 0.45 1.69 0.37
Enzymatic MBR 2.06 0.45 0.04 0.009
Aaerobic MBR 1.43 0.31 0.09 0.02
Anaerobic MBR 1.43 0.31 1.00 0.22
Hybrid MBBR-MBR 1.43 0.31 0.14 0.03

MBR 1.43 0.31 0.71 0.16
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Anaerobic-Anoxic-Oxic-MBR 0.18 0.04 0.04 0.009
Anaerobic MBR with MD 0.57 0.13 0.06 0.01
MBR 1.43 0.31 0.14 0.03
Aerobic MBR with ceramic membrane 0.21 0.05 0.004 0.001
Enzymatic bioreactor with MD 5.71 1.25 0.06 0.01
Anoxic-aerobic MBR 1.43 0.31 0.03 0.006
Aerobic MBR 0.27 0.06 0.01 0.003
MBR-Aerated Biofilm Reactor 14.29 3.13 0.44 0.10
SBR-MBR 5.71 1.25 0.06 0.01
Enzymatic MBR 1.43 0.31 0.83 0.18
Enzymatic l;/lyl?ilﬁgv;/:;r; r:;a/z;zx mediators 143 031 0.09 0.02
Aerobic MBR 0.68 0.15 0.005 0.001
Aerobic MBR 285.71 62.50 1.20 0.26
Aerobic MBR 0.04 0.009 0.003 0.001
Submerged aerobic MBR with NF 0.03 0.006 0.001 0.0003
Submerged aerobic MBR with RO 0.03 0.006 0.0009 0.0002
Aerobic MBR 0.79 0.17 0.04 0.009
Aerobic OMBR 0.79 0.17 0.11 0.03
Aerobic MBR 57.14 12.50 3.49 0.76
Aerobic OMBR 57.14 12.50 1.14 0.25
Aerobic MBR 0.29 0.06 0.02 0.004
Aerobic MBR 0.29 0.06 0.02 0.004
Aerobic MBR 1.43 0.31 0.07 0.02
Anaerobic-Anoxic-Oxic- MBR 1.06 0.23 0.31 0.07
Anaeroblc-Anoxllch-)Oxm- MBR with 1.06 023 001 0.003
CAS-MBR 1.06 0.23 2.03 0.44
Aerobic MBR 1.06 2.03 0.11 0.01
Aerobic MBR with NF 0.49 0.11 0.01 0.003
Aerobic MBR with NF 0.49 0.11 0.005 0.001
Aerobic MBR with NF and RO 0.49 0.11 0.005 0.001
Aerobic MBR with NF and RO 0.49 0.11 0.01 0.002
MBR with salinity build-up 1.43 0.14 0.31 0.03
Anaerobic-Anoxic-Oxic-MBR 0.08 0.02 0.001 0.0003
Anaerobic-Anoxic-Oxic-MBR 0.11 0.03 0.002 0.0004
Anaerobic MBR 1.43 0.31 0.01 0.0031
Anoxic-Aerobic MBR 0.09 0.02 0.02 0.005
Anoxic-Aerobic OMBR 0.09 0.02 0.02 0.0042
Anoxic-Aerobic OMBR with RO 0.09 0.02 0.007 0.0015
Aerobic OMBR with RO 1.43 0.31 0 0
Aerobic OMBR with RO 1.43 0.31 0 0
Aerobic OMBR 1.43 0.31 0 0
Anaerobic-Anoxic-Oxic-MBR 571 1.25 0.86 0.19
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Aerobic OMBR with MD 1.43 0.31 0.11 0.03

BPS Anaerobic-Anoxic-Oxic-MBR 0.01 0.32 4.75E-05 0.002

Aerobic MBR 0.02 0.62 0.001 0.03

BPF Anaerobic-Anoxic-Oxic-MBR 0.02 0.0025 0.0008 0.0001
Aerobic MBR 0.01 0.0008 0.0004 0.0001

Aerobic MBR 0.24 0.03 0.19 0.03

BPAF Aerobic MBR 0.12 0.001 0.19 0.002

BPAP Aerobic MBR 0.09 0.04 0.06 0.03

BPB Aerobic MBR 0.08 15.00 0.04 7.95
BPZ Anaerobic-Anoxic-Oxic-MBR 0.0004 0.0001 4.94E-05  0.00001
Aerobic MBR 0.002 0.0005 0.0005 0.0001

Aerobic MBR 0.10 0.02 0.11 0.03

BPC Anaerobic-Anoxic-Oxic-MBR 0.001 0.02 0.00018 0.004
Aerobic MBR 0.001 0.03 4.42E-05 0.001

BPE Aerobic MBR 0.02 0.006 0.01 0.004

MBR conjugated with more selective membranes, such as NF, RO, and MD, achieved low or
negligible risks in TWW for all cases due to higher removal efficiency (Asif et al., 2018; Sahar
et al., 2011). In contrast, despite the low removal efficiencies observed in some cases of
conventional MBR (using UF/MF (ultrafiltration/microfiltration) membranes), the risks in
TWW were considered low due to the concentrations detected in RWW. For example, Qian et
al. (2021) used an aerobic MBR to treat municipal wastewater containing BPs and obtained
removal efficiencies of 19%, 47%, 36%, and 38% for BPF, BPB, BPE, and BPAP, respectively,
as discussed in Section 5.1. Even so, post-treatment risks were low due to the low concentrations
of these BPs detected in RWW (Table S5, Supplementary Material).

In other cases, high risks were found in TWW, as occurred with the enzymatic MBR with flat-
sheet UF membrane studied by Asif et al. (2018), whose BPA removal was 18%. In this case,
the acute risk in RWW was high and continued to be classified as high in TWW (RQ = 1.69).
Similarly, Liu et al. (2020) evaluated an anaerobic MBR with ceramic MF membrane. They
observed a BPA removal of 30%, with a remaining concentration in TWW of 3.5 pg/L, which
promoted a high acute risk, while chronic risks were medium in raw and treated wastewater
(Table 2).

On the other hand, in some scenarios, the risks in the TWW were high, even with high BPs
removal efficiencies. Wang et al. (2023) used a submerged aerobic MBR to remove BPA in

wastewater and achieved 98% removal; in contrast, the acute RQ was high (1.14) for TWW.
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The same occurred with Zhu and Li (2013), who studied an aerobic OMBR for BPA removal
and achieved high removal (98%); however, the remaining concentration in TWW water (4
ug/L) triggered high environmental risks. It is important to consider that this study used
synthetic wastewater with a concentration of 200 pg/L of BPA. This value is 2 to 10 times higher
than concentrations already detected in municipal wastewater (Chen et al., 2016b; Hajibabania
etal., 2012; Sun et al., 2017; H. Wang et al., 2019).

For BPs with high risk in TWW (BPS and BPB), the minimum removal efficiencies of the
technologies were calculated so that acute and chronic risks were classified as negligible (RQ
<0.01). In all cases, removal efficiencies should be above 99.99%. This direction shows that
removing environmental risks related to BPs may require highly efficient technologies.
Furthermore, the need to monitor WWTPs regarding the concentration of BPs in the TWW is

an environmental urgency.

4.4 FINAL CONSIDERATIONS AND FUTURE PERSPECTIVES

The present review presented unprecedented contributions regarding the occurrence of BPs in
several locations, their toxicity, estrogenic activity, environmental risks, and their removal by
MBR. The findings of this study can direct future actions related to the presence of BPs in
surface waters and support the choice of the best configuration of MBR to reduce the release of
BPs into the aquatic environment and the related risks. The main findings and conclusions and
their implications are listed below:
(1) The highest average global concentrations found in surface waters were for BPA
(2,540.7 ng/L), BPF (399.1 ng/L), and BPS (374.9 ng/L). This finding indicates that, in
general, the reduction of releases into the aquatic environment should be directed mainly
to these BPs;
(2) The concentrations of analogues were greater than BPA for surface waters of
several locations. Therefore, the increasing use of these compounds to replace BPA has
already shown their environmental impacts;
(3) The toxicity data was most investigated in the literature for BPA, although its
substitutes also presented high acute or chronic toxicity for several aquatic organisms;
(4) High environmental risks in surface waters were found for BPA, BPAF, BPB, BPF,
and BPS, while high estrogenic risks were found for BPA, BPAF, and BPB. This
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corroborates the need for more attention to BPs analogues and the urgent need for their
removal from wastewater;
(5) Surface waters from countries such as China, India, Poland, and Portugal were
highlighted, as they had high environmental risks for more than one BP. Thus, reducing
the release of these priority compounds into the aquatic environment is unpostponable;
(6) Hybrid MBR and AnMBR (followed by NF, RO, MD, or FO membranes) and
OMBR are promising alternatives for BPs and risk removal in wastewater treatment.
Despite these knowledge advances, some critical gaps were identified in these areas. Therefore,
future research and actions were suggested below:
(a) Studies about occurrence in surface water were still scarce for many analogues such
as BPC, BPFL, BPE, and BPAP. Thus, more studies are needed to conclude about the
presence of these compounds in surface waters more comprehensive;
(b) In the present study, it was impossible to estimate the acute or chronic
environmental risks of BPAP, BPB, BPC, BPE, and BPZ for three trophic levels due to
the lack of ecotoxicological data. Therefore, ecotoxicological assessments must move
towards including more BPs;
(c) This study was limited to surface waters for which BPs concentration data have
already been reported. Thus, it is suggested that future studies and monitoring of the
BPs concentration be carried out in places not covered, mainly developing countries;
(d) Although some MBR configurations are promising for the BPs removal, more
investigations are needed for analogues since only 14 studies were found (for all types
of BPs) regarding removal by MBR;
(e) This study shows the urgency of developing legislation and more significant restrictions
regarding the presence of these compounds in surface water and the standards for releasing

wastewater containing BPs into the aquatic environment.
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CHAPTER 5

GRANULAR ANAEROBIC MEMBRANE BIOREACTOR
COUPLED HYBRID FORWARD OSMOSIS - MEMBRANE
DISTILLATION FOR ORGANIC MATTER, NUTRIENT AND
BISPHENOL A REMOVAL: INTEGRATED ASSESSMENT OF
PERFORMANCE, COST, TOXICITY, AND RISKS
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5.1 INTRODUCTION

The intensity and speed of industrialization have contributed to several environmental impacts
whose reversal is a major challenge. Among them, the increasing occurrence of endocrine
disrupting compounds (EDCs) in wastewater, surface water, and drinking water worldwide has
been the subject of several studies (Czarny-Krzyminska et al., 2022; Santos et al., 2024a). EDCs
can be classified as polymeric, naturally occurring compounds, and synthetic chemicals such
as bisphenol A (BPA) (Al Sharabati et al., 2021). BPA is one of the most produced and
consumed industrial compounds globally, which results in its presence in several aquatic
compartments (Santos et al., 2024a), posing serious health risks, including cancer, diabetes,
brain function disorders, hormonal changes, immunodeficiency, among others (Huang et al.,
2018; Prins et al., 2014). Besides, BPA can be highly toxic for aquatic organisms, affecting fish
(Moremanetal., 2017; Staples et al., 2011), crustaceans (Jung et al., 2020; Mihaich et al., 2009),
and algae (Czarny-Krzyminska et al., 2022; Ding et al., 2020).

Concern about human and environmental risks has led to regulations on BPA production and
use, mainly in the European Union, stimulating the use of alternative substances to replace
BPA. For many countries, the monitoring and legislation for BPA focus on its limits in materials
in contact with food, aiming to reduce the intake; however, no regulations exist for its
concentration in surface water and treated wastewater (Santos et al., 2024a). This is problematic
because conventional wastewater treatment plants (WWTPSs), which are inefficient at removing
recalcitrant compounds, are major sources of BPA discharge into water bodies (Czarny-
Krzyminska et al., 2022).

The release of BPA into the aquatic environment can be reduced by employing advanced
treatment methods, like membrane bioreactors (MBRs), which have been applied to the
treatment of wastewater containing TrOCs with satisfactory performances (Asif et al., 2019; C.
V. Faria et al., 2020a). For example, anaerobic osmotic membrane bioreactors (AnOMBRS),
which associate anaerobic biological treatment with forward osmosis (FO) membranes has
demonstrated high removal efficiencies for TrOCs in sewage treatment (Arcanjo et al., 2022;
Caroline Ricci et al., 2021; Santos et al., 2023a), overcoming the challenges of removing some
recalcitrant compounds in anaerobic systems. FO is a membrane technology driven by the
difference in osmotic pressure between the feed and the draw solution (DS) (Zhao et al., 2014).
As water passes into the DS during the FO filtration process, the DS dilution occurs, reducing
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the osmotic pressure gradient. Thus, membrane distillation (MD) - in FO-MD hybrid systems -

has shown potential for water recovery and DS regeneration in AnNOMBRs (lbrar et al., 2022).

FO-MD membranes offer benefits such as lower energy consumption, the possibility of using
residual heat, and high separation efficiency (Baker et al., 2012; Holloway et al., 2016; Ricci et
al., 2019). Anaerobic degradation systems require less energy and nutrient addition, produce
less sludge, and are more compact (Zielinski et al., 2023). Combining these in the AnOMBR-
MD presents a promising technology for wastewater treatment, particularly for removing risks
related to the TrOCs (dos Santos et al., 2022a). For example, Arcanjo et al. (2022) and Caroline
Ricci et al. (2021) achieved removals above 96% for the evaluated PhACs (17a-
ethinylestradiol, ketoprofen, fenofibrate, fluconazole, loratadine, prednisone, and

betamethasone) in sewage treatment.

However, some gaps must be overcome. Organic nitrogen is converted to ammonia in anaerobic
treatment, which is difficult to remove due to its volatility (Arcanjo et al., 2022). Caroline Ricci
et al. (2021) evaluated the AnNOMBR-MD for sewage treatment, and ammonia was the only
parameter above the potability limits established in the Brazilian legislation due to its passage
through the MD membranes. Additionally, issues with low permeate flux in the hybrid FO-MD
module hinder large-scale application and increase costs. Caroline Ricci et al. (2021) and
Arcanjo et al. (2022) shown a stabilized flux of approximately 0.5 L m h** after 30 days of
operation, highlighting the need to increasing the permeate fluxes in FO and MD to reduce

overall treatment costs.

Seeking to address these challenges, granular sludge (GS) has been widely applied in other
MBRs configurations (Chu et al., 2005; Faria et al., 2020a; Sheldon & Erdogan, 2016).
Compared to floccular sludge, the larger size of GS promotes a denser structure, greater
sedimentation characteristics, and greater filtration capacity (Jing-Feng et al., 2012). Kang et
al. (2023a) showed that the particle size of anaerobic sludge is directly related to ammonia
removal efficiency by ANAMMOX. The authors achieved 100% ammonia removal by
adjusting the granule size from 0.6 to 1.6 mm for an influent NH4*-N concentration of 55 mg
L. In addition, Lin et al. (2023) observed that adding a calcium source in the anaerobic sludge
feed can stimulate the formation of GS in a short period, increasing the biomass capacity in

ammonia removal.
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Granular sludge (GS) has been effective in reducing membrane biofouling in MBR. Smaller
sludge granules enhance specific interaction energy in contact, facilitating the adhesion of the
small granules in suspension to the membrane surface, and consequently, reducing the water
flux (Shen et al., 2015). Wang et al. (2013) used an MBR with aerobic GS to treat synthetic
wastewater. They achieved a long and stable operation with a high permeate flux (20 L m h-
1y compared to flocculent sludge. Besides, Faria et al. (2020a) showed that the combination of
membrane with expanded granular sludge bed reactors (EGSB) reduced the fouling potential
since the contact of the submerged membranes occurred only with the EGSB supernatant. It is
also noteworthy that the formation of the GS is facilitated with the EGSB configuration since
this reactor allows the expansion of the sludge bed, improving the biomass-feed contact
(Sheldon & Erdogan, 2016)

Given the above, the objective of the present study was to evaluate the performance of a
granular anaerobic membrane bioreactor associated with a hybrid module of forward osmosis
— membrane distillation (G-AnOMBR/MD) — using an EGSB as granular reactor - for the
treatment of domestic sewage, focusing on BPA, COD, P-PO+*, and N-NH4 removal.
Additionally, ecotoxicological tests, risk assessment, and cost evaluation were performed,
seeking a holistic investigation of this MBR configuration to facilitate scaling for large-scale
applications. Previous studies have not yet reported this MBR configuration. Therefore, this
study impacts the advancement of several lines of research, such as (1) the evaluation of a
hybrid module of FO-MD membranes associated with an EGSB reactor, as a new technology
for the advanced treatment of wastewater; (2) the search for efficient technologies for removing
recalcitrant micropollutants, such as BPA; (3) the investigation on the increase in nutrient
removal by anaerobic MBRs, from GS; (4) integrated analyses — and not only regarding
removal efficiencies — of wastewater treatment technologies, such as assessment of toxicity,

environmental and human health risks and costs.

5.2 MATERIALS AND METHODS

5.2.1 Granulation of anaerobic sludge

The sewage sludge was collected in an upflow anaerobic sludge blanket (UASB) at the Ribeirdo
do Onga WWTP, located in the metropolitan region of Belo Horizonte, Minas Gerais, Brazil.
The sludge was inoculated to an upflow anaerobic reactor for preliminary granulation to ensure

the granulation of anaerobic sludge in EGSB reactors (used in the next steps), since it was
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essential that the sludge already showed good sedimentability so that the ascensional velocity,
potentiated by the wastewater recirculation, did not interfere with the maintenance of the sludge
granulation process or cause the elimination of granular biomass from the reactor (Faria et al.,
2020a).

For the preliminary granulation, the feed was composed of synthetic sewage, prepared
according to the modified methodology of Mockaitis et al. (2014), presented in Table 1.
Calcium chloride (CaCly), a granulation precursor, was added to the synthetic sewage at 400
mg L (Faria et al., 2020a) to aid in granulation by neutralizing the negative charges on
microbial surfaces, reducing electrostatic repulsion and favoring granulation (Y. Liu et al.,
2002). The granulation process followed the methodology proposed by Faria et al. (2020a) to
optimize the granulation of sludge, and operated with a specific organic loading rate (SOLR)
of 126.5 mgCOD gVSS? d; a hydraulic retention time (HRT) of 15.7 h; a recirculation flow

+ feed equal to 10.7 L h'; and an ascensional velocity of 3.8 m h.

Table 1 - Composition of synthetic sewage.

Component Concentration (mg L)
Meat extract 208
KH2PO4 120
LAS (tensoative) 15
MgCl> 1.53
NaCl 250
NaHCOs 200
Vegetable oil 51
Starch 114
Sucrose 35

During the granulation step, the sludge was evaluated for particle size in a laser dispersion
particle size distribution analyzer (Model LA-950, Horiba) and by observations under an
Olympus CX31 microscope. Sludge can be considered granular when 10% of the granules have
a diameter greater than 2 mm (Yu, 2001). The resistance test of the granules was performed
from the adapted ultrasound method: 10 mL of sludge was added in to Erlenmeyer (25 mL),
completing the volume with deionized water. The sample was homogenized and its turbidity
read in a spectrophotometer at 600 nm. After this step, the sample was placed in an ultrasound
bath at 20-25 kHz, 65 W, and turbidity is re-evaluated after 5, 10, 15, 20, and 25 minutes in an

ultrasound bath. In this way, the resistance of the granules was evaluated from the disintegration
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of the sludge over time (Wan et al., 2013). Sludge was also evaluated for volatile suspended
solids (VSS), and its capacity to remove chemical oxygen demand (COD) from feed, according
to the Standard Methods for the Examination of Water and Wastewater (APHA, 2017), as
shown in Table 2.

To assess the relative abundance and taxonomic classification of the sequences in the GS, DNA
was extracted from 0.5 g of sludge using DNA Power Soil Kit (Mobio Laboratories, Inc.,
Carlsbad, CA, USA) following the manufacturer's instructions. Quantitative PCR (qgPCR) was
used to estimate the number of copies of 16S rRNA gene (16SV4 region) using primers 505F
806R, synthesized with pre-adapters compatible with the Illumina platform. The products of
this amplification were visualized on 1.5% agarose gel. This PCR product was purified with
AMPure XP Beads (Beckman Coulter, Life Sciences). After this step, the Illumina adapters
were ligated in a PCR reaction (index Nextera XT Index Primer 1 (N7xx) and Nextera XT Index
Primer 2 (S5xx). Then, another purification of the PCR product was performed with AMPure
XP Beads (Beckman Coulter, Life Sciences). After purification, the products of this
amplification were visualized on 1.5% agarose gel. The PCR products from the ligation of the
adapters were quantified in NanoDrop (Thermo) and then normalized to the same
concentration. Then, an equimolar pool was made with all samples, quantified by gPCR to
validate and determine the final concentration of the pool in nM. The KAPA Library
Quantification kit for Illumina (Roche) was used, and sequencing was performed on the

Illumina NextSeq2000 equipment in 2x300 bp runs.

5.2.2 G-AnOMBR/MD experimental setup and operational conditions

As feed solution (FS) for G-AnNOMBR/MD, synthetic sewage simulating real domestic sewage
was prepared according to Table 1. Also, it was fortified with BPA in concentration of 20 pg
L, determinate based in concentrations of BPA in raw sewage (Santos et al., 2024a). BPA
(purity > 97%; product number: 133027) was purchased from Sigma-Aldrich® and the stock
solution (100 mg L) was prepared in methanol. For draw solution (DS), MgCl concentration
of 2.1 mol L was used as solute. MgCl. was pointed out by Arcanjo et al. (2020) as the ideal

solute for this system, mainly due to the reduced reverse salt flux (Js).

The sludge previously granulated was inoculated in an EGSB reactor, following the same
operating conditions of the granulation step, and an applied SOLR of 58.6 mgCOD gVSS™ d.
900 mL of GS (55 g L VSS) was added to the EGSB (2.7 L), resulting in a VVSS concentration
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equal to 18.3 g L in EGSB. The mixed liquor (ML) from the EGSB reactor was pumped into
the membrane tank with a submerged FO-MD hybrid module and the recirculation of ML
occurred in EGSB reactor, as shown in Figure 1. The HRT and solid retention time (SRT) in

EGSB reactor were 15.7 h and 31 d, respectively.

Figure 1 - Experimental setup of granular anaerobic membrane bioreactor associated with a
hybrid module of forward osmosis — membrane distillation (G-AnOMBR/MD).
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The flat-sheet FO membrane (Hydration Technologies, Albany, USA) used in this study has a
thickness of 50 um, a water permeability coefficient of 1.29 x 102> m s Pa™%, and a structural
parameter of 481 um. The FO membrane had an asymmetric structure and was composed of
cellulose triacetate with an embedded polyester screen support. The flat-sheet MD membrane
(Sterlitech, USA) composed of polytetrafluoroethylene (PTFE) in a non-
woven polypropylene with an average pore size of 0.2 um. Also, has a thickness in the range
of 76 - 152 pum, water entry pressure > 37 psi, and air permeability of 0.26 - 0.55 L mint cm2.
All experiments were conducted with the FO membrane active layer facing the FS, and MD

tests were carried out in the direct contact configuration (DCMD).

The FO-MD module consists of a plate-and-frame system with three compartments. The
compartments were separated and sealed by four membranes, with an area of 132 cm? each. FO
membranes were placed on the outer faces, while the MD membranes were placed on the inner

ones. The heating DS was recirculated in the outer compartments, while the cooled distillate
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(DT) was recirculated inside the middle compartment. Furthermore, the DS and the DT flowed
counter-currently (Ricci et al., 2021). Counter-current flow was preferred in this system because
it leads to better water vapor flux and reduced fouling compared to the co-current
flow (Francis et al., 2014; Lee et al., 2014).

DS temperature was maintained by a heating element (electric resistance) and a thermostat
controller (MT520E fast, Full Gauge Controls, Canoas, Brazil), and DT cooling was maintained
by a chiller (Chiller Gelaqua 1/8 hp., Santos, Brazil). The circulation rate and temperature for
DS were set up at 75 L h'* and 45 °C, respectively. For DT, these values were 80 L h and 25
°C. The system was operated under continuous flow and a computer recorded the weight of the
DS and DT every 5 min. The conductivity, pH and temperature of samples were monitored
daily. In addition, samples from FS, EGSBefr, membrane tank (MT), and DT were collected

weekly for physicochemical characterization.

5.2.3 Analytical methods

5.2.3.1 Physicochemical analyses

The physicochemical analyses were performed following the methodologies of the Standard
Methods for the Examination of Water and Wastewater (APHA, 2017), as shown in Table 2.

Table 2 - Analytical methods

Parameter Method
pH 4500-H*
Conductivity 2510
Chemical oxygen demand (COD) 5220
Total suspended solids (TSS) 2540 D
Volatile suspended solids (VSS) 2540 E
Total phosphorus (P — P0,37) 4500-P D
Ammoniacal nitrogen (N — NH,*) 4500-NH3 B e C

5.2.3.2 BPA identification and quantification

Extraction of BPA from samples was performed according to Wang et al. (2005). Before
extraction of BPA, the pH of samples was adjusted for a range of 2 to 3 using H2SO4 solution.
The Cqs-E cartridges were conditioned twice with 5 mL each of ethyl acetate, methanol, and
deionized water. The extraction used a vacuum manifold (Phenomenex, California, USA). 600
mL of permeate (15th and 30th day of operation) and 250 mL of EGSB effluent (15th and 30th
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day of operation) were used for BPA extraction. The samples were passed through the cartridge
at a 5 mL min flow rate and vacuum dried. In sequence, the analyte was eluted with 4 mL of

ethyl acetate, transferred to glass vials and immediately analyzed.

Determination of BPA was performed by gas chromatography with mass spectrometry (GC-
MS) Shimadzu GCMS-QP2010, according to the modified methodology by Kiejza et al (2022).
The separation was achieved by a DB-5MS column with dimensions of 30 m x 0.25 mm x 0.25
pum film thickness. Helium (99.999%) was used as a carrier gas at a constant flow rate of 1.0
mL mint. The injector worked in splitless mode at a temperature of 250 °C. The oven operated
using a starting temperature of 130 °C for 3 min; then, the temperature was raised by increments
of 30 °C mint until reaching 250 °C after 4 min; after, the temperature was raised at a rate of
20 °C mint until reaching the final temperature of 310 °C. The system operated at this final
temperature for 5 min, making the total analysis 19 min. The electron impact source temperature
was 230 °C, with an electron energy of 70 eV. The quadrupole temperature was 150 °C, and
the GC interface temperature was 280 °C. The MS detector was set to work in selected ion
monitoring (SIM) mode. The compound was identified based on retention time (RT) and mass
spectra obtained from scan acquisition mode. The BPA calibration curve was performed in the

linear range of 0.2 - 20 ng mL™,

For quality assurance and quality control, samples were spiked separately with 5 ng mL™ of
BPA standards, then extracted, derivatized, and quantified as mentioned above. Thus, obtained
linearity, mean recovery, precision (% RSD), limit of detection (LOD), and limit of
quantification (LOQ) were calculated. The LOD and LOQ were estimated from slope of the
standard curve, and standard deviation of standard solution at a concentration of 0.2 ng mL™ of
BPA (Selvaraj et al., 2014).

5.2.4 Permeate fluxes and removal efficiencies

Permeate fluxes in MD (Jwp) and FO (Jro) membranes were calculated by Equation 1 and

Equation 2:
A
Jmp = At:; (1)
_ AmDs 2
Jro = + Jmp (2)

AtXAm
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where Amp and Amps are the increase in distillate and DS weight, respectively, over a period,

At, and An is the module membrane area.

The overall removal efficiency of the AnNOMBR-MD was calculated by Equation 3.

Cps—C
RanoMBR-MD = %X 100 (3)

where Crs is the contaminant concentration in the feed solution, and Cpmp is the contaminant

concentration of the MD permeate.

5.2.5 Ecotoxicological tests

Ecotoxicological tests were carried out for FS, EGSB effluent, membrane tank (MT), and DT.
Acute toxicity tests with the luminescent marine bacteria Aliivibrio fischeri were carried out
using the MICROTOX® model 500 Analyzer (SDI) equipment, following ABNT NBR 15411-
3 (2021) and the protocol established by the software (MICROTOX® Omni Software, version
4.1) of MICROTOX®. The effect concentration (ECsg) was determined from the
MICROTOX® 81.9% Basic Test with 9 concentrations for each sample (81.9%, 40.95%,
20.48%, 10.24%, 5.12%, 2.56%, 1.28%, 0.64% and 0.32% v/v). The luminescence
measurement of the bacteria was carried out for 30 minutes. The software makes a comparison
of bacteria luminescence with samples and the control. The lower the light emitted, the greater
the toxicity of the sample. Therefore, the relative toxicity of the sample is expressed as the
percentage of inhibition compared to the control (Biatk-Bielinska et al., 2022).

To perform the tests, the pH of the samples was, when necessary, adjusted to values between
6.0 and 8.5 using HCI or NaOH, and the salinity was verified with an Instrutherm RTS-101ATC
High Resolution Refractometer for Salinity. In samples with salinity below 20%, a NaCl (22%)
solution was added for osmotic adjustment. The bacteria used in the tests were kept at -22°C,
and, according to NBR 15411-3 (2006), the sensitivity test was performed with each batch of
bacteria, using the reference solution of zinc sulfate heptahydrate (ZnSOa4. 7H,0). According
to standard, gamma effect should be between 0.6 and 1.8 in the control, and the inhibition effect
between 20% and 80% for the reference solution. The results obtained in toxicity tests were
transformed into values of toxic unit (TU), dividing 100 by the ECso, to facilitate discussion of
the results. In addition, the toxicity was classified as proposed by Persoone et al. (2003): class
I (TU <1)-non toxic; class Il (1 < TU < 10) - toxic; class 111 (10 < TU <100) - very toxic; class
IV (TU > 100) - highly toxic.
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5.2.6 Human health and environmental risk assessment for BPA

To assess the acute and chronic environmental risks for BPA, expressed as the risk quotient
(RQ), the concentration of BPA in FS, EGSB effluent, and DT on the 15ht and 31ht day (last
day) of operation was considered. The RQ values were obtained through the quotient between
the concentrations of BPA by predicted no-effect concentration (PNEC). For the calculation of
the PNEC, acute or chronic toxicities for BPA were considered, as well as a correction factor,
which follows the criteria: 10 for NOECs from at least three species representing three trophic
levels; 50 for NOECs from species representing two trophic levels; 100 for NOECs from only
one trophic level; and 1000 for one E(L)Cso from each of three trophic levels (European
Commission, 1996). For toxicity values of BPA, the more critical E(L)Csoand NOEC, reported
for several trophic levels by Santos et al. (2024a), were considered.

Human health risk, estimated as the hazard quotient (HQ), was calculated to determine possible
chronic non-carcinogenic health effects by consuming water with BPA. For this, were used the
BPA concentration in FS, EGSBefr, and DT divided by drinking water equivalent level
(DWEL), calculated according to established values from U.S. EPA (U.S. EPA, 2011). DWEL
considers tolerable daily intake for BPA (4 ug kg bw™ day?) recommended by the European
Food Safety Authority, the body weight for adult (60 kg for > 10 years of age) and children (10
kg for < 10 years of age), the relative contribution of water exposure (equal to 0.2), and the
daily water intake for adult (2 L d') and children (1 L d!). For both environmental and human
risk assessment, the following classification was used: for R(H)Q> 1, the risk is high; when 0.1
<R(H)Q < 1, the risk was considered medium; for 0.01 < R(H)Q <0.1 the risk is low; and if
R(H)Q <0.01 the risk is negligible (European Commission, 1996).

5.2.7 Preliminary cost evaluation

Preliminary cost evaluation of the G-AnOMBR/MD was carried out through capital
expenditures (CAPEX) and operating expenditures (OPEX), based on the experimental results.
For direct and indirect CAPEX, the cost of civil work, intake and pretreatment, pumps,
membrane acquisition, anaerobic tank, membrane tank, mixers, and heat exchangers were
considered (Osipi et al., 2018). Table 3 shows the general parameters considered for the

CAPEX and OPEX estimation of large-scale system.
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Table 3 - Parameters considered for the CAPEX and OPEX estimation.

Parameter Value Reference
Population (inhabitants) 100,000 This study
Flow rate (m® h't) 790 This study
Water per capita (L inhab* d?) 150 (ABNT, 1986)
Return coefficient 0.7 (ABNT, 1986)
Maximum hourly flow coefficient (k1) 1.2 (ABNT, 1986)
Maximum daily flow coefficient (k2) 15 (ABNT, 1986)
Biological tank (US$ m™®) 235 (ABNT, 1986)
Membrane tank (US$ m) 235 (Verrecht et al., 2010)
Mixing energy consumption (W m?) 8 (Verrecht et al., 2010)
Investment rate (%) 16.3 This study
Design life plant (years) 15 This study

In addition, the parameters adopted specifically for estimating CAPEX and OPEX of the FO-

MD module are shown in Table 4. For DS replenishment costs the reverse salt flux (Js) and the

diffusion flux from the DS to the DT, calculated by Arcanjo et al. (2020), were considered.

Table 4 — Parameters considered for FO-MD CAPEX and OPEX estimation.

Parameter FO MD References
RR FO-MD system (%) 50 This study
Qf FO-MD system (m® h™') 790 This study
Qp FO-MD system (m3 h™) 395 This study
Jp FO-MD (L m2h™) 0.5 This study
Membrane cost (US$ m2) 56 60 (Zarebska-Mglgaard et al., 2022)
MgCl, requirement (kg m—year?) 270 - This study
MgCl, price (US$ kg™!) 0.12 (Zarebska-Mglgaard et al., 2022)
n (%) 85 (Vinardell et al., 2020a)
Pinter (bar) 2 This study
Energy price (US$ kW 'h™) 0.04 (Z. Zhang et al., 2022a)
Thermal energy price (US$ kW 'h™") 0.025 (Z. Zhang et al., 2022a)
Energy requirement (kWh d ') 1555.2 This study
Thermal energy requirement (kwWh d') 256825.7 This study
Density of DS (kg m) 1164 (Arcanjo et al., 2020)
Specific heat DS (kJ kg! K?) 4,1788 (Arcanjo et al., 2020)
Tos (°C) 45 This study
Tor (°C) 25 This study
Membranes lifespan (year) 5 This study
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Specific produced permeate cost (SPC) was calculated according to Equation 5, as proposed by
Osipi et al. (2018).
af SAPEX L OPEX

— - f
SPC = ——F—— (5)

where f is the utilization factor (equal to 1, considering the maximum system capacity), Qp is

the total annual produced permeate, and af is the amortization factor, calculated according to

Equation 6:
_ic.(1+1i)PL
af = (1+ic)PLl-1 ©)

where icis the investment rate and DL is the design lifetime of the plant for the FO-MD system.

Energy requirement for DS and DT circulation pumps and reactor stirring was estimated
according to Equation 7, while Equation 8 calculated thermal specific energy consumption
(TSEC) for MD heating and cooling:

SEC — Wpump t — l:’inlet- Qf. Nc . t (7)
n-Qp n- Qp
TSEC = Qs - pr -Clzlfp-(Th_Tc) ()

where Wpump is the work done by the pump, t is the daily operating time, Qs is the feed flow,
Pinlet is the pump discharge pressure, 1) is the pump efficiency, N¢ is the number of compartments
(two for FO and one for MD), pr and Cpr is the density and specific heat of the MD feed (draw

solution), Th is the heating temperature, and T¢ is the cooling temperature for MD.

5.3 RESULTS AND DISCUSSION
5.3.1 Granular sludge characteristics

The sludge pre-granulation process was evaluated for 145 days. The initial flocculent sludge
had an average diameter of 219 um and a 90th percentile of 624 um, i.e., 10% of the granules
were greater than this value. Until approximately the hundredth day, the increase in granules
was moderate, with an average diameter ranging from 214 to 418 um and a 90th percentile
ranging from 589 to 1190 um. After this period, a more considerable increase in granule

diameter was observed, reaching a 90th percentile greater than 2000 um (considered GS) from



126

day 133. The process continued until 145 days to evaluate the stability of the anaerobic granule
diameter. Figure 2 shows the increase in granule diameter over time and the sludge's optical
microscope images (magnified 4x) from day 0 to day 145. On day O, it is possible to see the
sludge with a flocculent appearance, while the granules were apparent on the last day of

granulation.

The mechanisms of anaerobic granule formation have yet to be fully elucidated. However,
studies show that there are four steps for sludge granulation to occur: (1) transport of a cell to
the surface of an uncolonized inert material or another cell; (2) initial reversible adsorption on
the substrate by physicochemical forces; (3) irreversible adhesion of cells to the substrate by
extracellular polymeric substance (EPS) that fix the cells to the substrate; and (4) cell
multiplication and the development of stable granules (Lim & Kim, 2014; Show et al., 2020).
Therefore, 133 days for sludge granulation is a reasonable time, given the complexity of the
physical, chemical, and biological processes involved. Other studies indicate a granulation time
in an upflow reactor seeded with anaerobic flocculent sludge of 4 to 6 months (Y. Liu & Tay,
2004).

The granule resistance test demonstrated that in a static condition, the turbidity of the flocculent
sludge (day 0) was 320 + 43 NTU. In comparison, the GS had a turbidity of 110 + 3.3 NTU.
After subjecting the sludge samples to 5 minutes of ultrasonic agitation, the turbidity of the
flocculent sludge increased considerably, totaling 400 £ 15 NTU, while for the GS, this value
was lower (130 + 4 NTU). After 25 minutes of agitation, the observed turbidity was 500 + 2.7
NTU and 180 + 5.6 NTU for the flocculent and GS, respectively (Figure 2). These results show
that the flocculent sludge is unstable and can easily dissociate. In contrast, the GS was more
stable during the agitation periods. Anaerobic granules tend to weaken as the cell surface's
negative charge increases (Y. Liu & Tay, 2004). Therefore, the addition of CaCl, during the
granulation period was essential for the strength of the granules since it helped in the union of

negatively charged cells, forming denser microbial nuclei.

On average, organic matter removal was 82.4% for the flocculent sludge (day 0). During the
first hundred days of granulation, the average removal increased to 89.5 + 3%. With the increase
in granule diameter, the COD removal tended to increase even more, and at the end of the
granulation process, the removal was 96.3% (Figure 2). Several characteristics make GS more

efficient in removing organic matter compared to flocculent sludge, such as greater biomass
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retention and diversified microbial communities inside the granules, and better sedimentation
properties (Show et al., 2020). Therefore, the increased removal of organic matter by GS
corroborates the results of other studies (C. V. Faria et al., 2019; Jijai et al., 2015). At the end
of the operation, the GS had a VSS concentration equal to 55 g L.

A taxonomic evaluation of the microbial groups present in the GS was performed. Figure 3
shows the abundance of bacteria (> 1%) in the sludge after the granulation period. No archaea
group was in a proportion greater than 1%. The most abundant bacteria groups were
Rikenellaceae (11%) and Rhodocyclaceae (9%), families of Gram-negative bacteria. Recent
studies show that Gram-negative bacteria — through quorum sensing (QS) activity — can secrete
EPS, facilitating the granules formation (Hou et al., 2021; Lv et al., 2023). Additionally, Tan et
al. (Tan et al., 2014) showed the correlation between granular disintegration and the reduction
of N-acyl-homoserine-lactone (AHL) content, a common autoinducer in Gram-negative
bacteria during QS activity. Thus, these bacteria are vital in increasing particle aggregation and

stability during sludge granulation.



1

128

Figure 2 - Sewage sludge particle diameter and COD removal over time, image (magnified 4x) of sludge at day 0 (flocculent) and day 145 (granular) and

sludge strength at day 0 (flocculent) and day 145 (granular).
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Some groups of filamentous bacteria were also present, such as the genera Smithella and
Flexilinea flocculi (Figure 3). These filamentous bacteria are essential in the initial stages
of sludge granulation since their spaghetti-like structure facilitates the aggregation of
microbial cells, organic matter, and EPS, trapping them. Thus, this structure evolves and
becomes a dense and rounded granule due to hydrodynamic shear (Hulshoff Pol et al.,
2004; Show et al., 2020). The role of these microbial groups in contaminant removal

during wastewater treatment will be discussed in the following sections.

Figure 3 - Relative abundance (>1%) and taxonomic classification of bacterial

sequences present in GS (day 145).
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5.3.2 G-AnNOMBR/MD permeate flux and removals

FO permeate flux (Jro) was 2.75 L m? h'! at the beginning of the operation and decreased
more sharply until approximately the fifth day. After this period, it tended to stabilize
around 1 L m? h'? until the end of the operation. Studies have observed that a common
phenomenon in the FO process - internal concentration polarization (ICP) - contributes
to Jro reduction. ICP results in DS dilution due to water passage at the interface between
the active and support layers of the FO membrane. Thus, a dilution in osmotic pressure
occurs, reducing the flux (Achilli et al., 2010). Another reason for the decline in Jro was
the accumulation of salinity in the EGSB supernatant, which reduced the driving force of
the process. The electrical conductivity in the EGSB supernatant was about 1.8 mS cm™
at the beginning of the operation; at the end, it was about 8,000 uS cm™ (Figure 4). This

accumulation of ions is influenced by Js and by the dissolved compounds retained by the
FO membrane.

Figure 4 - FO and MD permeate flux and electrical conductivity (EC) in the EGSB
supernatant throughout the G-AnNOMBR/MD operation.
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For MD, the initial flux was 1.56 L m? h't. A less sharp reduction was observed at the
beginning of the operation until stabilization around 1 L m? h* (Figure 4). Although MD
performance is relatively independent of feed salinity, concentration and temperature

polarization can impact the permeate flux (Ricci et al., 2019). The temperatures in the DS



131

(45 °C) and DT (25 °C) resulted in a MD temperature gradient of 20 °C; however,
temperature polarization, which is the reduction of temperature at the membrane interface
on the FS side and increment on the DT side, reduced the effective temperature difference

across the MD membrane, leading to the flux reduction (Ricci et al., 2019).

In addition, Santos et al. (2023) showed that the flux reduction in FO-MD hybrid module
submerged in anaerobic reactor is primarily associated with organic fouling in FO and
inorganic fouling in MD, mainly composed of Mg and CI present in DS. In the previous
studies using a FO-MD hybrid module, the permeate flux stabilized around 0.5 L m? h'
(Arcanjo et al., 2022; Caroline Ricci et al., 2021; Santos et al., 2023). Thus, the G-
AnOMBR/MD configuration increased the permeate flux to twice that found in previous
studies. Using GS with high sedimentation capacity in the EGSB reactor and an external
membrane tank reduced the VSS in contact with the membranes, reducing the possibility

of fouling compared to submerged modules using flocculent sludge.

Cleaning procedures are essential to recover permeate flux throughout the operation.
Silva et al. (2024) highlight that, for FO-MD modules, chemical cleaning agents can be a
strategy. However, using chemicals brings a cost and an ecological footprint associated
with their use. Thus, an alternative is physical cleaning, which efficiently removes
reversible fouling. In addition, new cleaning options have been developed, such as free
nitrous acid, which has biocidal properties and the ability to break the structure of the
exopolysaccharide matrix formed by microorganisms, in addition to its relatively low cost
and biodegradability (Silva et al., 2024).

The physicochemical characteristics of the FS are presented in Table S1. The average
COD concentration in the EGSB effluent was 101.7 + 26.3 mg L, equivalent to an
average organic matter removal of 82.6% by the GS (Figure 5). In comparison with the
average removal obtained by the sludge during the granulation phase (28.6 mgcop Qvss’
1y, as reported in Section 2.1, there was a slight reduction in the biodegradation of organic
matter by microorganisms in the EGSB reactor (26.4 mgcop gvss'). During the
operation, the conductivity of the EGSB supernatant increased due to the reverse salt flux
through FO membranes (Figure 4). Studies report that increased salinity in anaerobic
sludge can inhibit microbial activity and reduce pollutant removals (Arcanjo et al., 2022;
Chen et al., 2019). However, generally, GS is more resistant to salinity than flocculent
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sludge (Corsino et al., 2018). Furthermore, no reduction in microbial activity was
observed due to the presence of BPA. Therefore, the COD removal performance was not

significantly affected.

It is essential to highlight that the organic matter biodegradation by the GS in the G-
AnOMBR/MD was higher compared to other studies using anaerobic flocculent sludge
during the treatment of domestic wastewater (Heffernan et al., 2011; Liu et al., 2020; Mei
et al., 2018; Santos et al., 2023). Due to its denser and more compact structure, GS
provides better retention of active biomass and lower resistance to substrate transport
through the granules. Furthermore, GS retains greater microbial diversity in its granules,
with different types of microorganisms organized by layers. This allows more efficient
biodegradation due to microbial groups specialized in the degradation of diverse organic
matter and nutrients (Lin et al., 2014; Winkler et al., 2018).

Figure 5 - COD concentrations in DT and EGSB effluent and their respective removals
throughout the G-AnOMBR/MD operation.
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In the present study, the average temperature in the EGSB was 23 °C. It is known that the
operational efficiency of AnMBR regarding microbial activity and biogas generation is
increased under mesophilic (30-40 °C) and thermophilic (50-60 °C) conditions.
However, this is a limiting factor in some locations, especially in non-tropical countries.
Thus, room temperature can benefit energy in these cases (Plevri et al., 2021). Therefore,
studies have evaluated the efficiency of AnMBR under different temperature and
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hydraulic retention time (HRT) conditions, pointing to an efficient removal of organic
matter - meeting the limits of the European directive 91/271/EEC - with temperatures
ranging from 12 to 26 °C, for HRT around 12h (Garcia et al., 2013; Plevri et al., 2021,
Lettinga et al., 1981). Thus, even at room temperature, EGSB - where the HRT was 15.7h
during operation - achieved a satisfactory removal of organic matter.

The overall COD removal by the G-AnOMBR/MD was 95.6%, which highlights the role
of the FO-MD membranes in achieving a high removal of organic matter by the system,
resulting in a permeate with an average COD concentration of 22.8 mg L™ after FO-MD
flux stabilization (22nd day). Hybrid FO-MD modules have shown high removal of
organic matter, mainly due to the FO exclusion by pore size and rejection by MD, where
only water vapor is transported through the membrane pores (Kamel et al., 2023). Despite
the high rejection by the FO-MD module, a small portion of organic matter was present
inthe DT. This may be due to some dissolved organic carbon particles with low molecular
weight that cross the FO membranes, such as volatile organic compounds generated
during anaerobic processes (Yangali-Quintanilla et al., 2011). When passing through the
FO membranes, these compounds can reach the MD permeate more quickly due to their
volatility (Arcanjo et al., 2022).

As a comparison with G-ANOMBR/MD, Kwon et al. (2021) used an anaerobic fluidized
bed bioreactor integrated with FO-MD and observed an average removal of 90% of COD.
In contrast, Morrow et al. (2018) had higher removals of 98.4% of COD and 90.2% of N-
NH4" with an osmotic membrane bioreactor-membrane distillation (OMBR-MD). In
addition, Nguyen et al. (2021) wused a dynamic-osmotic membrane
bioreactor/nanofiltration (OsMBR/NF) and achieved removals of 98% of COD, 99% of
P-PO.*, and 93% of N-NH.". Hybrid AnMBRs using reverse osmosis achieved higher
removals. For example, Liu et al. (2020) achieved total organic carbon (TOC) removals
of 99.5% using an integrated anaerobic fixed-film membrane bioreactor with reverse
osmosis (AnfMBR-RO). Wang et al. (2020) observed 99.9% DOC removals with an

aerobic granular sludge membrane bioreactor and reverse osmosis (AGSMBR-RO).

As shown in Figure 6, there was no removal of P-PO+*" by the anaerobic GS. Instead,
there was a slight increase in P-PO+*" in the EGSB effluent. In other studies using EGSB

reactors, P-PO+*" removal was also null or negative (lbrar et al., 2022; Nguyen et al.,
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2020). However, it is essential to highlight that the removal by the FO-MD membranes
was high, resulting in an average global removal of 99.6% by the G-AnOMBR/MD and
a P-POs*" concentration in the DT < 0.02 mg L? after system stabilization (flux

stabilization).

Figure 6 — G-AnOMBR/MD removals and average concentrations of N-NH." and P-
PO+~ in FS, EGSB effluent and DT.
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Regarding N- NH4*, an average concentration of 14.2 + 0.3 mg L™ was observed in the
EGSB reactor effluent (Figure 6). During anaerobic treatment, organic nitrogen is
converted to N-NH4*. Thus, the presence of this nutrient in the EGSB effluent was
expected. The overall removal of N-NH4" by G-AnOMBR/MD was, on average, 91 +
3.2%, with a mean concentration in the DT of 1.4 + 0.16 mg L™ after flux stabilization.
In previous studies using ANOMBR-MD with flocculent sludge the N-NH4* concentration
in the DT was > 5.8 mg L (Arcanjo et al., 2021, 2022).

Due to the low molecular weight, some NH4" can pass through the FO membranes. In
sequence, since ammonia is a volatile compound, it can permeate MD membranes,
reaching the DT. This is more difficult to occur with PO4*, which has a relatively larger
molecular size than ammonia, leading to higher rejection efficiency by the FO membrane.
In addition, phosphate ions are non-volatile, which means they cannot transfer to the

vapor phase and permeate the hydrophobic MD membrane. Furthermore, cellulose
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triacetate, a polymer component of the FO membrane, generally exhibits a negative
charge under neutral pH conditions. Thus, the electrostatic attraction between the FO
membrane and NH4", which is positively charged, should be more pronounced than that

of the PO4* ion, which is negatively charged (Kwon et al., 2021).

5.3.3 G-AnOMBR/MD efficiency for BPA removal

BPA was identified in mass spectra from full scan acquisition mode (m/z 213; 228; 119)
atan RT of 9.53 min. The GC-MS chromatogram for the BPA standard sample, EGSBetr,
and DT were provided in Figure S1. Besides, the obtained linearity, precision (% RSD),
mean recovery for DT and EGSBe, limit of detection (LOD), and limit of quantification
(LOQ) were shown in Table 5. A satisfactory linearity was obtained (R = 0.990) as well
as a high precision, especially for the standard concentration of 20 pg L™ (0.25% RSD).
Furthermore, a LOD and LOQ of 0.045 pg L™ and 0.150 pg L™ were obtained,
respectively. The recovery for DT (101.66%) was better than that for EGSBetr (64.82%).
This occurs due to the presence of organic matter and solid particles in the more complex

matrices, which can significantly affect the recovery of BPA (Ramos et al., 2021).

Table 5 - Quality assurance and quality control parameters of BPA.

Precision (%RSD) 0 _
Characteristic RT , (n=3) Recovery (%) (n=3) LOD  LOQ

_ R (/L) (ng/L)
ion (m/z) (min) 0.2 5 20 > -
o/l pg/ll pg/l DT EGSBet  (n=5)  (n=5)

213;228;119 953 0.990 7.90 9.78 0.25 101.66 64.82 0.045  0.150

The BPA concentrations in EGSBess and DT on days 15 and 30 of operation and the
respective removals by the EGSB reactor and G-AnNOMBR/MD were shown in Figure 7.
At 15 days of operation, the BPA concentration in the EGSBess was 3.05 pg L, and at 30
days it increased moderately to 3.34 pg L7, resulting in a removal of 83.3% (30 d).
Generally, the biodegradation of micropollutants is lower under anaerobic conditions.
The biodegradation constant for BPA (Kio) Was estimated to be 0.23 L gSS™ h?, while
for aerobic, it is 0.30 L gSS™* h? (H. Wang et al., 2019a; Zhou et al., 2012). However, the
EGSB reactor showed a superior removal to conventional anaerobic processes applied to
BPA removal (Arias et al., 2018a; Queiroz et al., 2012). For example, Vassalle et al.

(Vassalle et al., 2020a) evaluated the removal of several micropollutants by



136

Upflow Anaerobic Sludge Blanket (UASB) reactor and concluded that BPA was the most
recalcitrant to anaerobic treatment, presenting a removal of 1.5%. Similarly, Arias et al.
(2018b) observed BPA removals of less than 10% in UASB reactor, while Moya-Llamas
et al. (2018a) reported removals of 57 to 59%.

Figure 7 — Concentration (u L) and removal of BPA by EGSB, FO-MD, and G-

AnNOMBR/MD.
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Like other recalcitrant compounds, BPA is more efficiently removed in complex
microbial communities where microorganisms cooperate, and the range of metabolic
pathways is broad. In this sense, both BPA degraders and non-BPA degraders are
important since microorganisms that cannot biodegrade BPA can assist by increasing the
activity of BPA degraders or through co-metabolism. For this reason, granular sludge is
more efficient in BPA removal. The structure of the granules is densely packed with
several microorganisms, which ensures a wide range of metabolic processes
simultaneously (Cydzik-Kwiatkowska et al., 2017). In addition, EGSB reactors promote
greater biomass-feed contact, which can increase the biodegradation efficiency.

Fan et al. (2022) investigated the influence of several microorganisms on the anaerobic
removal of organic compounds and observed that the increased abundance of
Bacteroidetes-vadinHAL17 — the third most abundant group in the GS (Figure 3) — was

associated with the degradation of phenolic compounds. Furthermore, Rhodocyclaceae
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and Pseudomonas, present in GS among the most abundant, have also been associated
with BPA biodegradation (Martinez-Quintela et al., 2023; B. Wang et al., 2021). Thus,
these microorganisms present in the EGSB effectively participated in the BPA

degradation.

It is essential to consider that in the presence of organic matter - as in EGSB - the
degradation of more accessible and readily available carbon sources may be prioritized
over BPA, reducing its biological removal rate. On the other hand, the higher solid
retention time (SRT) provided by the system allows microorganisms to adapt to
metabolize more complex compounds, such as BPA (Hu et al., 2019; Mohapatra et al.,
2010). Furthermore, BPA removal can be improved due to its adsorption to particulate
organic matter. The hydrophobic nature of BPA (Log Kow = 3.4) facilitates their
interaction with the hydrophobic organic matter. Thus, the association of BPA with
macromolecules can facilitate its removal by size exclusion by FO membranes (Cheng et
al., 2024).

FO-MD hybrid module was essential to reduce BPA concentrations and improve the G-
AnOMBR/MD overall removal, which was 90.06% and 94.65% for 15 days and 30 days
of operation, respectively. DT's final BPA concentration (30 d) was 1.07 pg L™ (Figure
7). For FO, the rejection of organic compounds is governed mainly by electrostatic
interaction and size exclusion (Lutchmiah et al., 2014). Zhu and Li (2013) evaluated an
OMBR for removing BPA from synthetic municipal wastewater, and FO had a removal
of 68 to 72%. In this system, the FO feed had a concentration of 30.78 ug L™ of BPA
(after biological treatment). In another study, Linares et al. (2011) used FO membranes
to evaluate the removal of BPA and other organic compounds from secondary wastewater
effluent, with a spiked BPA concentration of 8.5 g L. The authors found that BPA was
the compound with the lowest removal by FO, namely, 40% for clean FO and 48.7% for
fouled FO. The authors attributed the lower removal to the hydrophobicity and neutrality
(at pH 7) of BPA. Unlike negatively charged compounds, which can be rejected by
electrostatic repulsion and due to hydrophobicity, BPA can interact more easily with the
membrane. Furthermore, the molecular weight cutoff (MWCO) of the membrane (=200
Da) is close to the molecular weight (MW) of BPA (228 g mol™?), which may facilitate

its passage through the pores.
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Costa et al. (2023) reviewed the removal and mechanisms of MD for several organic
compounds. The main mechanisms involving the removal of BPA by MD were related to
its non-volatile characteristic (pKH = 10.4) since the mass transfer in MD occurs in the
vapor phase; therefore, the higher the volatility, the greater the chance of the compounds
permeating the membrane. However, higher removals were found for compounds with
pKH > 12. Furthermore, the authors identified that compounds with a pKH/log D ratio <
2.5 tend to have lower removals. For BPA, the pKH/log D ratio is equal to 2.86. In
addition, Ramos et al. (2022) highlight that BPA, being a hydrophobic compound, can
pass to the permeate side due to its affinity with the membrane surface (adsorption-
desorption) or passage through wet pores. However, this passage is reduced with the

formation of the fouling layer in MD membranes due to the addition of a physical barrier.

No studies were found evaluating the removal of BPA by hybrid FO-MD or MBRs with
a FO-MD module. However, Lee et al. (2019) studied the removal of BPA by a flat-sheet
cellulose triacetate (CTA) FO membrane with an asymmetric structure, thickness of 59.3
pm, mean surface roughness of 23.9 nm, and water permeability of 0.821 L m h'* bar?,
The authors observed a removal of 85.5% for BPA. Similar BPA removal (90%) was
found by Xie et al. (2012) using a CTA FO membrane, with water permeability of 1.1 L
m2 h! bar?, and mean pore size of 0.74 nm. In addition, Ramos et al. (2022) used a
polytetrafluoroethylene MD membrane with an average pore size of 0.2 pum, porosity
between 60 and 80%, and contact angle of 125°. The authors achieved a removal of 95%
for a temperature of 40 °C in the feed solution and a AT = 15 °C.

Additionally, other authors have studied the removal of BPA by different MBR
configurations. Santos et al. (2024a) reviewed recent studies on removing BPA and its
analogues by MBRs and observed an average BPA removal in AnMBR of 43.6%. For
example, Song et al. (Song et al., 2018) observed a low BPA removal (17%) by an
AnMBR. In contrast, by integrating an MD system into the AnMBR, the removal
increased to 90%. Therefore, the G-ANOMBR/MD showed a superior removal efficiency
than other AnNMBRs due to the GS and the higher selectivity of the FO-MD module
compared to conventional MBRs. Furthermore, it is important to highlight that the greater
biodegradation of BPA by GS prevents the accumulation of BPA in the reactor due to the

high rejection by the membranes.
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5.3.4 Environmental and human risk of BPA in GANOMBR-MD samples

Figure 8 shows the acute and chronic environmental and human health risks for FS,
EGSBesr, and DT at 15 and 30 days of operation. FS presented high acute and chronic
environmental risk (Figure 8a). Therefore, the BPA concentration used in FS (20 pug L™?)
—already identified in real raw wastewater (Santos et al., 2024a) — is hazardous to aquatic
organisms. This is a concern since, in several developing sites, raw sewage is still
discharged into surface waters. Regarding EGSBes, the acute environmental risks were
medium, while the chronic ones were high. Despite removing BPA above the expected
for anaerobic treatments, as discussed in Section 2.3, the remaining concentration of BPA
after the EGSB reactor still promoted environmental risks, even with a considerable

reduction in the RQ value compared to FS.

In contrast, the FO-MD module removed high acute and chronic risks for 15 and 30 days
of operation, demonstrating the importance of membranes in generating higher-quality
effluent with lower environmental impact. Santos et al. (2024a) evaluated the removal of
BPA-related environmental risks by various MBR configurations. According to the study,
the acute or chronic risk in the final effluent was high in various configurations, especially
for sequencing batch reactors - MBRs, aerobic and anaerobic MBRs, enzymatic MBRs,
and activated sludge - MBRs. On the other hand, the risks were medium to negligible for
configurations using more selective membranes, such as FO, MD, reverse osmosis (RO),

and nanofiltration (NF).
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Figure 8 — Environmental risk quotient (a) and human hazard quotient (b) related to
BPA for FS, EGSBefs and DT.
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The human health risk associated with BPA in FS was considered high for adult women
and children and medium for adult men (Figure 8b). Importantly, BPA is considered an
EDC and can affect the physiology of the human reproductive system by mimicking the
activity of androgens and estrogens or blocking the interaction between these hormones
and their receptors (Rogers et al., 2013). Thus, BPA has been linked to female fertility
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problems such as reduced number of viable oocytes, early puberty, shortened
reproductive life span, endometriosis, and fibroids (Vessa et al., 2022). Therefore,
although it is not possible to eliminate all sources of exposure to BPA due to the breadth
of its use, there is an urgent need to reduce the duration and extent of this exposure
(Panagopoulos et al., 2023). Regarding FS, the human health risk related to BPA was
medium in EGSBesr for 15 and 30 days of operation, while in DT, it was medium for

children and low for men and women.

5.3.5 Acute toxicity assessment

The acute toxicity results (30 min) for the bacteria A. fischeri related to the G-
AnOMBR/MD samples are presented in Table 6. For FS, the phenomenon called
hormesis occurred, described as a positive response of the organism to the medium, which
may be related to a manifestation of organisms to overcome a specific imbalance. It is
expected that in media where ions such as K*, Ca?*, and Na* are supplied, the
luminescence of bacteria is stimulated, causing hormesis (Drzymata & Kalka, 2020a). In
contrast, the effluent from the EGSB reactor and the ML in the membrane tank were
considered toxic to A. fischeri, with TU values of 1.55 and 5.55, respectively. The toxicity
in these samples may be related to the concentrations of fatty acids, ammonia, and organic
matter. Studies show a positive correlation between ammonia concentration and toxicity
to A. fischeri (A. M. Costa et al., 2019; Kal¢ikova et al., 2015). However, these studies
observed the correlation considering high ammonia concentrations in landfill leachate (>
700 mg L1), while in EGSBes it was 14.2 + 0.3 mg L.

Table 6 - Effect concentration (ECso) and the toxic unit (TU) for A. fischeri in the
GANOMBR-MD samples.

ECso (%) Confidence interval (%) TU Classification
FS Hormesis - - -
EGSBes 64.19 18 - 228.8 1.55 Toxic
Membrane tank  18.02 8.60 - 37.78 5.55 Toxic
DT >100 - <1 Non toxic

Few studies have evaluated the toxicity of BPA to A. fischeri. Tobajas et al. (2016) found
an ECso of 4 mg L't when evaluating the toxicity of BPA to the bacteria at an exposure
time of 15 min, while Arslan-Alaton et al. (2014) observed an ECso of 25.2 mg L™ (15
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min). These results indicate that the BPA concentration in EGSBest (Figure 7) was
considerably below the toxic concentration for A. fischeri. However, it is essential to
emphasize that the reported ECso values considered BPA alone; thus, the mixture and
interaction of BPA and other pollutants, as in EGSBeft, may have promoted a greater toxic
effect than the compounds can promote alone.

Regarding DT, the ECso was >100%, i.e., DT was free of toxicity to the A. fischeri
bacteria, demonstrating the performance of the FO-MD module in achieving high
removals of pollutants and their related toxic loads. The findings of these tests are crucial
to understanding the environmental impact of treated effluents. Although biological
treatment is essential, it was ineffective in terms of toxicity. Therefore, integrated
assessment of treated wastewater — considering toxicity to aquatic organisms — is essential
for ecosystem safety, especially for discharge into aquatic environments.

5.3.6 Preliminary cost evaluation

The proportion of CAPEX and OPEX values, considering the costs related to the FO-MD
hybrid module and anaerobic biological treatment, are shown in Figure 9. The total SPC
of G-AnOMBR/MD was US$ 3.91 m of treated wastewater, considering the stabilized
flux of 1 L m? h! for the FO and MD membranes. The costs of G-ANOMBR/MD are
comparable to more advanced technologies, aiming at providing a high-quality final
effluent. For example, Vinardell et al. (2020) estimated a SPC of 1.38 € m ™ for a FO-RO
+ AnMBR for sewage treatment, considering a recovery of 45% and 90% for RO and FO.
The authors considered a Jro = 3.98 L m™ h*!, almost 4x higher than the flux considered
in the present study. Furthermore, more than 74% of the total cost was related to the
acquisition and replacement of the membranes. Hasanoglu et al. (2024) also concluded
that for an AnMF-OMBR, where the SPC was estimated at 1.47 US$ m™3 (Jro = 9.61-
6.82 L m2 h'1), the cost related to membranes was the most impactful. In contrast,
conventional wastewater treatment technologies may have lower costs. For example,
Mendoza et al. (2022) measured an SPC equal to 0.14 USD m™2 using Gradual Concentric
Chambers for sewage treatment. However, the technology promoted a reduction of only
22% in COD and a high release of ammonia from the final effluent.
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Figure 9 - Distribution of CAPEX and OPEX values related to the FO-MD module and
anaerobic biological treatment.
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The main CAPEX costs were related to membrane, civil work, draw solution, and indirect
costs, totaling US$ 71,009,663.61, equivalent to an amortized value of US$ 0.38 m~ of
treated wastewater. For OPEX, the values were considerably higher — about nine times
the CAPEX value — mainly due to membrane replacement, thermal energy, and DS
replenishment. The total OPEX measured for the system was US$ 3.53 m~>. Compared
to the costs of ANOMBR/MD with a module submerged in flocculent sludge investigated
by Santos et al. (2023a), a higher initial investment related to the membrane tank was
necessary since, in the present study, the FO-MD hybrid module was external to the
biological reactor. However, this value was negligible considering the lower costs of the
membranes purchase due to the higher permeate flux promoted by the G-AnOMBR/MD
configuration. In the study by Santos et al. (2023a) the SPC was US$ 6.84 m~3, mainly

due to the membranes purchase.
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Since the main costs of the system were related to the membrane filtration stage, the
detailed CAPEX and OPEX values of the FO-MD module are presented in detail in Figure
10. The CAPEX for the FO and MD processes were, respectively, US$ 33,547,580.80
and US$ 32,919,363.50 (Figure 10a). Although the cost of the FO membranes was
relatively lower, the acquisition of reagents for DS was higher compared to the
specifications of the MD process, such as the acquisition of heat exchangers, for example.
In contrast, the OPEX costs for the MD process were higher (2.05 US$ m~3) compared to
the FO (1.45 US$ m3), mainly due to the costs with thermal energy (Figure 10b).

The process cost could be considerably reduced by considering waste heat — in the case
of high-temperature wastewater treatment — or using renewable energy sources, such as
solar energy, for the MD temperature gradient. For example, using 50% waste heat as a
heating source, MD OPEX costs would fall to US$ 1.70 m™3. Full use of waste heat would
result in an OPEX value for MD of US$ 1.37 m3, and a total OPEX value for G-
AnOMBR/MD of US$ 2.85 m3. Another factor that impacts the cost of FO-MD is the
membrane lifespan. For the present study, a membrane lifespan of 5 years was considered.
However, if this value were to be halved (2.5 years), the OPEX costs for FO-MD would
increase to US$ 6.18 m™3. Therefore, controlling fouling and cleaning of membranes and
the operational conditions of the system is crucial for maximizing the operational lifespan
of both FO and MD membranes and making G-AnOMBR/MD costs viable.

Furthermore, developing and using membranes with new materials and membranes
modified from applying various nanomaterials, such as carbon nanotubes, graphene,
silicon dioxide, and fluorinated compounds, can be promising alternatives to reduce
system costs. Studies show that nanomaterials can be used to increase permeability and
reduce biological fouling in FO membranes (lbraheem et al., 2023) and increase
hydrophobicity - to reduce wetting - and increase mass transfer rates in the MD process
(Hussain et al., 2022). Thus, future studies can strive to evaluate the applicability of
modified FO/MD hybrid modules in AnMBR.
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Figure 10 - Detailed (a) CAPEX and (b) OPEX costs for FO-MD operation.
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Thus, the large-scale application of G-AnOMBR/MD in industrial or municipal
wastewater treatment plants is more economically viable when there is the possibility of
using renewable energy sources - such as biogas generated in the anaerobic process itself
- or residual heat from the effluents and developing techniques that can increase the
performance of the FO-MD module regarding permeate flux and scale reduction.
Associated with this, it is crucial to consider that a critical point for large-scale application
is temperature control in the MD process to maintain the temperature gradient necessary
for the driving force of the process. As for FO, although MgCl. is considered a solute
with low reverse salt flux and low diffusion through MD membranes (Arcanjo et al.,
2020), other solutes can be evaluated to minimize the need for reconcentration or

replacement of the DS over time. Furthermore, to ensure the feasibility of large-scale
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application of G-AnOMBR/MD, new operations can be conducted for longer periods and

under different operational conditions.

5.4 CONCLUSION AND FUTURE PERSPECTIVES

This study investigated a G-AnOMBR/MD to remove BPA, organic matter, nutrients,

toxicity, environmental and human health risks, and costs. With this holistic evaluation

of the technology, it was possible to conclude that:

The G-AnOMBR/MD demonstrated remarkable efficiency in the removal of BPA
(94.65%), COD (95.6%), P-PO4+*~ (99.6%), and N-NH4" (91%), providing a strong
reassurance of its effectiveness.

The biodegradation of pollutants by GS, including BPA, achieved a removal
efficiency above that expected for anaerobic sludges, mainly due to the retention
of specific microorganisms and the sludge-contaminant contact area.

EGSBeff was toxic to the bacteria A. fischeri, while DT was classified as not toxic.
Thus, the hybrid FO-MD module played a fundamental role in removing
pollutants and toxicity.

FO-MD membranes removed high environmental and human health risks,
demonstrating the importance of associating biological treatment with advanced
processes.

The technology was competitive with other advanced treatments, especially
AnOMBR/MD with flocculent sludge, due to the higher permeate flux enabled by
this configuration.

The highest cost of the technology was related to the membrane acquisition.
G-AnOMBR/MD's potential for treating wastewater containing BPA inspires

optimism about its future use on a large scale.

This study was a pioneer in the application of G-AnOMBR/MD, and given the findings

and challenges encountered, future evaluations may explore the following:

Membrane fouling and cleaning, aiming to improve permeate flux over time and,
consequently, process costs.
Removal of other EDCs by G-AnOMBR/MD.
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e Environmental factors and assessment of the technology's life cycle, considering
energy requirements, CO2 emissions, and waste generation.

e System evaluation using real domestic wastewater.
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CHAPTER ©

EVALUATION OF A NOVEL GRANULAR ANAEROBIC
MEMBRANE BIOREACTOR WITH RECYCLED UF:
ORGANIC MATTER, NUTRIENT AND BISPHENOL A
REMOVALS, COST ASSESSMENT, ECOTOXICITY, AND
ENVIRONMENTAL AND HUMAN HEALTH RISKS
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6.1 INTRODUCTION

The presence of bisphenol A (BPA) in surface waters, as well as in raw and treated
wastewater is an irrefutable and alarming issue in many parts of the world due to its high
environmental and human health risks (Hu et al., 2019; Loganathan et al., 2023).
Therefore, the removal of BPA from wastewater — one of the primary sources of its
release into the aquatic environment — has been extensively studied through several
technologies seeking to minimize such damage (Loganathan et al., 2023). Among these,
membrane bioreactors (MBR) are promising technologies, as they combine biological
treatment with membrane separation processes (MSP), providing a dual barrier to prevent
the presence of BPA and other endocrine disrupting compounds (EDCs) in treated

wastewater.

Dos Santos et al. (2024a) reviewed the removal efficiencies of BPA and its analogues by
various MBR configurations. The authors observed that the average BPA removal for
conventional aerobic MBRs - using ultrafiltration (UF) or microfiltration (MF)
membranes — was 91.5%, while for anaerobic membrane bioreactors (AnMBR), it was
only 43.6%. In contrast, in integrated systems combining MBR with more selective
membranes, such as reverse osmosis (RO), nanofiltration (NF), forward osmosis (FO),
and membrane distillation (MD) — demonstrated average removal rates exceeding 90%,
even for AnMBR.

Despite the high removal rates, integrated systems, especially those using more selective
membranes driven by hydraulic pressure, require a higher investment for implementation
and operation, mainly due to the acquisition and replacement of membranes (Visvanathan
et al., 2000). For example, the AnMBR associated with the FO-MD hybrid module for
treating wastewater containing trace organic compounds (TrOCs) studied by Santos et al.
(2023) (Santos et al., 2023) achieved removals of TrOCs above 96%. The system's total
cost was 6.84 USD m= of treated effluent, with the acquisition and replacement of
membranes representing the largest portion. Vinardell et al. (2020a) investigated an
AnMBR/FO-RO for municipal wastewater treatment, and the water production cost was
estimated at 0.80 to 1.27 € m™ (depending on the FO recovery). In this case, membrane
replacement also significantly impacted the operational cost.
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In contrast, Pretel et al. (2016a) evaluated the performance of an AnMBR for urban
wastewater treatment and measured a cost ranging from 0.03 to 0.12 USD m (operating
at optimum permeate flux). In addition, Vinardell et al. (2021b) estimated the cost of a
wastewater treatment plant (WWTP) using AnMBR to be between 0.35 and 0.42 € m™.
For conventional anaerobic systems, such as the Upflow Anaerobic Sludge Blanket
(UASB), the estimated value is 0.15 USD m (Medeiros et al., 2023; Vassalle et al.,
2020). However, BPA removal is generally low or non-existent, ranging from 10 to 59%
(Aguilar et al., 2023; Arias et al., 2018; Medeiros et al., 2023; Moya-Llamas et al., 2018).

Therefore, it is essential to seek technologies that enable the integration of low costs with
satisfactory BPA removals and that can be technically and economically viable
alternatives to replace conventional anaerobic systems. In this sense, the use of recycled
membranes has been gaining ground in several studies aimed at water and wastewater
treatment (Aguilar et al., 2023; Coutinho de Paula et al., 2017; de Oliveira et al., 2020;
Mota et al., 2024). Membrane recycling consists of reusing end-of-life (EoL) membranes,
which would otherwise be discarded due to loss of performance in the filtration processes
for which they were initially intended. This can be made possible by converting
membranes, usually from RO/NF to UF/MF, using the chemical conversion technique
through oxidative attack, which removes the selective dense layer made of aromatic
polyamide and produces a porous membrane (Coutinho de Paula and Amaral, 2017,
Lawler et al., 2012a).

In addition to the lower costs associated with these membranes, reuse helps develop more
sustainable technologies in a circular economy. Generally, discarded membrane modules
are classified as inert solid waste, disposed of in landfills or incinerated, with few reuse
alternatives (Lawler et al., 2012b). According to Senan-Salinas et al. (2021), 2 million
RO membranes will be discarded by 2025. In Brazil, approximately 900 t of RO
membranes were generated between 2016 and 2019, and it is estimated that 1800 t will
be discarded by 2024 (Grossi et al., 2021). Therefore, recycling can be an alternative to

theenvironmental liability related to the increasing disposal of EoL membranes.

Given the above, applying recycled UF membranes (UF;) in AnMBR may be an
economically viable and more sustainable alternative. Despite the limited BPA removal
by AnMBR compared to aerobic MBR, changing operating conditions or parameters may
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improve the performance of anaerobic microorganisms, such as the application of
granular sludge (GS) instead of flocculent sludge (Kang et al., 2023). Studies show that
GS can retain specific microorganisms capable of more easily biodegrading recalcitrant
compounds (Burzio et al., 2022; Faria et al., 2020a). However, despite several studies
evaluating the removal of recalcitrant compounds by aerobic GS, such as EDCs and trace
organic compounds (TrOCs), few investigations on the degradation of these compounds

by anaerobic GS were found.

Therefore, the present study evaluated the performance of a novel granular anaerobic
membrane bioreactor using UF, (EGSB-MBR) to treat domestic sewage, focusing on
BPA removal. The water flux behavior and the removal of organic matter and nutrients
were also evaluated during the application of this technology. Furthermore,
ecotoxicological tests, environmental and human risk assessment, and cost evaluation
were performed. This MBR configuration has not yet been reported in previous studies
and represents an advance in investigations on AnMBR using GS and UF, membranes for
BPA removal.

6.2 MATERIALS AND METHODS

6.2.1 Membrane recycling

The recycling technique is based on the chemical oxidation of a thin-film-
composite RO membrane, proposed by De Paula etal. (2017). The EoF membrane
sample used in this study was a spiral module (FilmTec BW30, 0.1 x 1m, filtration area:
7.2 m?) discarded by a decentralized brackish water desalination plant of the Agua Doce
Program promoted by the Brazilian Federal Government. For a new BW30 module, the
permeate flowrate is 9.1 m* day * and NaCl (2 g L) rejection >99.5%, according to
manufacturer's specification. The module was opened and disassembled. Then, the
membrane sheet was cut in samples with an area of 0.0132m2. The samples were
immersed in deionized water until chemical cleaning. For chemical cleaning, EoL
membrane samples were subjected to passive immersion in solutions of NaOH (0.1%)
and after HCI (0.2%) for 16 h each. After chemical cleaning, EoL membranes were stored
immersed in distilled water until the oxidative treatment was carried out. For oxidative
treatment, membranes were immersed in a commercial NaClO bath (contact intensity:

~300,000 parts per million h) at room temperature. Finally, membranes were cleaned
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with deionized water to remove free chlorine residual. Before use, recycled membranes
were placed in a water-ethanol solution (50% v/v) for 15 min to rewet the polymeric

matrix of the membranes.

6.2.2 EGSB-MBR experimental setup and operational conditions

The experimental setup of the granular anaerobic membrane bioreactor (EGSB-MBR)
was composed of an Expanded Granular Sludge Bed (EGSB) reactor, an external
membrane tank, and a permeate (PT) tank (Figure 1). The EGSB reactor following the
same operating conditions suggested by Faria et al. (Faria et al., 2020a). The specific
organic loading rate (SOLR) applied was 58.6 mgCOD gVSS™* d?, and the VSS
concentration in EGSB sludge was equal to 18.3 g L. The mixed liquor (ML) from the
EGSB reactor was pumped into the membrane tank (MT) and occurred the recirculation
of ML in the EGSB reactor. The recycled membrane sheet was welded to both side of the
membrane module, providing a total membrane surface area of 0.0264 m2. A pump was
coupled to the two upper outlets of the submerged module. The membrane was operated
under continuous flux (2.5 L m2h™) by regulating the transmembrane pressure. A digital
scale linked to a computer was used to record the weight of the PT every 5 min. The
conductivity, pH and temperature of samples were monitored daily. In addition, samples
from feed solution (FS), EGSBest, MT, and PT were collected weekly for physicochemical
characterization. As FS for EGSB-MBR, synthetic sewage simulating real domestic
sewage was prepared according to Table S1. FS was fortified with BPA in concentration
of 20 pg L%, determinate based in concentrations of BPA in raw sewage (Santos et al.,
2024b). BPA (purity > 97%; product number: 133027) was purchased from Sigma-
Aldrich® and the stock solution was prepared in methanol. The physical-chemical

characteristics of FS are presented in Table S2.
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Figure 1 - Experimental setup of granular membrane bioreactor with UF; (EGSB-
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6.2.3 Analytical methods

The physicochemical analyses were performed following the methodologies of the
Standard Methods for the Examination of Water and Wastewater (2017), as shown in
Table 1. The volatile fatty acids (VFA) concentration was determined according to the

methodology proposed by Kapp (H. Kapp, 1984).

Table 1 - Analytical methods

Parameter Method
pH 4500-H*
Conductivity 2510
Chemical oxygen demand (COD) 5220
Dissolved organic carbon (DOC) 5310 B
Total suspended solids (TSS) 2540 D
Volatile suspended solids (VSS) 2540 E
Total phosphorus (P — PO,37) 4500-P D
Ammoniacal nitrogen (N — NH,") 4500-NH3BeC

Alkalinity 2320 B
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Soluble microbial products (SMP) and extracellular polymeric substances (EPS) from
sludge sample were characterized as protein and carbohydrate fractions. For SMP and
EPS extraction, 5 mL of sludge were centrifugated at 4450 g for 10 min, the supernatant
was collected as SMP and the sludge pellets were resuspended with 50 mL of 0.05% NaCl
solution and heated to 80 °C in a water bath for 10 min (He et al., 2017). Following, the
solution was centrifugated at 4450 g for 10 min, and the supernatant corresponded to EPS.
In addition, three-dimensional excitation—emission matrix (3D-EEM) fluorescence
spectroscopy analyses were performed with the FS, EGSBes and PT samples, using the
AQUALOG ® equipment (Horiba). The analysis was performed with a quartz cuvette,
integration time of 0.2 seconds and wavelength interval of 3 nm with 4 pixels. Finally,

first and second order light beam mask filters were applied.

Extraction and quantification of BPA were carried out according to Kiejza et al. (2022)
and Wang et al. (2005). In summary, extraction of BPA from samples was performed
using C18-E cartridges and a vacuum manifold (Phenomenex, California, USA). 600 mL
of permeate (20th, 40th and 60th day of operation) and 200 mL of EGSBeff (20th, 40th
and 60th day of operation) were used for BPA extraction. The analytes were eluted with
4 mL of ethyl acetate, transferred to glass vials and immediately analyzed. BPA
determination was performed using gas chromatography-mass spectrometry (GC-MS)
with a Shimadzu GCMS-QP2010. The separation was achieved by a DB-5MS column
(30 m x 0.25 mm x 0.25 um film thickness). Helium (99.999%) was used as a carrier gas
at a constant flow rate of 1.0 mL min-1. The injector operated in splitless mode at a
temperature of 250 °C. The oven temperature program began at 130 °C (held for 3
minutes), followed by an increase of 30 °C min' until reaching 250 °C (held for 4
minutes), and then a further increase of 20 °C min" until reaching a final temperature of
310 °C, which was maintained for 5 minutes. The total run time was 19 minutes. The
electron impact ionization source temperature was 230 °C, with an electron energy of 70
eV. The quadrupole temperature was maintained at 150 °C, and the GC interface

temperature was set at 280 °C.

6.2.4 Permeate flux and removal efficiencies

Permeate flux in UF, membrane was calculated by Equation 1:

Amprx T (1)

Jur = AtxAp,
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where Amert is the increase in PT weight over a period, At, p is the permeate density and

Am is the module membrane area.

The overall removal efficiency of the AnMBR was calculated by Equation 2:

RanmBr = CFSC_—F:PTX 100 2)

where Cgs is the contaminant concentration in the FS, and Cpr is the contaminant

concentration of the UF, permeate.

6.2.5 Ecotoxicological tests

Acute toxicity tests were carried out with the bacteria Aliivibrio fischeri, using the
MICROTOX® model 500 Analyzer (SDI) equipment, and following ABNT NBR 15411-
3(2021). The effect concentration (ECso) was determined from the MICROTOX® 81.9%
Basic Test, and the luminescence measurement was carried out for 30 minutes. To
perform the tests, the pH of the samples was, when necessary, adjusted to values between
6.0 and 8.5 using HCI or NaOH, and the salinity was verified with an Instrutherm RTS-
101ATC High Resolution Refractometer for Salinity. In samples with salinity below
20%, a NaCl (22%) solution was added for osmotic adjustment. The results obtained were
transformed into values of toxic unit (TU), dividing 100 by the ECsp, to facilitate
discussion of the results. In addition, the toxicity was classified as proposed by Persoone
et al. (2003): class | (TU < 1) - non toxic; class Il (1 < TU < 10) - toxic; class 111 (10 <
TU <100) - very toxic; class IV (TU > 100) - highly toxic.

6.2.6 Human health and environmental risk assessment for BPA

Acute and chronic environmental risks for BPA were assessed by risk quotient (RQ), as

shown in Equation 3:

MEC
RQ = otsc ©)

where MEC is the measured concentrations of BPA in FS, EGSBef, and PT on the 20ht,
40ht and 60th days of operation, and PNEC is the predicted no-effect concentration.

For the calculation of the PNEC, acute or chronic toxicities for BPA were considered, as
well as a correction factor, which follows the criteria: 10 for NOECs from at least three
species representing three trophic levels; 50 for NOECs from species representing two

trophic levels; 100 for NOECs from only one trophic level; and 1000 for one E(L)Cso
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from each of three trophic levels (European Commission, 1996). For toxicity values of
BPA, the more critical E(L)Csoand NOEC, reported for several trophic levels by Santos
et al. (Santos et al., 2024b), were considered. Human health risk, estimated as the hazard

quotient (HQ), was calculated through Equation 4:

_ MEC
HQ = DWEL (4)

where MEC is the measured concentrations of BPA in FS, EGSBef;, and PT on the 20ht,
40ht and 60th days of operation, and DWEL is the drinking water equivalent level.

DWEL was calculated according to established values from Environmental Protection
Agency (2011). DWEL considers tolerable daily intake for BPA (4 pg kg bw® day™?)
recommended by the European Food Safety Authority, the body weight for adult (60 kg
for > 10 years of age) and children (10 kg for < 10 years of age), the relative contribution
of water exposure (0.2), and the daily water intake for adult (2 L d™') and children (1 L
d™m.

For both environmental and human risk assessment, the following classification was used:
for R(H)Q> 1, the risk is high; when 0.1 < R(H)Q < 1, the risk was considered medium,;
for 0.01 <R(H)Q <0.1 the risk is low; and if R(H)Q <0.01 the risk is negligible (European
Commission, 1996).

6.2.7 Preliminary cost evaluation

The preliminary cost evaluation of the EGSB-MBR was conducted, considering both
capital expenditures (CAPEX) and operating expenditures (OPEX), based on the
experimental results. The direct and indirect CAPEX accounted for cost related to civil
works, intake and pretreatment systems, chemical usage, pumps, anaerobic and
membrane tank, mixers, and heat exchangers (Osipi et al., 2018). The cost of membrane
acquisition was not considered due to the use of recycled UF. Table 2 shows the general
parameters used for estimating CAPEX and OPEX for a large-scale system.
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Table 2 - Parameters considered for the CAPEX and OPEX estimation.

Parameter Value Reference
Population (inhabitants) 100,000 This study
Flow rate (m® ht) 790 This study
Water per capita (L inhab* d?) 150 (ABNT, 1986)
Return coefficient 0.7 (ABNT, 1986)

Maximum hourly flow coefficient (k1) 1.2
Maximum daily flow coefficient (k2) 1.5
Biological tank (US$ m™) 235
Membrane tank (US$ m) 235
Mixing energy consumption (W m?) 8
Investment rate (%) 16.3
Design life plant (years) 15

(ABNT, 1986)

[35]

(Verrecht et al., 2010)
(Verrecht et al., 2010)
(Verrecht et al., 2010)
This study

This study

In addition, the parameters adopted for estimating CAPEX and OPEX of the UF, module
are shown in Table 3. Membrane replacement costs considered an average UF; membrane
lifespan of 2 years (Lawler et al., 2015a). However, rather than including the cost of new
membranes, the evaluation focused on the expenses associated with the chemicals used
in the chemical oxidation recycling process. The required volume of NaCIlO and cleaning
agents were determined based on the recycled membrane area for a system capacity of
790 m® h'!, as detailed in Table 2.

Table 3 — Parameters considered for UF CAPEX and OPEX estimation.

Parameter Value References
HCI requirement (kg m~—year?) This study
HCI price (US$ kg ™) 10 (Carlroth, 2024)
NaOH requirement (kg m~year?) This study
NaOH price (US$ kg ') 25.56 (Carlroth, 2024)
NaClO requirement (L m~year?) This study
NaClO price (US$ L) 4.28 (Carlroth, 2024)
Ethanol requirement (L m~ year™) This study
Ethanol price (US$ L") 16.75 (Carlroth, 2024)
n (%) 85 (Vinardell et al., 2020b)
Piniet (bar) This study
Energy price (US$ kW 'h™) 0.04 (Zhang et al., 2022)
Energy requirement (kWh d!) This study
Membranes lifespan (year) 2 (Lawler et al., 2015b)
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Specific produced permeate cost (SPC) was calculated according to Equation 5, as
proposed by Osipi et al. (2018):
af S2PEX 4 OPEX

— f
SPC = ——— (5)

where f is the utilization factor (equal to 1, considering the maximum system capacity),
Qp is the total annual produced permeate, and af is the amortization factor, calculated
according to Equation 6:

ic.(1+ic)PL
af — C ( g C)
(1+ic)PL-1

(6)

where icis the investment rate and DL is the design lifetime of the plant for the UF, system.

Specific energy consumption (SEC) for UF hydraulic pressure, and reactor stirring was

estimated according to Equation 7:

w .t P; .Qf. N¢ . t
SEC — pump — inlet 7
Il- Qp Il Qp ( )

where Wpump is the work done by the pump, t is the daily operating time, Qs is the feed
flow, Piniet is the pump discharge pressure, 1) is the pump efficiency, and N¢ is the number
of compartments (one for this module).

6.3 RESULTS AND DISCUSSION

6.3.1 EGSB-MBR removal efficiencies and performance

The pH, conductivity, temperature, volatile fatty acids (VFA), and alkalinity results for
the EGSB-MBR samples are shown in Table 4. The pH values remained stable throughout
the operation, consistent with the low VFA results. In anaerobic reactors, the degradation
of organic matter is carried out by two groups of microorganisms: acidogenic and
methanogenic. Acidogenic bacteria are responsible for the degradation of organic matter
into VFA, while methanogenic organisms subsequently convert these products into
methane and carbon dioxide. When the methanogenic population is sufficient, and
conditions are favorable, the products of the acidogenic organisms are rapidly utilized
(Amani et al., 2010). This prevents the accumulation of acids in the reactor, maintaining
buffering conditions and ensuring that the pH remains neutral, which is favorable to

methanogenic activity. Although the molecular sizes of VFA, carbonate and bicarbonate
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are smaller than the membrane pore size, a retention of 23.01% for VFA and 30.47% for
alkalinity by the UF, was observed (Table 4). These results suggest that the cake layer
formed on the membrane surface may have hindered the passage of the VFA, carbonate

and bicarbonate through the UF, membrane.

Table 4 - pH, conductivity, temperature, volatile fatty acids (VFA) and alkalinity for
EGSB-MBR samples pH, conductivity, temperature, volatile fatty acids (VFA) and
alkalinity for EGSB-MBR samples.

EGSBest Membrane tank PT
pH 7.1+0.1 7.3+0.2 74+0.2
Condutivity (us cm™) 11245+ 13.7 11144+ 10.0 1082.9 £ 13.7
Temperature (°C) 23+0.9 229+11 229+0.8
VFA (mgHAc L™) 28.59+2.68 18.53+1.13 14.26 £ 0.97

Alkalinity (mgCaCOsL™) 187.53+4.57 214.26+5.12 148.97 £ 3.14

Figure 2 shows the temporal variation in COD concentrations in PT, and removal
efficiencies during the EGSB-MBR operation. The overall COD removal by EGSB-MBR
system ranged from 92.5 to 99%, with average removal of 95.1%. Thus, the average COD
concentration in PT was 22.44 + 1.25 mg L™. These results align with the findings of a
previous study on EGSB-MBR using commercial UF membranes, which reported COD
removal of 98% by EGSB-MBR system (Faria et al., 2020b). As observed in Figure 2,
there was a trend of increasing COD removal by the EGSB-MBR throughout the
operation. This was mainly due to the increase in COD removal by the EGSB over time,
which may have occurred due to the adaptation of the microorganisms. In the first 20 days
of operation, the average removal by the EGSB was, on average, 87.5%, while at the end
of the operation the average removal was 91.7%. Despite this, no considerable fluctuation
in concentrations of UF, permeate was observed. This stabilization effect promoted by
UF membranes has already been observed in other AnMBRs using commercial
membranes (Chyoshi et al., 2022; Osman and Hodaifa, 2023).
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Figure 2 — COD concentrations in FS (dashed lines represent standard deviation), and
PT and EGSB-MBR removal throughout the operation.
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The average COD concentration in EGSBess Was 61.35 + 4.06 mg L™, indicating that the
GS removed 89.50 = 2.95% of the organic matter through biodegradation. In addition,
the percentage of organic matter removal in the membrane tank (28.34 + 6.09%) was
observed, possibly due to biodegradation by a portion of microorganisms in the tank
(Figure 3). Membrane retention contributed to a COD removal of 55.82 + 4.30% (Figure
3). Size exclusion is the primary mechanism of UF rejection, which includes colloids and
macromolecules larger or close to the size of the membrane pore (Peters et al., 2021).
Regarding dissolved organic matter, DOC removal of 96 + 0.88% was observed for
EGSB-MBR, resulting in a DOC concentration of 6.3 mg L™ in PT. This high efficiency
was mainly due to the high removal by the EGSB (90.74 + 0.90%). Additionally, DOC
biodegradation may have occurred in the membrane tank, in addition to the rejection of
macromolecular DOC by the UF, such as humic acid, fulvic acid, proteins, and polymeric
substances (Liu et al., 2021).
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Figure 3 — Concentrations and removals of organic matter and nutrients by
compartment of the EGSB-MBR.
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Regarding P-PO+*", the average removal by EGSB-MBR was 27.00 £ 1.59%, resulting in
a concentration of 23.37 + 2.11 mg L™ in UF, permeate (Figure 4). Throughout the

operation there was a slight increase of P-PO+* in the PT, which led to less overall
removal from day 60 onwards. A low removal of P-PO+* by the EGSB (16.05 + 2.34%)

was observed during the operation, as shown in Figure 3. The concentrations in the

EGSBert in the last 20 days of operation, on average 29 mg L™, were higher than the

average of the previous days (25.20 mg L™). As observed in Figure 3, some P-PO4*

removal was achieved by UF.. Although porous membranes are generally inefficient in

removing dissolved ions, P-PO.*" removal may be associated with its adsorption on larger

particles, such as proteins, polysaccharides, or EPS (Shang et al., 2014).
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Figure 4 — Concentrations of P-PO+*~ in FS (dashed lines represent standard deviation),
and PT and EGSB-MBR removal throughout the operation.
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For N-NH4*, no overall removal was observed by EGSB-MBR (Figure 3) since the PT
concentration was higher than FS. It is possible to note an increase in the concentration
of N-NH4" in EGSBess compared to FS (Figure 3), which is expected since, in anaerobic
conditions, organic nitrogen is converted to N-NH4* by microorganisms. In the present
study, a removal of 22.98 + 3.26% by UF, was observed, which can be attributed, as well

as P-PO+*", to an indirect removal due to adsorption on macromolecules (Nielsen, 1996).

A barrier to applying AnMBR is the lower direct nutrient removal capacity due to the low
yields of typical anaerobic biomass. Therefore, it is essential to highlight the importance
of research focusing on a greater removal and controlled capture of nutrients in AnNMBR
as value-added products, mainly phosphorus (as orthophosphate), for targeted use as
fertilizer or raw material for the fertilizer industry (Damodara Kannan et al., 2023,
Monballiu et al., 2020; Photiou et al., 2023). Furthermore, improvements in porous
membranes for greater nutrient removal, such as the incorporation of adsorptive
substances and membranes made with new materials, are essential to achieve better
permeate quality (Ayyaru and Ahn, 2022; Liu et al., 2024).
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6.3.2 EGSB-MBR efficiency for BPA removal

The GC-MS chromatogram for the BPA standard sample, EGSBefr, and PT were provided
in Figure S1. The BPA concentrations in FS, EGSBeft, and PT on days 20, 40, and 60 of
operation and the respective removals by the EGSB reactor and EGSB-MBR were shown
in Figure 5. On day 20 of operation, the BPA concentration in the EGSBefs was 4.42 g
L, and it remained stable at 4.74 and 4.90 ug L™, on days 40 and 60 day, respectively.
Consequently, the average BPA removal by biodegradation was 76.51 + 1.29%
throughout the operation. Cydzik-Kwiatkowska et al. (2020) showed that the greater BPA
biodegradation observed in the GS could be attributed to the retention of specific
microorganisms capable of more efficient BPA degradation. In addition, EGSB promoted

greater biomass-feed contact in combination with membrane filtration.

Figure 5 - Concentrations (1 L) and removal of BPA by EGSB and EGSB-MBR on
days 20, 40 and 60 of operation.
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At 20 days of operation, the post EGSB removal - associated with some possible
biodegradation in MT and removal by UF; - was 40.67%, and this value increased to
73.62 and 70.73% at 40 and 60 days of operation. Thus, the average global removal of
BPA by EGSB-MBR was 91.14 + 3.72%, equivalent to a BPA concentration of 1.44 ug

Lt in the PT at 60 days of operation (Figure 5). Studies have shown that commercial UF
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membranes had satisfactory BPA removal. For example, Bing-zhi et al. (Bing-zhi et al.,
2008a) showed that UF membranes (MWCO = 10,000 Da), even with membrane pores
several orders of magnitude larger than those of BPA, had a removal of 93%. The authors
showed that the concentration of BPA in the feed had little impact on the UF removal
efficiency. However, increasing the concentration of organic matter in the feed promoted
an increase in BPA removal due to its association with macromolecules. In addition, the

authors observed that BPA has a stronger adsorption potential on UF membrane.

Wu et al. (2016a) confirmed the contribution of UF (polyvinyl chloride; mean pore size
= 33.1 + 1.1 nm; contact angle = 72.5% pure water flux = 90.4 + 6.2 L m? h!) to BPA
removal, but at lower efficiencies, in the range of 45%, mainly through adsorption. In
addition, Acero et al. (2010) (2010) evaluated the removal of micropollutants by several
commercial flat sheet UF membranes and identified that adsorption is the primary
retention mechanism, mainly for hydrophobic compounds. Thus, the adsorption of BPA
by UF: and organic matter may have contributed to the rejection since the hydrophobic
nature of BPA (Log Kow equal to 3.4) facilitates the interaction with the hydrophobic

membrane and with organic matter in the cake layer.

Since adsorption is an essential mechanism in BPA removal by UF, the feed pH becomes
a determining factor. BPA exists in a neutral form in acidic and neutral environments,
such as in EGSBest. At the same time, in alkaline conditions, close to the pKa value of
BPA (10.1), the compound loses its proton and becomes negatively charged. As a result,
BPA may be repelled from the negatively charged membrane instead of being adsorbed,
leading to a lower removal rate since the pore size of the membranes becomes the main
retention factor (Bing-zhi et al., 2008b; Muhamad et al., 2016). Therefore, especially for
porous membranes, such as UF,, the feed pH must be controlled and maintained within
the appropriate ranges to improve removal by adsorptive action.

During the treatment of domestic sewage by MBR, the pH will hardly reach the value of
10.1. Despite this, it is important to mention that BPA desorption can occur at pH values
in the range of or above its pKa value, leading to the release of BPA in the PT (Li et al.,
2022; Schéfer et al., 2006). Furthermore, upon reaching an equilibrium state where the
adsorption rate equals the desorption rate, the adsorption sites on the membrane surface
become saturated, which may lead to reduced BPA removal efficiency (Aldana et al.,
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2024; Wu et al., 2016b). The removal of BPA at 40 and 60 days of operation remained
stable in the present study; however, it is recommended to carry out investigations that
describe the adsorption-desorption behavior by isotherms to quantify the adsorption
capacity of BPA by UF,.

In addition, membrane fouling may have contributed to increased BPA removal. In the
first 12 days of operation, a sharp decrease in membrane permeability was observed
(Figure 7). As demonstrated by the Hermia models, intermediate pore blocking may have
been the main fouling mechanism of the UF:, causing pore constriction (Section 6.3.5).
Thus, partial pore obstruction may have reduced the molecular weight cut-off of the
membrane, facilitating BPA removal by size exclusion, especially at 40 and 60 days of
operation, when BPA removal was highest. In addition, the cake layer may have acted as
an additional layer of filtration and BPA adsorption (Aldana et al., 2024). For example,
Wu et al. (2016b) tested three UF membranes for BPA removal and observed removals
ranging from 35 to 65%. To evaluate the impact of fouling on BPA removal, the authors
filtered a solution containing humic acid (concentration ranging from 2 mg L to 10 mg

L) for 10 min. After membrane fouling, BPA removal ranged from 80% to 92%.

Sanguanpak et al. (2015) evaluated the removal of BPA by a pilot-scale MBR using
commercial UF membranes and obtained removal of 89.8% by the MBR with clean UF
membranes and 94.3% with fouled membranes. Thus, the evaluation of the UF
membranes was performed outside the system. While the virgin membrane removed
approximately 15% of BPA, the fouled membrane removed up to 50%. In addition, the
authors observed that the higher the log Kow 0f the evaluated compounds, the greater the
removal by the fouled membrane. According to them, the removal of BPA by the fouled
UF membrane can be attributed to various factors: (i) the increase in solid particles
accumulation on the membrane surface could induce higher adsorption capacities leading
to reduction of BPA transport; (ii) increased coverage of pore blocked area could result
in an enhanced steric exclusion and less partitioning of BPA transport through the
membrane; and (iii) higher hydrophobic characteristic of membrane surface could yield
high rejection of hydrophobic compounds. In addition, Zhang et al. (2015) performed
BPA filtration tests with commercial hollow fiber UF membranes to directly investigate

the effects of various stages of membrane fouling on BPA removal during MBR
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operation. The authors observed an apparent increase in BPA removal when membrane

fouling was more severe.

Therefore, due to the greater removal of BPA by biodegradation by EGSB, added to the
contribution of rejection by UF,, EGSB-MBR was able to achieve a removal above that
expected for anaerobic systems, proving to be a promising technology for replacing

conventional anaerobic treatment aiming at BPA removal.

6.3.3 Acute toxicity assessment

The acute toxicity results (30 min) for the bacteria A. fischeri related to the EGSB-MBR
samples are presented in Table 5. EGSBesf was toxic to the bacteria in all samples
evaluated (20, 40, and 60 days of operation). It is possible to notice that the toxicity, in
this case, tended to increase throughout the operation, with a TU of 4.71 in 60 days.
Toxicity in EGSBefr can be related to the accumulation and mixture of several pollutants
such as PO4*~, NH4", humic acids, VFA, and BPA. Furthermore, during the anaerobic
degradation of BPA, intermediate products can be generated, such as p-Cresol, 1,2-bis(4-
hydroxyphenyl)-2-propanol, 2,2-bis(4-hydroxyphenyl)-1-propanol, 4-
hydroxybenzaldehyde, 4-hydroxyacetophenone, and 4-hydroxybenzoic acid (Amin et al.,
2021; He et al., 2024). Although compounds such as nutrients and humic acids (Kal¢ikova
et al., 2015; Tsiridis et al., 2006), BPA (Molkenthin et al., 2013) and BPA degradation
products evaluated in the literature (Lee et al., 2018; Renoux et al., 1999) show toxicity
to A. fischeri at concentrations in the range of mg L™ when tested alone, the effect of the

mixture and interaction of these compounds on the bacteria is still unknown.

Although FS did not show toxicity to A. fischeri, the phenomenon of hormesis was
detected for the three points evaluated, as occurred for PT (Table 5). The mechanisms
that drive hormesis in A. fischeri are not fully understood but may involve adaptive
responses to environmental stressors. Studies propose that, at low doses, toxic pollutants
can induce a temporary upregulation of defense genes in bacteria, leading to enhanced
luminescence before reaching inhibitory levels (Sebastiano et al., 2022). This adaptive
response can be interpreted as a survival strategy, optimizing the organism's ability to

cope with adverse environmental conditions.

Therefore, a definitive conclusion on the toxic effects of FS and PT was impossible. In

future studies, the diluent used in the toxicity test could be replaced with synthetic
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seawater, which, according to Drzymata and Kalka (2020), increased the sensitivity of
bacteria to compounds at lower doses, eliminated hormetic effects, and promoted more
stable and repeatable responses during toxicity tests with wastewater. In addition, toxicity
tests with more aquatic organisms may better represent the impact of these samples on

the environment.

Table 5 - Effect concentration (ECso) and the toxic unit (TU) for A. fischeri in the
EGSB-MBR samples.

Sample Operation day ECs (%) 30 min TU Classification
20 Hormesis -
FS 40 Hormesis -
60 Hormesis -
20 82.99 1.20 Toxic
EGSBest 40 47.50 211 Toxic
60 21.25 4,71 Toxic
20 Hormesis -
PT 40 Hormesis -
60 Hormesis -

6.3.4 EGSB-MBR efficiency for environmental and human health risk removal

To more fully evaluate the efficiency of EGSB-MBR, an environmental and human health
risk assessment was carried out for FS, EGSBefr, and PT, according to the BPA
concentrations found in these samples at 20, 40, and 60 days of operation. Dos Santos et
al. (2022) showed that despite high removals of micropollutants by MBRs, the remaining
concentrations in the treated effluent can still promote high risks, which points to the need

to integrate these investigations.

The acute and chronic environmental risks and the risk to human health related to BPA
are presented in Figure 6. FS and EGSBesf (20, 40, and 60 days) presented high acute and
chronic risks (Figure 6a). These results show that the anaerobic reactor could not reduce
the BPA concentration sufficiently to reduce the risks posed to aquatic organisms by FS.
In contrast, the contribution of UF, was able to eliminate the high environmental risks for
the PT in the three periods evaluated, even with a lower removal of BPA at 20 days of
operation. For human health, the anaerobic reactor reduced the risks of BPA concerning

FS, where the risks were considered high for women and children (Figure 6b). After
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filtration by UF;, the risks were further reduced and classified as low in the PT, except
for children and women at 20 days of operation. Thus, besides satisfactorily removing
BPA, EGSB-MBR reduced the high environmental and human health risks posed by FS,

which corroborates the technical feasibility of applying the technology.

Figure 6 - Environmental risk quotient (a) and human hazard quotient (b) related to
BPA for FS, EGSBet and PT on days 20, 40 and 60 of operation.
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6.3.5 EGSB-MBR permeability and fouling

UF: presented a hydraulic permeability of 56.2 + 4.5 L h" m™ bar?, salt rejection (NaCl
2 g L) of 28.3 + 2.5%, contact angle of 75.5 + 1.7° and root mean square roughness of
6.13 + 0.86 nm. These permeability and salt rejection values are similar to those observed
for UF membranes, suggesting that the membrane was effectively recycled (Coutinho de
Paula et al., 2017). Figure 7 shows the permeability of the UF,, maintaining an operating
pressure between 0.05 and 0.15 bar. Until the fourth day of operation, membrane
permeability was approximately 40.7 L m* h'* bar’. From the 5th to approximately the
12th day, there was a more pronounced decrease, and the average permeability was 23 L
m2 ht bar? until the end of the operation.
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Figure 7 — UF, permeability throughout the EGSB-MBR operation.
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A decrease in membrane permeability is expected for UF membranes throughout
operation due to the fouling process, especially when using matrices with the presence of
suspended particles, organic matter, and other pollutants, as is the case with EGSBesr (Shi
et al., 2014). Furthermore, despite GS's larger particle size and greater settleability, a
flocculent portion of the sludge is dragged into the membrane tank, contributing to
membrane fouling. To interpret the UF; fouling phenomenon, mainly at the beginning of
the operation, the experimental permeate flux data were adapted to the Hermia models,
which allows for predicting whether the decline in flux is associated with complete pore
blocking, intermediate pore blocking, cake layer, or standard pore blocking (Cancino-
Madariaga et al., 2012). The models were applied to the initial stage of operation (until
the 12th) in which sharper decrease in permeability were observed (Figure 7). Table 6
shows the fit of the experimental results to the Hermia models through the values of the
constant k, which describes the fouling rate for each of the four mechanisms and the
correlation coefficient for the models (R?). The strongest correlation measured was for
intermediate pore blocking, with R? equal to 1. In this mechanism, particles reach the
membrane surface and partially obstruct some pores, causing pore constriction. This
occurs mainly due to solute molecules of a size similar to the membrane pore size
(Vincent Vela et al., 2009a). Furthermore, in this mechanism, particles depositing on the

membrane can attach to other particles on the membrane surface (Zheng et al., 2018a).
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Strong correlations (R% = 0.97) were also found concerning complete pore blocking. In
the early stages of filtration, direct interaction of particles with membrane pores is
expected, which can promote ‘‘sealing’’ of some membrane pores, blocking them
completely (Shi et al., 2014). Similarly, cake layer formation showed a strong correlation,
showing that particles may have contributed to an additional resistance to permeate flux
in the first 12 days of operation. The cake layer mainly originates from consolidating a
layer of highly concentrated molecules near the membrane surface, which is led by
concentration polarization (Zheng et al., 2018b). Generally, complete pore blocking and
cake layer occur with molecules larger than the membrane pores (Corbaton-Baguena et
al., 2016; Vincent Vela et al., 2009b).

Table 6 - Fitting of experimental permeate flux results to Hermia models.

Complete Pore Intermediate Pore Cake Standard Pore
Blocking Blocking Layer Blocking
k (m™) R? k (m™) R2  k(m™?) R2? k (m™) R2
P1  0.0108 0.97 0.0653 1.00 0.1611 0.97 0.3980 0.82

For these fouling mechanisms predicted by the models, and considering the configuration
of the submerged membrane module used in the EGSB-MBR, the application of
backwash may be a first option for flux recovery, capable of removing most of the debris
blocking the pores, as well as sludge cake loosely adhered to the membrane (Le-Clech et
al., 2006). In addition, acid and alkaline cleanings aimed at removing precipitates of
inorganic salts and organic compounds - both present in the membrane tank - may be
necessary alternatives. However, the membranes were not cleaned during this operation.
Thus, in future applications of EGSB-MBR, the nature of fouling agents and membrane-

cleaning techniques can be investigated.
6.3.6 Three-dimensional excitation—emission matrix analyses

The presence of fouling compounds in EGSBett can be observed in Figure 8, where the
peaks of the 3D-EEM analysis are demonstrated for samples from the beginning, middle,
and end of the operation. Previous studies observed that the peaks found in EGSBeft
(Figure 8b, Figure 8d and Figure 8f) are related to aromatic proteins linked to the SMP
release process due to bacterial activity (Em/Ex = 300/275 nm), tryptophan species (Em
/Ex = 350/275 nm), fulvic-like species (Em/Ex = 400/250 nm) and humic-like species
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(Em/Ex = 450/250 nm), released during the anaerobic degradation process (Chen et al.,
2003; Wang et al., 2009; Xin et al., 2020). Among them, the peaks with the highest
intensity in EGSBes were above 400 nm of emission, mainly related to fulvic and humic
acids. These same peaks were observed at lower intensities in the UF, permeate (Figure
8c, Figure 8e, and Figure 8g). Compared to proteins and polysaccharides, humic
substances, mainly fulvic acid, can pass through UF membranes due to their lower
molecular weight (Shi et al., 2018).

It is known that SMP, such as polysaccharides, proteins, and humic substances, are
generally the components with the greatest fouling potential in MBRs (Shi et al., 2018;
Wau et al., 2010). Thus, the presence of these substances contributed to the reduction of
UF permeability throughout the operation. During the EGSB-MBR operation, the SMP
concentration in the sludge was 2.73 + 0.09 mg gSSV1, while the EPS concentration was
3.07 + 0.48 mg gSSV™ In both, the protein portion was slightly higher about
carbohydrates, representing 51% of SMP and 58% of EPS. The lower concentration of
SMP and EPS concerning other AnMBR (Aslan et al., 2014a, 2014b; Huang et al., 2013)
may indicate a stability of the microbial consortium, which is attractive to avoid more

significant fouling in the membrane.

In addition, a high-intensity peak at approximately 350/275 (Em/EXx) was observed in the
FS. Studies show that ExX/Em wavelengths range from 220 to 290 nm and 290 to 375 nm
for BPA (Ingwani et al., 2023; Zhu et al., 2022). Thus, this peak may be related to the
BPA present in the FS. The same peak was observed in EGSBess and PT at lower
intensities, as observed mainly for PT with 80 days of operation, confirming the removal
of BPA by EGSB-MBR. It is important to emphasize that the substances observed in
EGSBefr may have acted as adsorbents for BPA, aiding in its removal, including rejection
by UF: due to its association with macromolecules. Yan et al. (2019) studied the binding
of BPA to sludge EPS, and the results indicate that the binding interaction between BPA
and EPS is spontaneous. Furthermore, BPA mainly binds to EPS proteins by hydrophobic

association.
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Figure 8 - 3D-EEM analysis for (a) FS; (b) EGSBesrand (¢) PT, at the beginning of the operation; (d) EGSBet and (f) PT, in the middle of the operation; (e)
EGSBes and (g) PT, at the end of the operation.
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6.3.7 Preliminary cost evaluation

The proportion of CAPEX and OPEX, considering the costs related to the EGSB-MBR
using UF, are shown in Figure 9. The total specific produced permeate cost of the system
was US$ 0.21 m3 of permeate, considering the flux of 2.5 L m2 h™1. Noyola et al. (2012)
studied the typology of several wastewater treatment technologies applied in Latin
America. The authors reported that, for treated wastewater flow rates close to that of the
present study (711 m=h1), the values for UASB, activated sludge, and stabilization ponds
are 0.085, 0.095, and 0.018 USD m, respectively. On the other hand, for anaerobic MBR
configurations associated with more selective membranes, such as FO, RO and MD, the
cost can range from 1.4 to 6.8 USD m= (Hasanoglu et al., 2024; Santos et al., 2023;
Vinardell et al., 2020c). For AnMBR, Pretel et al. (2016b) estimated a cost of 0.136 € m
3 for a permeate flux of 22 L m h. In addition, Vinardell et al. (2021a) evaluated the
economic feasibility of AnMBR as a technology for municipal sewage treatment and
estimated costs ranging from 0.35 to 0.42 € m ™. Therefore, due to the removals achieved,
EGSB-MBR is an economically promising alternative to conventional technologies,
especially regarding BPA removal.

The OPEX value of EGSB-MBR was US$ 0.16 m™3, with the highest costs related to
membrane recycling (98%) due to the acquisition of reagents necessary for the process,
followed by maintenance and energy requirements. Regarding CAPEX, the total costs
were US$ 1,008.56 m~3 d?, equivalent to an amortized value of US$ 0.05 m™3. In this
case, the highest costs were allocated to civil work, biological treatment, pumps and

mixers, and tanks, respectively (Figure 9).
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Figure 9 - Distribution of CAPEX and OPEX values related to the EGSB-MBR using
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The costs of the membrane recycling process were estimated for a membrane lifespan of
2 years. Thus, eight recycling processes were considered during the design plant life (15
years). The costs related to the acquisition of reagents (US$ 0.15 m~3) were allocated,
respectively, to ethanol for the wetting step (79.4%), HCI for acid cleaning of the
membranes (19.8%), NaCIlO for oxidation (0.5%) and NaOH for alkaline cleaning of the
membranes (0.3%). For comparison purposes, the acquisition cost of new UF membranes
during 15 years of operation and considering a membrane lifespan of 5 years was
estimated for the same conditions as UF.. The cost in this case was US$ 0.52 m™3; thus,

only the membrane exchange step would exceed the SPC estimated for the EGSB-MBR.

Coutinho de Paula and Santos Amaral (2018) used the material input per unit of service
(MIPS) tool to evaluate the recycling process of RO EoL membranes environmentally.
They showed that, even with the environmental impact caused by the disposal of
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chemicals used in the membrane conversion process and the subsequent disposal of UF,
membranes, the environmental benefits were greater. Thus, besides the economic
advantages, it is essential to highlight that applying EGSB-MBR with UF; brings

environmental gains due to reduced waste sent to landfills.
6.7 CONCLUSION AND FUTURE PERSPECTIVES

In this study, EGSB-MBR using UF; proved to be a promising solution for treating
domestic wastewater, especially in removing BPA, reaching an average efficiency of
91.1%. Adsorption of BPA on membrane and macromolecules were essential factors that
positively influenced the removal of BPA. The EGSB-MBR system also provided
efficient removal of organic matter (95.1%). PO+*~ removal was evaluated at 27%, while
for NH4 there was no overall removal, although the UF, helped to reduce the ammoniacal
nitrogen present in EGSBef. In addition, EGSB-MBR has also been demonstrated
efficiency to reduce the environmental and human health risks associated with BPA.
Finally, the costs indicated that membrane recycling is an economically viable alternative,
with the SPC estimated at US$ 0.16 per m3, significantly lower than the systems using
new membranes. Furthermore, membrane recycling reduces solid waste generation,
which aligns with sustainability and circular economy principles. Future studies may
focus on more extended operations to evaluate BPA removal, besides other EDCs. In
addition, further investigations may explore the increased removal and mobilization of
nutrients as value-added products, further increasing the economic and environmental
potential of the EGSB-MBR system. Furthermore, the efficiency of membrane cleaning

and its impact on pollutant removal may be investigated in future studies.



CHAPTER 7

GENERAL CONCLUSIONS
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This study uniquely delved into the environmental impacts of TrOCs in the aquatic
environment and the technologies applied to their removal, with a special focus on
toxicity and environmental risk. The study also honed in on removal by biodegradation,

particularly in anaerobic membrane bioreactors with granular sludge.

The study related to PhACs was divided into two lines of research: (1) a review evaluating
processes applied to the removal of several PhACs - focusing on biodegradation -,
including the removal of environmental risks and carbon footprint; and (2) toxicity and
environmental risk tests of PhACs little explored in the literature, alone and in binary and
tertiary mixtures. These two lines' main findings and conclusions are represented in the

flowchart in Figure 1.
Figure 1 - Research lines related to PhACs

PhACs

1 2
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These investigations underscore the practical implications of evaluating PhAC removal
technologies, particularly in terms of environmental risks and carbon footprint.
Conventional biological treatments, when used in combination (e.g. AS+UASB), can
effectively remove more biodegradable PhACs, making them the recommended choice
due to their low carbon footprint and due to the consolidation of these technologies.
However, for the more recalcitrant PhACs, advanced technologies are necessary to

supplement biological treatment, with a focus on those with a lower carbon footprint.
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In addition, it was possible to contribute to identifying the aquatic toxicity of PhACs,
which is still little explored in the literature, showing their effects alone and mixed. For
some mixtures, the toxic effects were greater than those predicted by toxicity prediction
models. Thus, the interaction mechanisms of these PhACs in the aquatic environment can
amplify their effects on specific organisms. Identifying the model most closely aligned
with the experimental results was also possible, which is indicated for application in
predicting the toxicity of the evaluated PhACs. Finally, this stage of the study identified,
among the PhACs evaluated, those that pose high environmental risks in surface water,
specifying the aquatic organisms and locations where this occurs. Therefore, reducing the
release of these PhACs should be a priority, as well as adopting technologies capable of

removing them and reducing their risks.

In addition, the study contributed to investigations related to EDCs, focusing on BPs. This
research was divided into three lines: (1) a review evaluating the occurrence, toxicity,
environmental risks, and removal of BPs by MBRs; (2) evaluation of the BPA removal
by a G-AnNOMBR-MD; and (3) evaluation of the BPA removal by an EGSB-MBR using
UF,. These three lines' main findings and conclusions are represented in the flowchart in

Figure 2.

The widespread use of BPA, simultaneously as the pressure for “BPA-free” products,
results in high concentrations of it and its analogues in the aquatic environment.
Therefore, identifying the occurrence of these compounds was essential to map the
concentrations in specific locations. Although BPA leads to concentrations in surface
waters globally, it was possible to identify that the concentration of other BPs already
exceeds that of BPA in some locations. These results become critical due to the high
environmental and estrogenic risks promoted by several BPs. Therefore, the focus on
studies evaluating removal technologies capable of efficiently removing them from

wastewater is essential.
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Figure 2 - Research lines related to EDCs
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For the two technologies experimentally tested for the treatment of domestic sewage
aiming at removing BPA (G-AnOMBR/MD and EGSB-MBR using UF;), the
biodegradation efficiency of GS was essential in both. The first achieved high removals
of organic matter, nutrients, and BPA. However, the costs were high when compared to
other conventional technologies. The second achieved high removals of organic matter
and BPA; however, the removal of nutrients was low or non-existent. Despite this, the
costs were comparable to conventional technologies. In addition, both membrane
modules were essential in removing toxicity and environmental and human health risks.
Thus, the G-ANOMBR/MD application is viable aiming at a high-quality effluent that can
be used for noble purposes, such as potable and non-potable reuse. In this way, the costs

are justified by the value added to the final effluent. In addition, using residual heat or
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solar energy for MD reduces costs and brings environmental benefits to this system. In
contrast, EGSB-MBR and UF; can replace the conventional technologies currently used
in WWTPs due to the comparable costs and high BPA removal. In addition, the possibility
of recovering nutrients in the permeate can reduce their concentrations in the final effluent

and adds value to the system.

Finally, this study highlights the importance of searching for wastewater treatment
technologies to reduce environmental and health concerns associated with TrOCs in
aquatic environments. The research contributes valuable insights into the toxicity and
environmental risks besides advancing the proposal of new technologies for removing
these compounds. It advocates for adopting technologies with lower carbon footprints
and high efficacy in mitigating risks. Ultimately, these efforts were crucial for providing

a framework for future innovations in wastewater treatment processes.



183

REFERENCES

ABNT. NBR 12648: Ecotoxicologia Aquatica — Toxicidade cronica — Método de ensaio
com algas (Chlorophyceae). Rio de Janeiro, 2011.

ABNT. NBR 12713: Ecotoxicologia Aquatica — Toxicidade aguda — Método de ensaio
com Daphnia spp (Crustacea, Cladocera). Rio de Janeiro, 2016.

ABNT. NBR 15411-3: Ecotoxicologia Aquatica — Determinagdo do efeito inibitorio de
amostras de agua sobre a emissao de luz de Vibrio Fischeri. Rio de Janeiro, 2006.

ABNT. NBR 9649: Projeto de redes coletoras de esgoto sanitario. Rio de Janeiro, 1986.

APHA, Standard Methods for the Examination of Water and \Wastewater, 23rd ed.,
APHA, AWWA, WPCF, New York, 2017.

Abdul Rasheed Md, R.K.K.P.D.Y., 2013. Assessment of Antibacterial Activity of
Bisphenol A (4,4’-I1sopropylidenebisphenol). Int J Innov Res Sci Eng Technol.

Abegglen, C., Joss, A., McArdell, C.S., Fink, G., Schlisener, M.P., Ternes, T.A.,,
Siegrist, H., 2009. The fate of selected micropollutants in a single-house MBR. Water
Res 43, 2036-2046. https://doi.org/10.1016/j.watres.2009.02.005

Abegglen, C., Joss, A., McArdell, C.S., Fink, G., Schlisener, M.P., Ternes, T.A.,
Siegrist, H., 2009. The fate of selected micropollutants in a single-house MBR. Water
Res. 43, 2036-2046. https://doi.org/10.1016/j.watres.2009.02.005

Abusoglu, A., Tozlu, A., Anvari-Moghaddam, A., 2021. District heating and electricity
production based on biogas produced from municipal WWTPs in Turkey: A
comprehensive case study. Energy 223, 119904.
https://doi.org/10.1016/j.energy.2021.119904

Adjei, J.K., Dayie, A.D., Addo, J.K., Asamoah, A., Amoako, E.O., Egoh, B.Y ., Bekoe,
E., Ofori, N.O., Adjei, G.A., Essumang, D.K., 2022. Occurrence, ecological risk
assessment and source apportionment of pharmaceuticals, steroid hormones and
xenoestrogens in the Ghanaian aquatic environments. Toxicol Rep 9, 1398-1409.
https://doi.org/10.1016/j.toxrep.2022.06.011

Al Sharabati, M., Abokwiek, R., Al-Othman, A., Tawalbeh, M., Karaman, C., Orooji,
Y., Karimi, F., 2021. Biodegradable polymers and their nano-composites for the
removal of endocrine-disrupting chemicals (EDCs) from wastewater: A review. Environ
Res 202. https://doi.org/10.1016/j.envres.2021.111694

Alturki, A.A., Tadkaew, N., McDonald, J.A., Khan, S.J., Price, W.E., Nghiem, L.D.,
2010. Combining MBR and NF/RO membrane filtration for the removal of trace



184

organics in indirect potable water reuse applications. J Memb Sci 365, 206-215.
https://doi.org/10.1016/j.memsci.2010.09.008

Amin, M.M., Bina, B., Ebrahimi, A., Yavari, Z., Mohammadi, F., Rahimi, S., 2018. The
occurrence, fate, and distribution of natural and synthetic hormones in different types of
wastewater treatment plants in Iran. Chinese J. Chem. Eng. 26, 1132-1139.
https://doi.org/10.1016/j.cjche.2017.09.005

Arcanjo, G.S., Costa, F.C.R., Ricci, B.C., Mounteer, A.H., de Melo, E.N.M.L.,
Cavalcante, B.F., Araujo, A. V., Faria, C. V., Amaral, M.C.S., 2020. Draw solution
solute selection for a hybrid forward osmosis-membrane distillation module: Effects on
trace organic compound rejection, water flux and polarization. Chemical Engineering
Journal 400. https://doi.org/10.1016/j.cej.2020.125857

Arcanjo, G.S., Ricci, B.C., dos Santos, C.R., Costa, F.C.R., Silva, U.C.M., Mounteer,
A.H., Koch, K., da Silva, P.R., Santos, V.L., Amaral, M.C.S., 2021. Effective removal
of pharmaceutical compounds and estrogenic activity by a hybrid anaerobic osmotic
membrane bioreactor — Membrane distillation system treating municipal sewage.
Chemical Engineering Journal 416. https://doi.org/10.1016/j.cej.2021.129151

Arcanjo, G.S., dos Santos, C.R., Cavalcante, B.F., Moura, G. de A., Ricci, B.C.,
Mounteer, A.H., Santos, L.V.S., Queiroz, L.M., Amaral, M.C., 2022. Improving
biological removal of pharmaceutical active compounds and estrogenic activity in a
mesophilic anaerobic osmotic membrane bioreactor treating municipal sewage.
Chemosphere 301. https://doi.org/10.1016/j.chemosphere.2022.134716

Arcanjo, G.S., dos Santos, C.R., Cavalcante, B.F., Moura, G. de A., Ricci, B.C.,
Mounteer, A.H., Santos, L.V.S., Queiroz, L.M., Amaral, M.CS., 2022. Improving
biological removal of pharmaceutical active compounds and estrogenic activity in a
mesophilic anaerobic osmotic membrane bioreactor treating municipal sewage.
Chemosphere 301, 134716. https://doi.org/10.1016/j.chemosphere.2022.134716

Arias, A., Alvarino, T., Allegue, T., Suarez, S., Garrido, J.M., Omil, F., 2018. An
innovative wastewater treatment technology based on UASB and IFAS for cost-
efficient macro and micropollutant removal. J Hazard Mater 359, 113-120.
https://doi.org/10.1016/j.jhazmat.2018.07.042

Arias, A., Alvarino, T., Allegue, T., Suarez, S., Garrido, J.M., Omil, F., 2018. An
innovative wastewater treatment technology based on UASB and IFAS for cost-
efficient macro and micropollutant removal. J. Hazard. Mater. 359, 113-120.
https://doi.org/10.1016/j.jhazmat.2018.07.042.

Asif, M. B.; Hou, J.; Price, W. E.; Chen, V.; Hali, F. I., 2020. Removal of trace organic
contaminants by enzymatic membrane bioreactors: Role of membrane retention and
biodegradation. Journal of Membrane Science, 611, 118345.



185

Asif, M.B., Hai, F.1., Kang, J., van de Merwe, J.P., Leusch, F.D.L., Price, W.E.,
Nghiem, L.D., 2018. Biocatalytic degradation of pharmaceuticals, personal care
products, industrial chemicals, steroid hormones and pesticides in a membrane
distillation-enzymatic bioreactor. Bioresour Technol 247, 528-536.
https://doi.org/10.1016/j.biortech.2017.09.129

Asif, M.B., Hou, J., Price, W.E., Chen, V., Hali, F.I., 2020. Removal of trace organic
contaminants by enzymatic membrane bioreactors: Role of membrane retention and
biodegradation. J Memb Sci 611, 118345.
https://doi.org/10.1016/j.memsci.2020.118345

Assress, H.A., Nyoni, H., Mamba, B.B., Msagati, T.A.M., 2020. Occurrence and risk
assessment of azole antifungal drugs in water and wastewater. Ecotoxicol. Environ. Saf.
187, 109868. https://doi.org/10.1016/j.ecoenv.2019.109868

Awad, H., Gar Alalm, M., El-Etriby, H.K., 2019. Environmental and cost life cycle
assessment of different alternatives for improvement of wastewater treatment plants in
developing countries. Sci. Total Environ. 660, 57-68.
https://doi.org/10.1016/j.scitotenv.2018.12.386

Baek, I. H.; Kim, Y.; Baik, S.; Kim, J., 2019. Investigation of the synergistic toxicity of
binary mixtures of pesticides and pharmaceuticals on AliiVibrio fischeri in major river
basins in South Korea. International Journal of Environmental Research and Public
Health, 16, 2.

Baker R. W., 2000. Membrane Technology, Wiley Online Library.

Beretsou, V. G.; Michael-Kordatou, I.; Michael, C.; Santoro, D.; el-halwagy, M.; Jager,
T.; Besselink, H.; Schwartz, T.; Fatta-Kassinos, D., 2020. A chemical, microbiological
and (eco)toxicological scheme to understand the efficiency of UV-C/H202 oxidation on
antibiotic-related microcontaminants in treated urban wastewater. Science of the Total
Environment, 744, 140835.

Besha, A.T., Gebreyohannes, A.Y., Tufa, R.A., Bekele, D.N., Curcio, E., Giorno, L.,
2017. Removal of emerging micropollutants by activated sludge process and membrane
bioreactors and the effects of micropollutants on membrane fouling: A review. J.
Environ. Chem. Eng. 5, 2395-2414. https://doi.org/10.1016/j.jece.2017.04.027

Biatk-Bielinska, A., Mulkiewicz, E., Stokowski, M., Stolte, S., Stepnowski, P., 2017.
Acute aquatic toxicity assessment of six anti-cancer drugs and one metabolite using
biotest battery — Biological effects and stability under test conditions. Chemosphere
189, 689-698. https://doi.org/10.1016/j.chemosphere.2017.08.174

Biatk-Bielinska, A.; Stolte, S.; Arning, J.; Uebers, U.; Boschen, A.; Stepnowski, P.;
Matzke, M., 2011. Ecotoxicity evaluation of selected sulfonamides. Chemosphere,85, 6,
928-933,



186

Bisognin, R.P., Wolff, D.B., Carissimi, E., Prestes, O.D., Zanella, R., 2019. Occurrence
and fate of pharmaceuticals in effluent and sludge from a wastewater treatment plant in
Brazil. Environ. Technol. (United Kingdom) 42, 2292-2303.
https://doi.org/10.1080/09593330.2019.1701561

Bizkarguenaga, E., Ros, O., Iparraguirre, A., Navarro, P., Vallejo, A., Usobiaga, A.,
Zuloaga, O., 2012. Solid-phase extraction combined with large volume injection-
programmable temperature vaporization-gas chromatography-mass spectrometry for the
multiresidue determination of priority and emerging organic pollutants in wastewater. J.
Chromatogr. A 1247, 104-117. https://doi.org/10.1016/j.chroma.2012.05.022

Blair, B., Nikolaus, A., Hedman, C., Klaper, R., Grundl, T., 2015. Evaluating the
degradation, sorption, and negative mass balances of pharmaceuticals and personal care
products during wastewater treatment. Chemosphere 134, 395-401.
https://doi.org/10.1016/j.chemosphere.2015.04.078

Brandsma, S.H., Leonards, P.E.G., Koekkoek, J.C., Samsonek, J., Puype, F., 2022.
Migration of hazardous contaminants from WEEE contaminated polymeric toy material
by mouthing. Chemosphere 294, 133774.
https://doi.org/10.1016/j.chemosphere.2022.133774

Busfield, J., 2015. Assessing the overuse of medicines. Social Science and Medicine,
131, 199-206.

Byeon, E., Park, J. C., Hagiwara, A., Han, J., & Lee, J. S. (2020). Two antidepressants
fluoxetine and sertraline cause growth retardation and oxidative stress in the marine
rotifer Brachionus koreanus. Aquatic Toxicology, 218, 105337.
https://doi.org/10.1016/j.aquatox.2019.105337

Calabrese, E. J., 2010. Hormesis: why it is important to toxicology and toxicologists.
Environmental Toxicology, 27,7, 1451-1474.

Caldwell, D.J., Mastrocco, F., Anderson, P.D., Lange, R., Sumpter, J.P., 2012.
Predicted-no-effect concentrations for the steroid estrogens estrone, 17p-estradiol,
estriol, and 17a-ethinylestradiol. Environ Toxicol Chem 31, 1396—-1406.
https://doi.org/10.1002/etc.1825

Caporaso, J.G., Kuczynski, J., Stombaugh, J., Bittinger, K., Bushman, F.D., Costello,
E.K., Fierer, N., Péa, A.G., Goodrich, J.K., Gordon, J.I., Huttley, G.A., Kelley, S.T.,
Knights, D., Koenig, J.E., Ley, R.E., Lozupone, C.A., McDonald, D., Muegge, B.D.,
Pirrung, M., Reeder, J., Sevinsky, J.R., Turnbaugh, P.J., Walters, W.A., Widmann, J.,
Yatsunenko, T., Zaneveld, J., Knight, R., 2010. QIIME allows analysis of high-
throughput community sequencing data. Nat Methods.
https://doi.org/10.1038/nmeth.f.303



187

Carbajo, J. B., Petre, A. L., Rosal, R., Herrera, S., Leton, P., Garcia-Calvo, E., ...
Perdigdn-Melon, J. A. (2015). Continuous ozonation treatment of ofloxacin:
Transformation products, water matrix effect and aquatic toxicity. Journal of Hazardous
Materials, 292, 34-43. https://doi.org/10.1016/j.jhazmat.2015.02.075

Caroline Ricci, B., Santos Arcanjo, G., Rezende Moreira, V., Abner Rocha Lebron, Y.,
Koch, K., Cristina Rodrigues Costa, F., Paulinelli Ferreira, B., Luiza Costa Lisboa, F.,
Diniz Miranda, L., Vieira de Faria, C., Celina Lange, L., Cristina Santos Amaral, M.,
2021. A novel submerged anaerobic osmotic membrane bioreactor coupled to
membrane distillation for water reclamation from municipal wastewater. Chemical
Engineering Journal 414, 128645. https://doi.org/10.1016/j.cej.2021.128645

Casado, J., Rodriguez, 1., Ramil, M., Cela, R., 2014. Selective determination of
antimycotic drugs in environmental water samples by mixed-mode solid-phase
extraction and liquid chromatography quadrupole time-of-flight mass spectrometry. J.
Chromatogr. A 1339, 42—49. https://doi.org/10.1016/j.chroma.2014.02.087

Cedergreen, N., Kudsk, P., Kopp Mathiassen, S., Sgrensen, H., Streibig, J.C., 2007.
REPRODUCIBILITY OF BINARY-MIXTURE TOXICITY STUDIES, Environmental
Toxicology and Chemistry.

Chamanee, G., Sewwandi, M., Wijesekara, H., Vithanage, M., 2024. Occurrence and
abundance of microplastics and plasticizers in landfill leachate from open dumpsites in
Sri Lanka. Environmental Pollution 350, 123944,
https://doi.org/10.1016/j.envpol.2024.123944

Chapman, P. M., 2002. Ecological risk assessment (ERA) and hormesis. Science of the
Total Environment, 288, 2, 131-140.

Chen, D., Kannan, K., Tan, H., Zheng, Z., Feng, Y.-L., Wu, Y., Widelka, M., 2016b.
Bisphenol Analogues Other Than BPA: Environmental Occurrence, Human Exposure,
and Toxicity—A Review. Environ Sci Technol 50, 5438-5453.
https://doi.org/10.1021/acs.est.5b05387

Chen, D., Kannan, K., Tan, H., Zheng, Z., Feng, Y.L., Wu, Y., Widelka, M., 2016.
Bisphenol Analogues Other Than BPA: Environmental Occurrence, Human Exposure,
and Toxicity - A Review. Environ Sci Technol. https://doi.org/10.1021/acs.est.5b05387

Chen, D., Kannan, K., Tan, H., Zheng, Z., Feng, Y.L., Wu, Y., Widelka, M., 2016a.
Bisphenol Analogues Other Than BPA: Environmental Occurrence, Human Exposure,
and Toxicity - A Review. Environ Sci Technol. https://doi.org/10.1021/acs.est.5b05387

Chen, K.-Y., Chou, P.-H., 2016. Detection of endocrine active substances in the aquatic
environment in southern Taiwan using bioassays and LC—-MS/MS. Chemosphere 152,
214-220. https://doi.org/10.1016/j.chemosphere.2016.02.115



188

Chen, S., Harb, M., Sinha, P., Smith, A.L., 2018. Emerging investigators series:
revisiting greenhouse gas mitigation from conventional activated sludge and anaerobic-
based wastewater treatment systems. Environ. Sci. Water Res. Technol. 4, 1739-1758.
https://doi.org/10.1039/c8ew00545a

Chou, P.-H., Lin, Y.-L., Liu, T.-C., Chen, K.-Y., 2015. Exploring potential contributors
to endocrine disrupting activities in Taiwan’s surface waters using yeast assays and
chemical analysis. Chemosphere 138, 814-820.
https://doi.org/10.1016/j.chemosphere.2015.08.016

Chu, L.B., Yang, F.L., Zhang, X.W., 2005. Anaerobic treatment of domestic wastewater
in a membrane-coupled expended granular sludge bed (EGSB) reactor under moderate
to low temperature. Process Biochemistry 40, 1063-1070.
https://doi.org/10.1016/j.procbio.2004.03.010

Cleuvers, M., 2003. Aquatic ecotoxicity of pharmaceuticals including the assessment of
combination effects. Toxicology Letters, 142, 3, 185-194.

Clubbs, R. L.; Brooks, B. W., 2007. Daphnia magna responses to a vertebrate strogen
receptor agonist and a antagonist: A multigenerational study. Ecotoxicology and
Environmental Satefy, 67, 385-398.

Communication from the Commission ‘Incorporating Equal Opportunities For Women
and Men into all Community Policies and Activities,” 1996. . International Journal of
Comparative Labour Law and Industrial Relations 12, 158-175.
https://doi.org/10.54648/1JCL1996017

Connon, R. E.; Geist, J.; Werner, |., 2012. Effect-based tools for monitoring and
predicting the ecotoxicological effects of chemicals in the aquatic environment. Sensors
(Switzerland), 12, 9, 12741-12771.

Coors, A., Vollmar, P., Sacher, F., Polleichtner, C., Hassold, E., Gildemeister, D.,
Kihnen, U., 2018. Prospective environmental risk assessment of mixtures in wastewater
treatment plant effluents — Theoretical considerations and experimental verification.
Water Res 140, 56-66. https://doi.org/10.1016/j.watres.2018.04.031

Cunha, S.C., Ferreira, R., Marmelo, I., Vieira, L.R., Anacleto, P., Maulvault, A.,
Marques, A., Guilhermino, L., Fernandes, J.O., 2022. Occurrence and seasonal variation
of several endocrine disruptor compounds (pesticides, bisphenols, musks and UV-
filters) in water and sediments from the estuaries of Tagus and Douro Rivers (NE
Atlantic Ocean coast). Science of The Total Environment 838, 155814.
https://doi.org/10.1016/j.scitotenv.2022.155814

Cydzik-Kwiatkowska, A., Bernat, K., Zielinska, M., Butkowska, K., Wojnowska-
Baryla, 1., 2017. Aerobic granular sludge for bisphenol A (BPA) removal from



189

wastewater. Int Biodeterior Biodegradation 122, 1-11.
https://doi.org/10.1016/j.ibiod.2017.04.008

Czarny, K., Krawczyk, B., Szczukocki, D., 2021. Toxic effects of bisphenol A and its
analogues on cyanobacteria Anabaena variabilis and Microcystis aeruginosa.
Chemosphere 263. https://doi.org/10.1016/j.chemosphere.2020.128299

Czarny-Krzyminska, K., Krawczyk, B., Szczukocki, D., 2023. Bisphenol A and its
substitutes in the aquatic environment: Occurrence and toxicity assessment.
Chemosphere 315, 137763. https://doi.org/10.1016/j.chemosphere.2023.137763

Czarny-Krzyminska, K., Krawczyk, B., Szczukocki, D., 2023. Bisphenol A and its
substitutes in the aquatic environment: Occurrence and toxicity assessment.
Chemosphere. https://doi.org/10.1016/j.chemosphere.2023.137763

Demierre, A.-L., Reinhard, H., Zeltner, S., Frey, S., 2024. Evaluating the efficiency of
the 2020 ban of BPA and BPS in thermal papers in Switzerland. Regulatory Toxicology
and Pharmacology 146, 105526. https://doi.org/10.1016/j.yrtph.2023.105526

Di Paola, D., Capparucci, F., Lanteri, G., Cordaro, M., Crupi, R., Siracusa, R.,
D’Amico, R., Fusco, R., Impellizzeri, D., Cuzzocrea, S., Spano, N., Gugliandolo, E.,
Peritore, A.F., 2021. Combined Toxicity of Xenobiotics Bisphenol A and Heavy Metals
on Zebrafish Embryos (Danio rerio). Toxics 9, 344.
https://doi.org/10.3390/toxics9120344

Dong, Y., Fang, Z., Xu, Y., Wang, Q., Zou, X., 2019. The toxic effects of three active
pharmaceutical ingredients (APIs) with different efficacy to Vibrio fischeri. Emerg
Contam 5, 297-302. https://doi.org/10.1016/j.emcon.2019.08.004

dos Santos, C.R., Arcanjo, G.S., de Souza Santos, L.V., Koch, K., Amaral, M.C.S.,
2021. Aquatic concentration and risk assessment of pharmaceutically active compounds
in the environment. Environmental Pollution.
https://doi.org/10.1016/j.envpol.2021.118049

dos Santos, C.R., Lebron, Y.A.R., Moreira, V.R., Koch, K., Amaral, M.C.S., 2022.
Biodegradability, environmental risk assessment and ecological footprint in wastewater
technologies for pharmaceutically active compounds removal. Bioresour Technol 343,
126150. https://doi.org/10.1016/j.biortech.2021.126150

Drzymata, J., Kalka, J., 2020. Elimination of the hormesis phenomenon by the use of
synthetic sea water in a toxicity test towards Aliivibrio fischeri. Chemosphere 248.
https://doi.org/10.1016/j.chemosphere.2020.126085

Du, R,, Cao, S, Li, B., Zhang, H., Wang, S., Peng, Y., 2019. Synergy of partial-
denitrification and anammox in continuously fed upflow sludge blanket reactor for



190

simultaneous nitrate and ammonia removal at room temperature. Bioresour Technol
274, 386-394. https://doi.org/10.1016/j.biortech.2018.11.101

Duefias-Moreno, J., Mora, A., Kumar, M., Meng, X.-Z., Mahlknecht, J., 2023.
Worldwide risk assessment of phthalates and bisphenol A in humans: The need for
updating guidelines. Environ Int 181, 108294.
https://doi.org/10.1016/j.envint.2023.108294

Dutta, K., Lee, M.-Y., Lai, W.W.-P., Lee, C.H., Lin, A.Y.-C,, Lin, C.-F., Lin, J.-G.,
2014. Removal of pharmaceuticals and organic matter from municipal wastewater using
two-stage anaerobic fluidized membrane bioreactor. Bioresour Technol 165, 42—49.
https://doi.org/10.1016/j.biortech.2014.03.054

European Commission, 1996. Technical guidance document in support of Commission
directive on risk assessment for new notified substances and Commission regulation
(EC) no. 1488 94 on risk assessment for existing substances., Office for Official Publ.
of the European Communities, Luxembourg.

European Commission, 2019. The European Green Deal - Communication From the
Commission to the European Parliament, the European Council, the Council, the
European Economic and Social Committee and the Committee of the Regions (2019),
pp. 1-24.

Falas, P., Baillon-Dhumez, A., Andersen, H.R., Ledin, A., La Cour Jansen, J., 2012.
Suspended biofilm carrier and activated sludge removal of acidic pharmaceuticals.
Water Res. 46, 1167-1175. https://doi.org/10.1016/j.watres.2011.12.003

Faria, C. V., Ricci, B.C., Silva, A.F.R., Amaral, M.C.S., Fonseca, F. V., 2020. Removal
of micropollutants in domestic wastewater by expanded granular sludge bed membrane
bioreactor. Process Safety and Environmental Protection 136, 223-233.
https://doi.org/10.1016/j.psep.2020.01.033

Fatehifar, M., Borghei, S.M., Ekhlasi Nia, A., 2018. Application of moving bed biofilm
reactor in the removal of pharmaceutical compounds (diclofenac and ibuprofen). J.
Environ. Chem. Eng. 6, 5530-5535. https://doi.org/10.1016/j.jece.2018.08.029

Faust, M., Altenburger, R., Backhaus, T., Blanck, H., Boedeker, W., Gramatica, P.,
Hamer, V., Scholze, M., Vighi, M., Grimme, L.H., 2003. Joint algal toxicity of 16
dissimilarly acting chemicals is predictable by the concept of independent action,
Aquatic Toxicology.

Fenner, K., Elsner, M., Lueders, T., McLachlan, M.S., Wackett, L.P., Zimmermann, M.,
Drewes, J.E., 2021. Methodological Advances to Study Contaminant
Biotransformation: New Prospects for Understanding and Reducing Environmental
Persistence? ACS ES&T Water 1, 1541-1554.
https://doi.org/10.1021/acsestwater.1c00025



191

Ferrer-Polonio, E., Alvim, C.B., Ferndndez-Navarro, J., Mompdé-Curell, R., Mendoza-
Roca, J.A., Bes-Pi4, A., Alonso-Molina, J.L., Amoros-Mufioz, 1., 2021. Influence of
bisphenol A occurrence in wastewaters on biomass characteristics and activated sludge
process performance. Science of The Total Environment 778, 146355.
https://doi.org/10.1016/j.scitotenv.2021.146355

Fischer, J., Kappelmeyer, U., Kastner, M., Schauer, F., Heipieper, H.J., 2010. The
degradation of bisphenol A by the newly isolated bacterium Cupriavidus basilensis JF1
can be enhanced by biostimulation with phenol. Int Biodeterior Biodegradation 64,
324-330. https://doi.org/10.1016/j.ibiod.2010.03.007

Frankowski, R., Zgota-Grzeskowiak, A., Grzeskowiak, T., S¢jka, K., 2020. The
presence of bisphenol A in the thermal paper in the face of changing European
regulations — A comparative global research. Environmental Pollution 265, 114879.
https://doi.org/10.1016/j.envpol.2020.114879

Gallardo-Altamirano, M.J., Maza-Marquez, P., Pefia-Herrera, J.M., Rodelas, B., Osorio,
F., Pozo, C., 2018. Removal of anti-inflammatory/analgesic pharmaceuticals from urban
wastewater in a pilot-scale A20 system: Linking performance and microbial population
dynamics to operating variables. Sci. Total Environ. 643, 1481-1492.
https://doi.org/10.1016/j.scitotenv.2018.06.284

Gani, K.M., Hlongwa, N., Abunama, T., Kumari, S., Bux, F., 2021. Emerging
contaminants in South African water environment- a critical review of their occurrence,
sources and ecotoxicological risks. Chemosphere 269, 128737.
https://doi.org/10.1016/j.chemosphere.2020.128737

Gao, Q., Wang, J., Ren, L., Cheng, Y., Lin, Z., Li, X.G., Sun, H., 2021. Investigations
on the influence of energy source on time-dependent hormesis: A case study of
sulfadoxine to Aliivibrio fischeri in different cultivation systems. Science of the Total
Environment 775. https://doi.org/10.1016/j.scitotenv.2021.145877

Gao, T., Xiao, K., Zhang, J., Xue, W., Wei, C., Zhang, X, Liang, S., Wang, X., Huang,
X., 2022. Techno-economic characteristics of wastewater treatment plants retrofitted
from the conventional activated sludge process to the membrane bioreactor process.
Front. Environ. Sci. Eng. 16. https://doi.org/10.1007/s11783-021-1483-6

Gao, Y., Xiao, S.-K., Wu, Q., Pan, C.-G., 2023. Bisphenol analogues in water and
sediment from the Beibu Gulf, South China Sea: Occurrence, partitioning and risk
assessment. Science of The Total Environment 857, 159445.
https://doi.org/10.1016/j.scitotenv.2022.159445

Garcia-Galan, J. J.; Anfruns, A.; Gonzalez-Olmos, R.; Rodriguez-Mozaz, S.; Comas, J.,
2016. UV/H202degradation of the antidepressants venlafaxine and O-



192

desmethylvenlafaxine: Elucidation of their transformation pathway and environmental
fate. Journal of Hazardous Materials, 311, 70-80.

Ghaffour, N., Soukane, S., Lee, J.G., Kim, Y., Alpatova, A., 2019. Membrane
distillation hybrids for water production and energy efficiency enhancement: A critical
review. Appl. Energy 254, 113698. https://doi.org/10.1016/j.apenergy.2019.113698

Gil-Solsona, R., Castafio-Ortiz, J.M., Mufioz-Mas, R., Insa, S., Farré, M., Ospina-
Alvarez, N., Santos, L.H.M.L.M., Garcia-Pimentel, M., Barcel6, D., Rodriguez-Mozaz,
S., 2022. A holistic assessment of the sources, prevalence, and distribution of bisphenol
A and analogues in water, sediments, biota and plastic litter of the Ebro Delta (Spain).
Environmental Pollution 314, 120310. https://doi.org/10.1016/j.envpol.2022.120310

Godoy, A.A., de Oliveira, A.C., Silva, J.G.M., Azevedo, C.C. de J., Domingues, 1.,
Nogueira, A.J.A., Kummrow, F., 2019. Single and mixture toxicity of four
pharmaceuticals of environmental concern to aquatic organisms, including a behavioral
assessment. Chemosphere 235, 373-382.
https://doi.org/10.1016/j.chemosphere.2019.06.200

Goeury, K., Munoz, G., Vo Duy, S., Prévost, M., Sauvé, S., 2022. Occurrence and
seasonal distribution of steroid hormones and bisphenol A in surface waters and
suspended sediments of Quebec, Canada. Environmental Advances 8, 100199.
https://doi.org/10.1016/j.envadv.2022.100199

Gonzalez-Marifio, 1., Castro, V., Montes, R., Rodil, R., Lores, A., Cela, R., Quintana,
J.B., 2018. Multi-residue determination of psychoactive pharmaceuticals, illicit drugs
and related metabolites in wastewater by ultra-high performance liquid
chromatography-tandem mass spectrometry. J. Chromatogr. A 1569, 91-100.
https://doi.org/10.1016/j.chroma.2018.07.045

Gore, A.C., Chappell, V.A., Fenton, S.E., Flaws, J.A., Nadal, A., Prins, G.S., Toppari,
J., Zoeller, R.T., 2015. EDC-2: The Endocrine Society’s Second Scientific Statement on
Endocrine-Disrupting Chemicals. Endocr Rev 36, E1-E150.
https://doi.org/10.1210/er.2015-1010

Grandclément, C., Seyssiecq, I., Piram, A., Wong-Wah-Chung, P., Vanot, G., Tiliacos,
N., Roche, N., Doumeng, P., 2017. From the conventional biological wastewater
treatment to hybrid processes, the evaluation of organic micropollutant removal: A
review. Water Res. https://doi.org/10.1016/j.watres.2017.01.005

Gros, M., Petrovi¢, M., Ginebreda, A., Barceld, D., 2010. Removal of pharmaceuticals
during wastewater treatment and environmental risk assessment using hazard indexes.
Environ. Int. 36, 15-26. https://doi.org/10.1016/j.envint.2009.09.002

Gros, M., Rodriguez-Mozaz, S., Barcelo, D., 2013. Rapid analysis of multiclass
antibiotic residues and some of their metabolites in hospital, urban wastewater and river



193

water by ultra-high-performance liquid chromatography coupled to quadrupole-linear
ion trap tandem mass spectrometry. J. Chromatogr. A 1292, 173-188.
https://doi.org/10.1016/j.chroma.2012.12.072

Gu, D., Song, Z., Kang, H., Mao, Y., Feng, Q., 2021. Occurrence, Profiles and
Ecological Risk of Bisphenol Analogues in a Municipal Sewage Treatment Plant. Bull
Environ Contam Toxicol 106, 1044-1049. https://doi.org/10.1007/s00128-021-03214-7

Gu, Y., Li, Y., Li, X,, Luo, P., Wang, H., Robinson, Z.P., Wang, X., Wu, J., Li, F.,
2017. The feasibility and challenges of energy self-sufficient wastewater treatment
plants. Appl. Energy 204, 1463-1475. https://doi.org/10.1016/].apenergy.2017.02.069

Guo, J.; Sinclair, C. J.; Selby, K.; Boxall, A. B. A., 2016. Toxicological and
ecotoxicological risk-based prioritization of pharmaceuticals in the natural environment.
Environmental Toxicology and Chemistry, 35, 6, 1550-1559.

Guo, L., Li, Z., Gao, P., Hu, H., Gibson, M., 2015. Ecological risk assessment of
bisphenol A in surface waters of China based on both traditional and reproductive
endpoints. Chemosphere 139, 133-137.
https://doi.org/10.1016/j.chemosphere.2015.06.001

Hajibabania, S., Antony, A., Leslie, G., Le-Clech, P., 2012. Relative impact of fouling
and cleaning on PVDF membrane hydraulic performances. Sep Purif Technol 90, 204
212. https://doi.org/10.1016/j.seppur.2012.03.001

Hao, X.D., Li, J., Van Loosdrecht, M.C.M., Li, T.Y., 2018. A sustainability-based
evaluation of membrane bioreactors over conventional activated sludge processes. J.
Environ. Chem. Eng. 6, 2597-2605. https://doi.org/10.1016/j.jece.2018.03.050

Hawash, H.B., Moneer, A.A., Galhoum, A.A., Elgarahy, A.M., Mohamed, W.A.A.,
Samy, M., El-Seedi, H.R., Gaballah, M.S., Mubarak, M.F., Attia, N.F., 2023.
Occurrence and spatial distribution of pharmaceuticals and personal care products
(PPCPs) in the aquatic environment, their characteristics, and adopted legislations.
Journal of Water Process Engineering. https://doi.org/10.1016/j.jwpe.2023.103490

He, D.Q., Zhang, Y.J., He, C.S., Yu, H.Q., 2017. Changing profiles of bound water
content and distribution in the activated sludge treatment by NaCl addition and pH
modification. Chemosphere 186, 702—-708.
https://doi.org/10.1016/j.chemosphere.2017.08.045

Heimovics, S.A., Trainor, B.C., Soma, K.K., 2015. Rapid Effects of Estradiol on
Aggression in Birds and Mice: The Fast and the Furious: Fig. 1. Integr Comp Biol 55,
281-293. https://doi.org/10.1093/icb/icv048

Henderson, B.E., Feigelson, H.S., 2000. Hormonal carcinogenesis. Carcinogenesis 21,
427-433. https://doi.org/10.1093/carcin/21.3.427



194

Hernandez-Fernandez, J., Cano-Cuadro, H., Puello-Polo, E., 2022. Emission of
Bisphenol A and Four New Analogs from Industrial Wastewater Treatment Plants in the
Production Processes of Polypropylene and Polyethylene Terephthalate in South
America. Sustainability 14, 10919. https://doi.org/10.3390/su141710919

Herrero, P. et al., 2012. Determination of glucocorticoids in sewage and river waters by
ultra-high performance liquid chromatography-tandem mass spectrometry. Journal of
Chromatography A, 1224, 19-26.

Holloway, R. W., 2015. The osmotic membrane bioreactor: a critical review.
Environmental Science: Water Research & Technology, 1, 5, 581-605.

Holloway, R.W., Miller-Robbie, L., Patel, M., Stokes, J.R., Munakata-Marr, J.,
Dadakis, J., Cath, T.Y., 2016. Life-cycle assessment of two potable water reuse
technologies: MF/RO/UV-AOP treatment and hybrid osmotic membrane bioreactors. J.
Memb. Sci. 507, 165-178. https://doi.org/10.1016/j.memsci.2016.01.045

Hu, J., Zhou, J., Zhou, S., Wu, P., Tsang, Y.F., 2018. Occurrence and fate of antibiotics
in a wastewater treatment plant and their biological effects on receiving waters in
Guizhou. Process Saf. Environ. Prot. 113, 483-490.
https://doi.org/10.1016/j.psep.2017.12.003

Huang, C., Wu, L.-H., Liu, G.-Q., Shi, L., Guo, Y., 2018. Occurrence and Ecological
Risk Assessment of Eight Endocrine-Disrupting Chemicals in Urban River Water and
Sediments of South China. Arch Environ Contam Toxicol 75, 224-235.
https://doi.org/10.1007/s00244-018-0527-9

Huang, R. ping, Liu, Z. hua, Yin, H., Dang, Z., Wu, P. xiao, Zhu, N. wu, Lin, Z., 2018.
Bisphenol A concentrations in human urine, human intakes across six continents, and
annual trends of average intakes in adult and child populations worldwide: A thorough
literature review. Science of the Total Environment.
https://doi.org/10.1016/j.scitotenv.2018.01.144

Huang, W.-C., Jia, X., Li, J., Li, M., 2019. Dynamics of microbial community in the
bioreactor for bisphenol S removal. Science of The Total Environment 662, 15-21.
https://doi.org/10.1016/j.scitotenv.2019.01.173

Huang, Z., Zhao, J.-L., Zhang, C.-Y., Rao, W.-L., Liang, G.-H., Zhang, H., Liu, Y.-H.,
Guan, Y.-F., Zhang, H.-Y., Ying, G.-G., 2021. Profile and removal of bisphenol
analogues in hospital wastewater, landfill leachate, and municipal wastewater in South
China. Science of The Total Environment 790, 1482609.
https://doi.org/10.1016/j.scitotenv.2021.148269

Huarachi-Olivera, R.; Yapo, U.; Duefias-Gonza, A.; Romero-Ugarte, M.; Mendoza, G.;
Silva-Paredes, W.; Lazarte-Rivera, A.; Esparza, M., 2019. Bioensayos Ecotoxicoldgicos
con la microalga Pseudokirchneriella subcapitata para medir el impacto de los metales



195

en ecosistemas I6ticos utilizando técnicas de microscopia confocal de fluorescencia. TIP
Revista Especializada en Ciencias Quimico-Bioldgicas, 22, 1-14.

Huerta-Fontela, M., Galceran, M.T., Ventura, F., 2010. Fast liquid chromatography-
quadrupole-linear ion trap mass spectrometry for the analysis of pharmaceuticals and
hormones in water resources. J. Chromatogr. A 1217, 4212-4222.
https://doi.org/10.1016/j.chroma.2009.11.007

Idowu, G.A., David, T.L., Idowu, A.M., 2022. Polycarbonate plastic monomer
(bisphenol-A) as emerging contaminant in Nigeria: Levels in selected rivers, sediments,
well waters and dumpsites. Mar Pollut Bull 176, 113444,
https://doi.org/10.1016/j.marpolbul.2022.113444

lesce, M. R; Lavorgna, M; Russo, C., 2019. Ecotoxic effects of loratadine and its
metabolic and light-induced derivatives. , 170, 664-672.

Ike, M., Chen, M.Y., Danzl, E., Sei, K., Fujita, M., 2006. Biodegradation of a variety of
bisphenols under aerobic and anaerobic conditions. Water Science and Technology 53,
153-159. https://doi.org/10.2166/wst.2006.189

International Energy Agency (IEA). 2015. CO2 emissions from fuel combustion -
Highlights.

International Energy Agency (IEA). 2018. Global energy & CO2 status report - The
latest trends in energy and amissions in 2018.

Isidori M., Bellotta M., Cangiano M., Parrella A., 2009. Estrogenic activity of
pharmaceuticals in the aquatic environment, Environment International, 35, 826-829.

Jacob, R.S.; Araujo, C. V. M.; Santos, L. V. S; Moreira, V. R.; Lebron, Y. A. R.; Lange,
L. C., 2021. The environmental risks of pharmaceuticals beyond traditional toxic
effects: Chemical differences that can repel or entrap aquatic organisms. Environmental
Pollution, 268.

Ji, S., Ma, W., Wei, Q., Zhang, W., Jiang, F., Chen, J., 2020. Integrated ABR and
UASB system for dairy wastewater treatment: Engineering design and practice. Sci.
Total Environ. 749, 142267. https://doi.org/10.1016/j.scitotenv.2020.142267

Jiang, Xinshu et al., 2019. Seasonal and spatial variations of pharmaceuticals and
personal care products occurrence and human health risk in drinking water - A case
study of China. Science of the Total Environment, 694, 133711.

Jing-Feng, W., Zhi-Gang, Q., Zhi-Qiang, C., Jun-Wen, L., Yi-Hong, Z., Xuan, W., Bin,
Z.,2012. Comparison and analysis of membrane fouling between flocculent sludge
membrane bioreactor and granular sludge membrane bioreactor. PLoS One 7.
https://doi.org/10.1371/journal.pone.0040819



196

Joss, A., Zabczynski, S., Gobel, A., Hoffmann, B., Loffler, D., McArdell, C.S., Ternes,
T.A., Thomsen, A., Siegrist, H., 2006. Biological degradation of pharmaceuticals in
municipal wastewater treatment: Proposing a classification scheme. Water Res. 40,
1686-1696. https://doi.org/10.1016/j.watres.2006.02.014

Juksu, K., Zhao, J.L., Liu, Y.S., Yao, L., Sarin, C., Sreesai, S., Klomjek, P., Jiang, Y.X.,
Ying, G.G., 2019. Occurrence, fate and risk assessment of biocides in wastewater
treatment plants and aquatic environments in Thailand. Sci. Total Environ. 690, 1110-
1119. https://doi.org/10.1016/j.scitotenv.2019.07.097

Jorgensen, N., Joensen, U.N., Jensen, T.K., Jensen, M.B., Almstrup, K., Olesen, I.A.,
Juul, A., Andersson, A.-M., Carlsen, E., Petersen, J.H., Toppari, J., Skakkebak, N.E.,
2012. Human semen quality in the new millennium: a prospective cross-sectional
population-based study of 4867 men. BMJ Open 2, e000990.
https://doi.org/10.1136/bmjopen-2012-000990

Kanaujiya, D.K., Paul, T., Sinharoy, A., Pakshirajan, K., 2019. Biological Treatment
Processes for the Removal of Organic Micropollutants from Wastewater: a Review.
Curr. Pollut. Reports 5, 112-128. https://doi.org/10.1007/s40726-019-00110-x

Kang, P., Liang, Z., Zhang, Q., Zheng, P., Yu, G., Cui, L., Liang, Y., 2023. The
optimum particle size of anaerobic ammonia oxidation granular sludge under different
substrate concentrations. J Environ Manage 328.
https://doi.org/10.1016/j.jenvman.2022.116992

Karaolia, P., Michael-Kordatou, 1., Hapeshi, E., Alexander, J., Schwartz, T., Fatta-
Kassinos, D., 2017. Investigation of the potential of a Membrane BioReactor followed
by solar Fenton oxidation to remove antibiotic-related microcontaminants. Chem. Eng.
J. 310, 491-502. https://doi.org/10.1016/j.cej.2016.04.113

Karki, N.P., Colombo, R.E., Gaines, K.F., Maia, A., 2021. Exposure to 17f estradiol
causes erosion of sexual dimorphism in Bluegill (Lepomis macrochirus). Environmental
Science and Pollution Research 28, 6450—6458. https://doi.org/10.1007/s11356-020-
10935-5

Karsauliya, K., Bhateria, M., Sonker, A.K., Yahavi, C., Gautam, S.S., Karsauliya, S.,
Singh, S.P., 2022. Detection of bisphenols in Indian surface water, tap water, and
packaged drinking water using dispersive liquid-liquid microextraction: exposure
assessment for health risk. Environmental Science and Pollution Research 30, 17776—
17790. https://doi.org/10.1007/s11356-022-23293-1

Kataria, N., Bhushan, D., Gupta, R., Rajendran, S., Teo, M.Y.M., Khoo, K.S., 2022.
Current progress in treatment technologies for plastic waste (bisphenol A) in aquatic
environment: Occurrence, toxicity and remediation mechanisms. Environmental
Pollution 315. https://doi.org/10.1016/j.envpol.2022.120319



197

Kaushik, G.; Thomas, M. A., 2019. The potential association of psychoactive
pharmaceuticals in the environment with human neurological disorders. Sustainable
Chemistry and Pharmacy, 13.

Keener, W.K., Arp, D.J., 1994. Transformations of Aromatic Compounds by
Nitrosomonas europaea. Appl Environ Microbiol 60, 1914-1920.
https://doi.org/10.1128/aem.60.6.1914-1920.1994

Khairul Hasni, N.A., Anual, Z.F., Rashid, S.A., Syed Abu Thahir, S., Veloo, Y., Fang,
K.S., Mazeli, M.1., 2023. Occurrence of endocrine disruptors in Malaysia’s water
systems: A scoping review. Environmental Pollution 324, 121095.
https://doi.org/10.1016/j.envpol.2023.121095

Khanzada, N.K., Farid, M.U., Kharraz, J.A., Choi, J., Tang, C.Y., Nghiem, L.D., Jang,
A., An, AK., 2020. Removal of organic micropollutants using advanced membrane-
based water and wastewater treatment: A review. J. Memb. Sci. 598, 117672.
https://doi.org/10.1016/j.memsci.2019.117672

Khasawneh, O.F.S., Palaniandy, P., 2021. Occurrence and removal of pharmaceuticals
in wastewater treatment plants. Process Saf. Environ. Prot. 150, 532-556.
https://doi.org/10.1016/j.psep.2021.04.045

Khunjar, W.O., MacKintosh, S.A., Skotnicka-Pitak, J., Baik, S., Aga, D.S., Love, N.G.,
2011. Elucidating the relative roles of ammonia oxidizing and heterotrophic bacteria
during the biotransformation of 17a-ethinylestradiol and trimethoprim. Environ. Sci.
Technol. 45, 3605-3612. https://doi.org/10.1021/es1037035

Kim, J. W.; Ishibashi, H.; Yamauchi, R.; Ichikawa, N.; Takao, Y.; Hirano, M.; Koga,
M.; Arizono, K., 2009. Acute toxicity of pharmaceutical and personal care products on
freshwater crustacean (Thamnocephalus platyurus) and fish (Oryzias latipes). Journal of
Toxicological Sciences, 34, 2, 227-232.

Kim, J.Y., Ryu, K., Kim, E.J., Choe, W.S., Cha, G.C,, Yoo, I.-K., 2007. Degradation of
bisphenol A and nonylphenol by nitrifying activated sludge. Process Biochemistry 42,
1470-1474. https://doi.org/10.1016/j.procbio.2007.06.010

Kim, M., Guerra, P., Shah, A., Parsa, M., Alaee, M., Smyth, S.A., 2014. Removal of
pharmaceuticals and personal care products in a membrane bioreactor wastewater
treatment plant. Water Sci. Technol. 69, 2221-2229.
https://doi.org/10.2166/wst.2014.145

Kim, S.D., Cho, J., Kim, I.S., Vanderford, B.J., Snyder, S.A., 2007. Occurrence and
removal of pharmaceuticals and endocrine disruptors in South Korean surface, drinking,
and waste waters. Water Res. 41, 1013-1021.
https://doi.org/10.1016/j.watres.2006.06.034



198

Klindworth, A., Pruesse, E., Schweer, T., Peplies, J., Quast, C., Horn, M., Glockner,
F.O., 2013. Evaluation of general 16S ribosomal RNA gene PCR primers for classical
and next-generation sequencing-based diversity studies. Nucleic Acids Res 41.
https://doi.org/10.1093/nar/gks808

Kobayashi, M., Kijima, M., Matsuzuka, Y., Hayakawa, Y., Iwata, E., Kimura, T., 2021.
Suppression of male reproductive activity by estradiol in goldfish: appearance of
infertile males that perform active spawning behavior. Fish. Sci. 87, 93-104.
https://doi.org/10.1007/s12562-020-01487-1

Kosma, C.I., Lambropoulou, D.A., Albanis, T.A., 2014. Investigation of PPCPs in
wastewater treatment plants in Greece: Occurrence, removal and environmental risk
assessment. Sci. Total Environ. 466-467, 421-438.
https://doi.org/10.1016/j.scitotenv.2013.07.044

Kovalova, L., Siegrist, H., Von Gunten, U., Eugster, J., Hagenbuch, M., Wittmer, A.,
Moser, R., McArdell, C.S., 2013. Elimination of micropollutants during post-treatment
of hospital wastewater with powdered activated carbon, ozone, and UV. Environ. Sci.
Technol. 47, 7899-7908. https://doi.org/10.1021/es400708w

Kumar, R., Sarmah, A.K., Padhye, L.P., 2019. Fate of pharmaceuticals and personal
care products in a wastewater treatment plant with parallel secondary wastewater
treatment train. J. Environ. Manage. 233, 649-659.
https://doi.org/10.1016/j.jenvman.2018.12.062

Kundu, S., Biswas, A., Ray, A., Roy, S., Das Gupta, S., Ramteke, M.H., Kumar, V.,
Das, B.K., 2024. Bisphenol A contamination in Hilsa shad and assessment of potential
health hazard: A pioneering investigation in the national river Ganga, India. J Hazard
Mater 461, 132532. https://doi.org/10.1016/j.jhazmat.2023.132532

Kwon, B., Kho, Y., Kim, P.-G., Ji, K., 2016. Thyroid endocrine disruption in male
zebrafish following exposure to binary mixture of bisphenol AF and sulfamethoxazole.
Environ Toxicol Pharmacol 48, 168-174. https://doi.org/10.1016/j.etap.2016.10.018

Ladeia Ramos, R., Rezende Moreira, V., Santos Amaral, M.C., 2024a. Phenolic
compounds in water: Review of occurrence, risk, and retention by membrane
technology. J Environ Manage 351, 119772.
https://doi.org/10.1016/j.jenvman.2023.119772

Ladeia Ramos, R., Rodrigues dos Santos, C., Pinheiro Drumond, G., Valéria de Souza
Santos, L., Cristina Santos Amaral, M., 2024b. Critical review of microplastic in
membrane treatment plant: Removal efficiency, environmental risk assessment,
membrane fouling, and MP release. Chemical Engineering Journal 480, 148052.
https://doi.org/10.1016/j.ce}.2023.148052



199

Lambert, M.R., Giller, G.S.J., Barber, L.B., Fitzgerald, K.C., Skelly, D.K., 2015.
Suburbanization, estrogen contamination, and sex ratio in wild amphibian populations.
Proceedings of the National Academy of Sciences 112, 11881-11886.
https://doi.org/10.1073/pnas.1501065112

Larsen, T.A., Lienert, J., Joss, A., Siegrist, H., 2004. How to avoid pharmaceuticals in
the aquatic environment, J. Biotechnol. 113, 295-304.
https://doi.org/10.1016/j.jbiotec.2004.03.033

Lastre-Acosta, A. M.; Palharim, P. H.; Barbosa, I. M.; Mierzwa, J. C.; Silva Costa
Teixeira, A. C., 2020. Removal of sulfadiazine from simulated industrial wastewater by
a membrane bioreactor and ozonation. Journal of Environmental Management, 271.

Lavén, M., Alsberg, T., Yu, Y., Adolfsson-Erici, M., Sun, H., 2009. Serial mixed-mode
cation- and anion-exchange solid-phase extraction for separation of basic, neutral and
acidic pharmaceuticals in wastewater and analysis by high-performance liquid
chromatography-quadrupole time-of-flight mass spectrometry. J. Chromatogr. A 1216,
49-62. https://doi.org/10.1016/j.chroma.2008.11.014

Lee, C.-C., Jiang, L.-Y., Kuo, Y.-L., Hsieh, C.-Y., Chen, C.S., Tien, C.-J., 2013. The
potential role of water quality parameters on occurrence of nonylphenol and bisphenol
A and identification of their discharge sources in the river ecosystems. Chemosphere
91, 904-911. https://doi.org/10.1016/j.chemosphere.2013.02.006

Lee, J., Kwon, D., Kim, J., 2021. Long-term performance evaluation of granular
activated carbon fluidization and biogas sparging in anaerobic fluidized bed membrane
bioreactor: Membrane fouling and micropollutant removal. Process Safety and
Environmental Protection 154, 425-432. https://doi.org/10.1016/j.psep.2021.08.024

Lee, S,, Liao, C., Song, G.-J., Ra, K., Kannan, K., Moon, H.-B., 2015. Emission of
bisphenol analogues including bisphenol A and bisphenol F from wastewater treatment
plants in Korea. Chemosphere 119, 1000-1006.
https://doi.org/10.1016/j.chemosphere.2014.09.011

Li, B., Zhang, T., Xu, Z., Fang, H.H.P., 2009. Rapid analysis of 21 antibiotics of
multiple classes in municipal wastewater using ultra performance liquid
chromatography-tandem mass spectrometry. Anal. Chim. Acta 645, 64—72.
https://doi.org/10.1016/j.aca.2009.04.042

Li, Y., Zhang, B., Li, G., Luo, W., 2018. Osmotic Membrane Bioreactor and Its Hybrid
Systems for Wastewater Reuse and Resource Recovery: Advances, Challenges, and
Future Directions. Curr. Pollut. Reports 4, 23-34. https://doi.org/10.1007/s40726-018-
0080-1



200

Liao, C., Liu, F., Kannan, K., 2012. Bisphenol S, a New Bisphenol Analogue, in Paper
Products and Currency Bills and Its Association with Bisphenol A Residues. Environ
Sci Technol 46, 6515-6522. https://doi.org/10.1021/es300876n

Lin, J., Deng, L., Sun, M., Wang, Y., Lee, S., Choi, K., Liu, X., 2021. An in vitro
investigation of endocrine disrupting potentials of ten bisphenol analogues. Steroids
169, 108826. https://doi.org/10.1016/j.steroids.2021.108826

Lin, L., Ishida, K., Zhang, Y., Usui, N., Miyake, A., Abe, N., Li, Y.Y., 2023. Improving
the biomass retention and system stability of the anammox EGSB reactor by adding a
calcium silicate hydrate functional material. Science of the Total Environment 857.
https://doi.org/10.1016/j.scitotenv.2022.159719

Lin, L., Luo, Z., Ishida, K., Urasaki, K., Kubota, K., Li, Y.Y., 2022. Fast formation of
anammox granules using a nitrification-denitrification sludge and transformation of
microbial community. Water Res 221. https://doi.org/10.1016/j.watres.2022.118751

Liu, J., Zhang, L., Lu, G., Jiang, R., Yan, Z., Li, Y., 2021. Occurrence, toxicity and
ecological risk of Bisphenol A analogues in aquatic environment — A review.
Ecotoxicol Environ Saf 208, 111481. https://doi.org/10.1016/j.ecoenv.2020.111481

Liu, W., Song, X., Huda, N., Xie, M., Li, G., Luo, W., 2020. Comparison between
aerobic and anaerobic membrane bioreactors for trace organic contaminant removal in
wastewater treatment. Environ Technol Innov 17, 100564.
https://doi.org/10.1016/j.eti.2019.100564

Liu, Y., Liu, X., Lu, S., Zhao, B., Wang, Z., Xi, B., Guo, W., 2020. Adsorption and
biodegradation of sulfamethoxazole and ofloxacin on zeolite: Influence of particle
diameter and redox potential. Chem. Eng. J. 384, 123346.
https://doi.org/10.1016/j.cej.2019.123346

Liu, Y., Tam, N.F.Y., Guan, Y., Yasojima, M., Zhou, J., Gao, B., 2011. Acute toxicity

of nonylphenols and bisphenol A to the embryonic development of the abalone Haliotis
diversicolor supertexta. Ecotoxicology 20, 1233-1245. https://doi.org/10.1007/s10646-
011-0672-7

Liu, Y., Xu, H.-L., Show, K.-Y., Tay, J.-H., n.d. Anaerobic granulation technology for
wastewater treatment.

Madeira, C.L., Acayaba, R.D., Santos, V.S., Villa, J.E.L., Jacinto-Hernandez, C.,
Azevedo, J.A.T., Elias, V.O., Montagner, C.C., 2023. Uncovering the impact of
agricultural activities and urbanization on rivers from the Piracicaba, Capivari, and
Jundiai basin in Sdo Paulo, Brazil: A survey of pesticides, hormones, pharmaceuticals,
industrial chemicals, and PFAS. Chemosphere 341, 139954.
https://doi.org/10.1016/j.chemosphere.2023.139954



201

Mahesh, N., Shyamalagowri, S., Nithya, T.G., Aravind, J., Govarthanan, M., Kamaraj,
M., 2022. Trends and thresholds on bacterial degradation of bisphenol-A endocrine
disruptor — a concise review. Environ Monit Assess 194, 886.
https://doi.org/10.1007/s10661-022-10558-y

Mannina, G., Cosenza, A., Rebougas, T.F., 2020. A plant-wide modelling comparison
between membrane bioreactors and conventional activated sludge. Bioresour. Technol.
297, 122401. https://doi.org/10.1016/j.biortech.2019.122401

Markovic, M., Neale, P.A., Nidumolu, B., Kumar, A., 2021. Combined toxicity of
therapeutic pharmaceuticals to duckweed, Lemna minor. Ecotoxicol Environ Saf 208.
https://doi.org/10.1016/j.ecoenv.2020.111428

Martins, M., Sanches, S., Pereira, .A.C., 2018. Anaerobic biodegradation of
pharmaceutical compounds: New insights into the pharmaceutical-degrading bacteria. J.
Hazard. Mater. 357, 289-297. https://doi.org/10.1016/j.jhazmat.2018.06.001

Martinez-Alcala, I., Guillén-Navarro, J.M., Lahora, A., 2021. Occurrence and fate of
pharmaceuticals in a wastewater treatment plant from southeast of Spain and risk
assessment. J. Environ. Manage. 279, 111565.
https://doi.org/10.1016/j.jenvman.2020.111565

Mazhar, M.A., Khan, N.A., Khan, A.H., Ahmed, S., Siddiqui, A.A., Husain, A.,
Rahisuddin, Tirth, V., Islam, S., Shukla, N.K., Changani, F., Yousefi, M., Hassaballa,
A.E., Radwan, N., 2021. Upgrading combined anaerobic-aerobic UASB-FPU to UASB-
DHS system: Cost comparison and performance perspective for developing countries. J.
Clean. Prod. 284, 124723. https://doi.org/10.1016/j.jclepro.2020.124723

Mennillo, E.; Arukwe, A.; Monni, G.; Meucci, V.; Intorre, L.; Pretti, C., 2018.
Ecotoxicological properties of ketoprofen and the S(+)-enantiomer (dexketoprofen):
Bioassays in freshwater model species and biomarkers in fish PLHC-1 cell line.
Environmental Toxicology and Chemistry, 37, 1, 201-212.

Miarov, O., Tal, A., Avisar, D., 2020. A critical evaluation of comparative regulatory
strategies for monitoring pharmaceuticals in recycled wastewater. J. Environ. Manage.
254, 109794. https://doi.org/10.1016/j.jenvman.2019.109794

Mihaich, E.M., Friederich, U., Caspers, N., Hall, A.T., Klecka, G.M., Dimond, S.S.,
Staples, C.A., Ortego, L.S., Hentges, S.G., 2009. Acute and chronic toxicity testing of
bisphenol A with aquatic invertebrates and plants. Ecotoxicol Environ Saf 72, 1392—
1399. https://doi.org/10.1016/j.ecoenv.2009.02.005

Min, X., Li, W., Wei, Z., Spinney, R., Dionysiou, D.D., Seo, Y., Tang, C.-J., Li, Q.,
Xiao, R., 2018. Sorption and biodegradation of pharmaceuticals in aerobic activated
sludge system: A combined experimental and theoretical mechanistic study. Chemical
Engineering Journal 342, 211-219. https://doi.org/10.1016/j.cej.2018.01.012



202

Min, X., Li, W., Wei, Z., Spinney, R., Dionysiou, D.D., Seo, Y., Tang, C.J., Li, Q.,
Xiao, R., 2018. Sorption and biodegradation of pharmaceuticals in aerobic activated
sludge system: A combined experimental and theoretical mechanistic study. Chem. Eng.
J. 342, 211-219. https://doi.org/10.1016/j.cej.2018.01.012

Mockaitis G., Pantoja L. R., Rodrigues J. A. D., Forest E., Zaiat, M., 2013. Continuous
anaerobic bioreactor with a fixed-structure bed (ABFSB) for wastewater treatment with
low solids and low applied organic content, Bioprocess Biosyst Eng., 37, 1361-1368.

Mojiri, A., Zhou, J.L., Ratnaweera, H., Rezania, S., Nazari V, M., 2022.
Pharmaceuticals and personal care products in aquatic environments and their removal
by algae-based systems. Chemosphere.
https://doi.org/10.1016/j.chemosphere.2021.132580

Montagner, Cassiana C. et al., 2019. Ten years-snapshot of the occurrence of emerging
contaminants in drinking, surface and ground waters and wastewaters from Séo Paulo
State, Brazil. Journal of the Brazilian Chemical Society, 30, 3, 614-632.

Moreman, J., Lee, O., Trznadel, M., David, A., Kudoh, T., Tyler, C.R., 2017. Acute
Toxicity, Teratogenic, and Estrogenic Effects of Bisphenol A and Its Alternative
Replacements Bisphenol S, Bisphenol F, and Bisphenol AF in Zebrafish Embryo-
Larvae. Environ Sci Technol 51, 12796-12805. https://doi.org/10.1021/acs.est.7b03283

Morrow, C.P., Furtaw, N.M., Murphy, J.R., Achilli, A., Marchand, E.A., Hiibel, S.R.,
Childress, A.E., 2018. Integrating an aerobic/anoxic osmotic membrane bioreactor with
membrane distillation for potable reuse. Desalination 432, 46-54.
https://doi.org/10.1016/j.desal.2017.12.047

Mousel, D., Palmowski, L., Pinnekamp, J., 2017. Energy demand for elimination of
organic micropollutants in municipal wastewater treatment plants. Sci. Total Environ.
575, 1139-1149. https://doi.org/10.1016/j.scitotenv.2016.09.197

Mu, X., Qi, S., Liu, J., Yuan, L., Huang, Y., Xue, J., Qian, L., Wang, C., Li, Y., 2022.
Toxicity and behavioral response of zebrafish exposed to combined microplastic and
bisphenol analogues. Environ Chem Lett 20, 41-48. https://doi.org/10.1007/s10311-
021-01320-w

Naderi, M., Wong, M.Y.L., Gholami, F., 2014. Developmental exposure of zebrafish
(Danio rerio) to bisphenol-S impairs subsequent reproduction potential and hormonal
balance in adults. Aquatic Toxicology 148, 195-203.
https://doi.org/10.1016/j.aquatox.2014.01.009

Narevski, A.C., Novakovi¢, M.1., Petrovi¢, M.Z., Mihajlovi¢, 1.J., Maodus, N.B., Vuji¢,
G. V., 2021. Occurrence of bisphenol A and microplastics in landfill leachate: lessons
from South East Europe. Environmental Science and Pollution Research 28, 42196—
42203. https://doi.org/10.1007/s11356-021-13705-z



203

Nasir, M., Fauzan A.; Praveena, S. M.; A., Ahmad Z., 2019. Public awareness level and
occurrence of pharmaceutical residues in drinking water with potential health risk: A
study from Kajang (Malaysia). Ecotoxicology and Environmental Safety, 185,
September, 109681.

Nguyen, L.N., van de Merwe, J.P., Hai, F.I., Leusch, F.D.L., Kang, J., Price, W.E.,
Roddick, F., Magram, S.F., Nghiem, L.D., 2016. Laccase—syringaldehyde-mediated
degradation of trace organic contaminants in an enzymatic membrane reactor: Removal
efficiency and effluent toxicity. Bioresour Technol 200, 477-484.
https://doi.org/10.1016/j.biortech.2015.10.054

Nguyen, P.Y., Carvalho, G., Reis, A.C., Nunes, O.C., Reis, M.A.M., Oehmen, A., 2017.
Impact of biogenic substrates on sulfamethoxazole biodegradation kinetics by
Achromobacter denitrificans strain PR1. Biodegradation 28, 205-217.
https://doi.org/10.1007/s10532-017-9789-6

Nguyen, P.Y., Carvalho, G., Reis, M.A.M., Oehmen, A., 2021. A review of the
biotransformations of priority pharmaceuticals in biological wastewater treatment
processes. Water Res. 188, 116446. https://doi.org/10.1016/j.watres.2020.116446

Niwa, T., Hatamoto, M., Yamashita, T., Noguchi, H., Takase, O., Kekre, K.A., Ang,
W.S., Tao, G., Seah, H., Yamaguchi, T., 2016. Demonstration of a full-scale plant using
an UASB followed by a ceramic MBR for the reclamation of industrial wastewater.
Bioresour. Technol. 218, 1-8. https://doi.org/10.1016/j.biortech.2016.06.036

Norvill, Z.N., Shilton, A., Guieysse, B., 2016. Emerging contaminant degradation and
removal in algal wastewater treatment ponds: Identifying the research gaps. J. Hazard.
Mater. 313, 291-309. https://doi.org/10.1016/j.jhazmat.2016.03.085

Noszczynska, M., Piotrowska-Seget, Z., 2018. Bisphenols: Application, occurrence,
safety, and biodegradation mediated by bacterial communities in wastewater treatment
plants and rivers. Chemosphere 201, 214-223.
https://doi.org/10.1016/j.chemosphere.2018.02.179

Ottinger, M.A., Lavoie, E., Thompson, N., Barton, A., Whitehouse, K., Barton, M.,
Abdelnabi, M., Quinn, M., Panzica, G., Viglietti-Panzica, C., 2008. Neuroendocrine and
behavioral effects of embryonic exposure to endocrine disrupting chemicals in birds.
Brain Res Rev 57, 376-385. https://doi.org/10.1016/j.brainresrev.2007.08.011

Ouarda, Y., Zolfaghari, M., Drogui, P., Seyhi, B., Buelna, G., Dubg, R., 2018.
Performance of a membrane bioreactor in extreme concentrations of bisphenol A. Water
Science and Technology 77, 1505-1513. https://doi.org/10.2166/wst.2018.011

Owczarek, K., Kudtak, B., Simeonov, V., Mazerska, Z., Namiesnik, J., 2018. Binary
mixtures of selected bisphenols in the environment: Their toxicity in relationship to
individual constituents. Molecules 23. https://doi.org/10.3390/molecules23123226



204

Pailler, J.Y., Krein, A., Pfister, L., Hoffmann, L., Guignard, C., 2009. Solid phase
extraction coupled to liquid chromatography-tandem mass spectrometry analysis of
sulfonamides, tetracyclines, analgesics and hormones in surface water and wastewater
in Luxembourg. Sci. Total Environ. 407, 4736-4743.
https://doi.org/10.1016/j.scitotenv.2009.04.042

Palli, L., Spina, F., Varese, G.C., Vincenzi, M., Aragno, M., Arcangeli, G., Mucci, N.,
Santianni, D., Caffaz, S., Gori, R., 2019. Occurrence of selected pharmaceuticals in
wastewater treatment plants of Tuscany: An effect-based approach to evaluate the
potential environmental impact. Int. J. Hyg. Environ. Health 222, 717-725.
https://doi.org/10.1016/j.ijheh.2019.05.006

Papageorgiou, M., Kosma, C., Lambropoulou, D., 2016. Seasonal occurrence, removal,
mass loading and environmental risk assessment of 55 pharmaceuticals and personal
care products in a municipal wastewater treatment plant in Central Greece. Sci. Total
Environ. 543, 547-569. https://doi.org/10.1016/j.scitotenv.2015.11.047

Papageorgiou, M., Zioris, 1., Danis, T., Bikiaris, D., Lambropoulou, D., 2019.
Comprehensive investigation of a wide range of pharmaceuticals and personal care
products in urban and hospital wastewaters in Greece. Sci. Total Environ. 694, 133565.
https://doi.org/10.1016/j.scitotenv.2019.07.37

Park, S., Hong, Y., Lee, J., Kho, Y., Ji, K., 2019. Chronic effects of bisphenol S and
bisphenol SIP on freshwater waterflea and ecological risk assessment. Ecotoxicol
Environ Saf 185, 109694. https://doi.org/10.1016/j.ecoenv.2019.109694

Pereira, A.M.P.T., Silva, L.J.G., Meisel, L.M., Lino, C.M., Pena, A., 2015.
Environmental impact of pharmaceuticals from Portuguese wastewaters: Geographical
and seasonal occurrence, removal and risk assessment. Environ. Res. 136, 108-119.
https://doi.org/10.1016/j.envres.2014.09.041

Persoone, G., Marsalek, B., Blinova, I., Térokne, A., Zarina, D., Manusadzianas, L.,
Nalecz-Jawecki, G., Tofan, L., Stepanova, N., Tothova, L., Kolar, B., 2003. A practical
and user-friendly toxicity classification system with microbiotests for natural waters and
wastewaters. Environ Toxicol 18, 395-402. https://doi.org/10.1002/tox.10141

Persoone, G.; Marsalek, B.; Blinova, I.; Torokne, A.; Zarina, D.; Manusadzianas, L.;
Nalecz-Jawecki, G.; Tofan, L.; Stepanova, N.; Tothova, L.; Kolar, B., 2003. A practical
and user-friendly toxicity classification system with microbiotests for natural waters and
wastewaters. Environmental Toxicology, 18, 6, 395-402.

Petrie, B., Lopardo, L., Proctor, K., Youdan, J., Barden, R., Kasprzyk-Hordern, B.,
2019. Assessment of bisphenol-A in the urban water cycle. Science of the Total
Environment 650, 900-907. https://doi.org/10.1016/j.scitotenv.2018.09.011



205

Petrovic, M., Gros, M., Barcelo, D., 2006. Multi-residue analysis of pharmaceuticals in
wastewater by ultra-performance liquid chromatography-quadrupole-time-of-flight
mass spectrometry. J. Chromatogr. A 1124, 68-81.
https://doi.org/10.1016/j.chroma.2006.05.024

Pfizer Pharmaceuticals Group, 2011. Safety data sheet (Ethinyl Estradiol Tablets).
https://cdn.pfizer.com/pfizercom/products/material_safety data/PZ01190.pdf (accessed
May 07, 2022).

Phoon, B.L., Ong, C.C., Mohamed Saheed, M.S., Show, P.L., Chang, J.S., Ling, T.C.,
Lam, S.S., Juan, J.C., 2020. Conventional and emerging technologies for removal of
antibiotics from wastewater. J. Hazard. Mater. 400, 122961.
https://doi.org/10.1016/j.jhazmat.2020.122961

Pivato, A.; Gaspari, L., 2006. Acute toxicity test of leachates from traditional and
sustainable landfills using luminescent bacteria. Waste Management, 26, 10, 1148—
1155.

Plész, B.G., Leknes, H., Thomas, K. V., 2010. Impacts of competitive inhibition, parent
compound formation and partitioning behavior on the removal of antibiotics in
municipal wastewater treatment. Environ. Sci. Technol. 44, 734-742.
https://doi.org/10.1021/es902264w

Prado, M., Borea, L., Cesaro, A,, Liu, H., Naddeo, V., Belgiorno, V., Ballesteros, F.,
2017. Removal of emerging contaminant and fouling control in membrane bioreactors
by combined ozonation and sonolysis. Int. Biodeterior. Biodegrad. 119, 577-586.
https://doi.org/10.1016/j.ibiod.2016.10.044

Prasertkulsak, S., Chiemchaisri, C., Chiemchaisri, W., Itonaga, T., Yamamoto, K.,
2016. Removals of pharmaceutical compounds from hospital wastewater in membrane
bioreactor operated under short hydraulic retention time. Chemosphere 150, 624—631.
https://doi.org/10.1016/j.chemosphere.2016.01.031

Pretali, L.; Maraschi, F.; Cantalupi, A.; Albini, A.; Sturini, M., 2020. Water depollution
and photo-detoxification by means of TiO2: Fluoroquinolone antibiotics as a case study.
Catalysts, 10, 6, 1-23.

Prins, G.S., Hu, W.Y ., Shi, G. Bin, Hu, D.P., Majumdar, S., Li, G., Huang, K., Nelles,
J.L., Ho, S.M., Walker, C.L., Kajdacsy-Balla, A., Van Breemen, R.B., 2014. Bisphenol
A promotes human prostate stem-progenitor cell self-renewal and increases in vivo
carcinogenesis in human prostate epithelium. Endocrinology 155, 805-817.
https://doi.org/10.1210/en.2013-1955

Pylro, V.S., Roesch, L.F.W., Ortega, J.M., do Amaral, A.M., Tétola, M.R., Hirsch, P.R.,
Rosado, A.S., Goes-Neto, A., da Costa da Silva, A.L., Rosa, C.A., Morais, D.K.,
Andreote, F.D., Duarte, G.F., de Melo, I.S., Seldin, L., Lambais, M.R., Hungria, M.,



206

Peixoto, R.S., Kruger, R.H., Tsai, S.M., Azevedo, V., 2014. Brazilian Microbiome
Project: Revealing the Unexplored Microbial Diversity-Challenges and Prospects.
Microb Ecol 67, 237-241. https://doi.org/10.1007/s00248-013-0302-4

Qi, T., Jing, D., Zhang, K., Shi, J., Qiu, H., Kan, C., Han, F., Wu, C., Sun, X., 2024.
Environmental toxicology of bisphenol A: Mechanistic insights and clinical
implications on the neuroendocrine system. Behavioural Brain Research 460, 114840.
https://doi.org/10.1016/j.bbr.2023.114840

Qian, Y., Jia, X., Ding, T., Yang, M., Yang, B., Li, J., 2021. Occurrence and removal of
bisphenol analogues in wastewater treatment plants and activated sludge bioreactor.
Science of The Total Environment 758, 143606.
https://doi.org/10.1016/j.scitotenv.2020.143606

Qiu, W., Liu, S., Chen, H., Luo, S., Xiong, Y., Wang, X., Xu, B., Zheng, C., Wang, K.-
J., 2021. The comparative toxicities of BPA, BPB, BPS, BPF, and BPAF on the
reproductive neuroendocrine system of zebrafish embryos and its mechanisms. J Hazard
Mater 406, 124303. https://doi.org/10.1016/j.jhazmat.2020.124303

Radjenovic, J., Petrovic, M., Barcelo, D., 2007. Analysis of pharmaceuticals in
wastewater and removal using a membrane bioreactor. Anal. Bioanal. Chem. 387,
1365-1377. https://doi.org/10.1007/s00216-006-0883-6

Reis, E. O.; Foureaux, A. F. S.; Rodrigues, J. S.; Moreira, V. R.; Lebron, Y. A. R,;
Santos, L. V. S.; amaral, M. C. S.; Lange, L. C., 2019. Occurrence, removal and
seasonal variation of pharmaceuticals in Brasilian drinking water treatment plants.
Environmental Pollution, 773-781.

Ren, J., Shi, H., Liu, J., Zheng, C., Lu, G., Hao, S., Jin, Y., He, C., 2023. Occurrence,
source apportionment and ecological risk assessment of thirty antibiotics in farmland
system. J Environ Manage 335. https://doi.org/10.1016/j.jenvman.2023.117546

Ricci, B., Santos Arcanjo, G., Rezende Moreira, V., Abner Rocha Lebron, Y., Koch, K.,
Cristina Rodrigues Costa, F., Paulinelli Ferreira, B., Luiza Costa Lisboa, F., Diniz
Miranda, L., Vieira de Faria, C., Celina Lange, L., Cristina Santos Amaral, M., 2021. A
novel submerged anaerobic osmotic membrane bioreactor coupled to membrane
distillation for water reclamation from municipal wastewater. Chemical Engineering
Journal 414. https://doi.org/10.1016/j.cej.2021.128645

Richter, E., Roller, E., Kunkel, U., Ternes, T.A., Coors, A., 2016. Phytotoxicity of
wastewater-born micropollutants - Characterisation of three antimycotics and a cationic
surfactant. Environmental Pollution 208, 512-522.
https://doi.org/10.1016/j.envpol.2015.10.024

Rivera-Jaimes, J.A., Postigo, C., Melgoza-Aleméan, R.M., Acefia, J., Barcelo, D., Lopez
de Alda, M., 2018. Study of pharmaceuticals in surface and wastewater from



207

Cuernavaca, Morelos, Mexico: Occurrence and environmental risk assessment. Sci.
Total Environ. 613-614, 1263-1274. https://doi.org/10.1016/j.scitotenv.2017.09.134

Rodrigues dos Santos, C., Pinheiro Drumond, G., Rezende Moreira, V., Valéria de
Souza Santos, L., Cristina Santos Amaral, M., 2023. Microplastics in surface water:
occurrence, ecological implications, quantification methods and remediation
technologies. Chemical Engineering Journal 474, 144936.
https://doi.org/10.1016/j.cej.2023.144936

Rogowska, J., Cieszynska-Semenowicz, M., Ratajczyk, W., Wolska, L., 2020.
Micropollutants in treated wastewater. Ambio 49, 487-503.
https://doi.org/10.1007/s13280-019-01219-5

Rotimi, O.A., Olawole, T.D., De Campos, O.C., Adelani, I.B., Rotimi, S.0., 2021.
Bisphenol A in Africa: A review of environmental and biological levels. Science of The
Total Environment 764, 142854, https://doi.org/10.1016/j.scitotenv.2020.142854

Sahar, E., David, 1., Gelman, Y., Chikurel, H., Aharoni, A., Messalem, R., Brenner, A.,
2011. The use of RO to remove emerging micropollutants following CAS/UF or MBR
treatment of municipal wastewater. Desalination 273, 142-147.
https://doi.org/10.1016/j.desal.2010.11.004

Sajiki, J., Yonekubo, J., 2003. Leaching of bisphenol A (BPA) to seawater from
polycarbonate plastic and its degradation by reactive oxygen species. Chemosphere 51,
55-62. https://doi.org/10.1016/S0045-6535(02)00789-0

Sanderson H., Johnson C. J. Wilson C. J., Brain R. A., Solomon K. R., 2003.
Probabilistic hazard assessment of environmentally occurring pharmaceuticals toxicity
to fish, daphnids and algae by ECOSAR screening. Toxicology Letters, 144, 383-395.

Santos, C.R., Arcanjo, G.S., Santos, L.V. de S., Silva, P.R., Mounteer, A.H., Silva, U.
de C.M., Santos, V.L., Amaral, M.C.S., 2023. A hybrid anaerobic osmotic membrane
bioreactor - membrane distillation for water reclamation: aquatic toxicity, membrane
fouling characterization, and economic assessment. Chemical Engineering Journal 477,
146283. https://doi.org/10.1016/j.cej.2023.146283

Sembera, C., Macintosh, C., Astals, S., Koch, K., 2019. Benefits and drawbacks of food
and dairy waste co-digestion at a high organic loading rate: A Moosburg WWTP case
study. Waste Manag. 95, 217-226. https://doi.org/10.1016/j.wasman.2019.06.008

Semerjian, L., Shanableh, A., Semreen, M.H., Samarai, M., 2018. Human health risk
assessment of pharmaceuticals in treated wastewater reused for non-potable applications
in Sharjah, United Arab Emirates. Environ. Int. 121, 325-331.
https://doi.org/10.1016/j.envint.2018.08.048



208

Sengupta, A., Jebur, M., Kamaz, M., Wickramasinghe, S.R., 2021. Removal of
Emerging Contaminants from Wastewater Streams Using Membrane Bioreactors: A
Review. Membranes (Basel) 12, 60. https://doi.org/10.3390/membranes12010060

Serna-Galvis, E.A., Silva-Agredo, J., Botero-Coy, A.M., Moncayo-Lasso, A.,
Hernandez, F., Torres-Palma, R.A., 2019. Effective elimination of fifteen relevant
pharmaceuticals in hospital wastewater from Colombia by combination of a biological
system with a sonochemical process. Sci. Total Environ. 670, 623-632.
https://doi.org/10.1016/j.scitotenv.2019.03.153

Seyhi, B., Drogui, P., Buelna, G., Azais, A., Heran, M., 2013. Contribution of a
submerged membrane bioreactor in the treatment of synthetic effluent contaminated by
Bisphenol-A: Mechanism of BPA removal and membrane fouling. Environmental
Pollution 180, 229-235. https://doi.org/10.1016/j.envpol.2013.05.028

Seyhi, B., Drogui, P., Buelna, G., Blais, J.F., 2012. Removal of bisphenol-A from
spiked synthetic effluents using an immersed membrane activated sludge process. Sep
Purif Technol 87, 101-109. https://doi.org/10.1016/j.seppur.2011.11.029

Sheldon, M.S., Erdogan, 1.G., 2016. Multi-stage EGSB/MBR treatment of soft drink
industry wastewater. Chemical Engineering Journal 285, 368-377.
https://doi.org/10.1016/j.cej.2015.10.021

Shen, L.G., Lei, Q., Chen, J.R., Hong, H.C., He, Y.M., Lin, H.J., 2015. Membrane
fouling in a submerged membrane bioreactor: Impacts of floc size. Chemical
Engineering Journal 269, 328-334. https://doi.org/10.1016/j.cej.2015.02.002

Siddique, S., Zhang, G., Coleman, K., Kubwabo, C., 2021. Investigation of the
migration of bisphenols from baby bottles and sippy cups. Curr Res Food Sci 4, 619—
626. https://doi.org/10.1016/j.crfs.2021.08.006

Sieratowicz, A., Stange, D., Schulte-Oehlmann, U., Oehlmann, J., 2011. Reproductive
toxicity of bisphenol A and cadmium in Potamopyrgus antipodarum and modulation of
bisphenol A effects by different test temperature. Environmental Pollution 159, 2766—
2774. https://doi.org/10.1016/j.envpol.2011.05.012

Sigurnjak Bures, M., Uki¢, Cvetni¢, M., Prevari¢, V., Marki¢, M., Rogosi¢, M., Kusi¢,
H., Bolanca, T., 2021. Toxicity of binary mixtures of pesticides and pharmaceuticals
toward Vibrio fischeri: Assessment by quantitative structure-activity relationships.
Environmental Pollution 275. https://doi.org/10.1016/j.envpol.2020.115885

Silano, V., Barat Baviera, J.M., Bolognesi, C., Chesson, A., Cocconcelli, P.S., Crebelli,
R., Gott, D.M., Grob, K., Lambré¢, C., Lampi, E., Mengelers, M., Mortensen, A.,
Steffensen, 1., Tlustos, C., Van Loveren, H., Vernis, L., Zorn, H., Benfenati, E., Castle,
L., Di Consiglio, E., Franz, R., Hellwig, N., Milana, M.R., Pfaff, K., Civitella, C.,
Lioupis, A., Pizzo, F., Riviére, G., 2020. Review and priority setting for substances that



209

are listed without a specific migration limit in Table 1 of Annex 1 of Regulation
10/2011 on plastic materials and articles intended to come into contact with food. EFSA
Journal 18. https://doi.org/10.2903/j.efsa.2020.6124

Simon Judd, 2006. The MBR book: principles and applications of membrane
bioreactors in water and wastewater treatmentThe MBR book: principles and
applications of membrane bioreactors in water and wastewater treatment, Elsevier. ed.
Boston.

Singh, V., Phuleria, H.C., Chandel, M.K., 2017. Estimation of greenhouse gas
emissions from municipal wastewater treatment systems in India. Water Environ. J. 31,
537-544. https://doi.org/10.1111/wej.12276

Sipma, J., Osuna, B., Collado, N., Monclus, H., Ferrero, G., Comas, J., Rodriguez-
Roda, I., 2010. Comparison of removal of pharmaceuticals in MBR and activated
sludge systems. Desalination 250, 653-659. https://doi.org/10.1016/j.desal.2009.06.073

Skees, Allie J. et al., 2018. Contamination profiles, mass loadings, and sewage
epidemiology of neuropsychiatric and illicit drugs in wastewater and river waters from a
community in the Midwestern United States. Science of the Total Environment, 631
632, 1457-1464.

Son, D.J.,, Kim, C.S,, Park, JW., Lee, S.H., Chung, H.M., Jeong, D.H., 2021. Spatial
variation of pharmaceuticals in the unit processes of full-scale municipal wastewater
treatment plants in Korea. J. Environ. Manage. 286, 112150.
https://doi.org/10.1016/j.jenvman.2021.112150

Song, S., Song, M., Zeng, L., Wang, T., Liu, R., Ruan, T., Jiang, G., 2014. Occurrence
and profiles of bisphenol analogues in municipal sewage sludge in China.
Environmental Pollution 186, 14-19. https://doi.org/10.1016/j.envpol.2013.11.023

Song, X., Luo, W., McDonald, J., Khan, S.J., Hai, F.I., Price, W.E., Nghiem, L.D.,
2018. An anaerobic membrane bioreactor — membrane distillation hybrid system for
energy recovery and water reuse: Removal performance of organic carbon, nutrients,
and trace organic contaminants. Science of The Total Environment 628-629, 358—365.
https://doi.org/10.1016/j.scitotenv.2018.02.057

Souza, J.M.O., Souza, M.C.O., Rocha, B.A., Nadal, M., Domingo, J.L., Barbosa, F.,
2022. Levels of phthalates and bisphenol in toys from Brazilian markets: Migration rate

into children’s saliva and daily exposure. Science of The Total Environment 828,
154486. https://doi.org/10.1016/j.scitotenv.2022.154486

Stadler, L.B., Love, N.G., 2019. Oxygen Half-Saturation Constants for Pharmaceuticals
in Activated Sludge and Microbial Community Activity under Varied Oxygen Levels.
Environ. Sci. Technol. 53, 1918-1927. https://doi.org/10.1021/acs.est.8b06051



210

Staples, C.A., Tilghman Hall, A., Friederich, U., Caspers, N., Klecka, G.M., 2011,
Early life-stage and multigeneration toxicity study with bisphenol A and fathead
minnows (Pimephales promelas). Ecotoxicol Environ Saf 74, 1548-1557.
https://doi.org/10.1016/j.ecoenv.2011.05.010

Stevens-Garmon, J., Drewes, J.E., Khan, S.J., McDonald, J.A., Dickenson, E.R.V.,
2011. Sorption of emerging trace organic compounds onto wastewater sludge solids.
Water Res. 45, 3417-3426. https://doi.org/10.1016/j.watres.2011.03.056

Suarez, S., Lema, J.M., Omil, F., 2010. Removal of Pharmaceutical and Personal Care
Products (PPCPs) under nitrifying and denitrifying conditions. Water Res. 44, 3214—
3224, https://doi.org/10.1016/j.watres.2010.02.040

Subedi, B., Balakrishna, K., Joshua, D.I., Kannan, K., 2017. Mass loading and removal
of pharmaceuticals and personal care products including psychoactives,
antihypertensives, and antibiotics in two sewage treatment plants in southern India.
Chemosphere 167, 429-437. https://doi.org/10.1016/j.chemosphere.2016.10.026

Sun, Q., Wang, Y., Li, Y., Ashfag, M., Dali, L., Xie, X., Yu, C.-P., 2017. Fate and mass
balance of bisphenol analogues in wastewater treatment plants in Xiamen City, China.
Environmental Pollution 225, 542-549. https://doi.org/10.1016/j.envpol.2017.03.018

Suérez, S., Carballa, M., Omil, F., Lema, J.M., 2008. How are pharmaceutical and
personal care products (PPCPs) removed from urban wastewaters? Rev. Environ. Sci.
Biotechnol. 7, 125-138. https://doi.org/10.1007/s11157-008-9130-2

Tadkaew, N., Hai, F.1., McDonald, J.A., Khan, S.J., Nghiem, L.D., 2011. Removal of
trace organics by MBR treatment: The role of molecular properties. Water Res. 45,
2439-2451. https://doi.org/10.1016/j.watres.2011.01.023

Taheran, M., Brar, S.K., Verma, M., Surampalli, R.Y., Zhang, T.C., Valero, J.R., 2016.
Membrane processes for removal of pharmaceutically active compounds (PhACs) from
water and wastewaters. Sci. Total Environ. 547, 60-77.
https://doi.org/10.1016/j.scitotenv.2015.12.139

Takeshita, S., Farzaneh, H., Dashti, M., 2020. Life-Cycle Assessment of the Wastewater
Treatment Technologies in Indonesia’s Fish-Processing Industry. Energies 13, 6591.
https://doi.org/10.3390/en13246591

Tang, K., Ooi, G.T.H,, Litty, K., Sundmark, K., Kaarsholm, K.M.S., Sund, C.,
Kragelund, C., Christensson, M., Bester, K., Andersen, H.R., 2017. Removal of
pharmaceuticals in conventionally treated wastewater by a polishing moving bed
biofilm reactor (MBBR) with intermittent feeding. Bioresour. Technol. 236, 77-86.
https://doi.org/10.1016/j.biortech.2017.03.159



211

Tarpani, R.R., Azapagic, A., 2018. Life cycle environmental impacts of advanced
wastewater treatment techniques for removal of pharmaceuticals and personal care
products (PPCPs). J. Environ. Manage. 215, 258-272.
https://doi.org/10.1016/j.jenvman.2018.03.047

Terzic, S., Udikovic-Kolic, N., Jurina, T., Krizman-Matasic, ., Senta, 1., Mihaljevic, I.,
Loncar, J., Smital, T., Ahel, M., 2018. Biotransformation of macrolide antibiotics using
enriched activated sludge culture: Kinetics, transformation routes and ecotoxicological
evaluation. J. Hazard. Mater. 349, 143-152.
https://doi.org/10.1016/j.jhazmat.2018.01.055

Tete, V.S., Nyoni, H., Mamba, B.B., Msagati, T.A.M., 2020. Occurrence and spatial
distribution of statins, fibrates and their metabolites in aquatic environments. Arab. J.
Chem. 13, 4358-4373. https://doi.org/10.1016/j.arabjc.2019.08.003

Thorpe, K.L., Maack, G., Benstead, R., Tyler, C.R., 2009. Estrogenic Wastewater
Treatment Works Effluents Reduce Egg Production in Fish. Environ Sci Technol 43,
2976-2982. https://doi.org/10.1021/es803103c

Thrupp, T.J., Runnalls, T.J., Scholze, M., Kugathas, S., Kortenkamp, A., Sumpter, J.P.,
2018. The consequences of exposure to mixtures of chemicals: Something from
‘nothing’ and ‘a lot from a little’ when fish are exposed to steroid hormones. Science of
the Total Environment 619-620, 1482—-1492.
https://doi.org/10.1016/j.scitotenv.2017.11.081

Tian, K., Yu, Y., Qiu, Q., Sun, X., Meng, F., Bi, Y., Gu, J., Wang, Y., Zhang, F., Huo,
H., 2022. Mechanisms of BPA Degradation and Toxicity Resistance in Rhodococcus
equi. Microorganisms 11, 67. https://doi.org/10.3390/microorganisms11010067

Tisler, T., Krel, A., Gerzelj, U., Erjavec, B., Dolenc, M.S., Pintar, A., 2016. Hazard
identification and risk characterization of bisphenols A, F and AF to aquatic organisms.
Environmental Pollution 212, 472—-479. https://doi.org/10.1016/j.envpol.2016.02.045

Tkaczyk, A., Bownik, A., Dudka, J., Kowal, K., Slaska, B., 2021. Daphnia magna
model in the toxicity assessment of pharmaceuticals: A review. Science of the Total
Environment, 763, 143038.

Torres-Garcia, J.L., Ahuactzin-Pérez, M., Fernandez, F.J., Cortés-Espinosa, D. V.,
2022. Bisphenol A in the environment and recent advances in biodegradation by fungi.
Chemosphere 303, 134940. https://doi.org/10.1016/j.chemosphere.2022.134940

Tran, N.H., Urase, T., Kusakabe, O., 2009. The characteristics of enriched nitrifier
culture in the degradation of selected pharmaceutically active compounds. J. Hazard.
Mater. 171, 1051-1057. https://doi.org/10.1016/j.jhazmat.2009.06.114



212

Tran, N.H., Urase, T., Ngo, H.H., Hu, J., Ong, S.L., 2013. Insight into metabolic and
cometabolic activities of autotrophic and heterotrophic microorganisms in the
biodegradation of emerging trace organic contaminants. Bioresour. Technol. 146, 721—
731. https://doi.org/10.1016/j.biortech.2013.07.083

U.S. EPA (United States Environmental Protection Agency), 1985. Method 8041 -
Phenols by Gas Chromatography: Capillary Column Technique. United States. Office
of Water, Office of Science and Technology, Washington, DC.

U.S. EPA (United States Environmental Protection Agency), 1991. Methods for
Aquatic Toxicity Identification Evaluations: Phase | Toxicity Characterization
Procedures (Second Edition), p. 87.

U.S. EPA (United States Environmental Protection Agency), 1998. Method 3535A:
Solid-phase Extraction (SPE). United States. United States, p. 1-19 (accessed Jan 20,
2023).

U.S. EPA, Final Contaminant Candidate List 3 Chemicals: Classification of the PCCL
to CCL. 20009.

U.S. EPA. Supplementary Guidance for Conducting Health Risk Assessment of
Chemical Mixtures, 2000.

Uki¢, Sigurnjak, M., Cvetni¢, M., Marki¢, M., Stankov, M.N., Rogosi¢, M., Rasulev,
B., Loncari¢ Bozi¢, A., Kusi¢, H., Bolanca, T., 2019. Toxicity of pharmaceuticals in
binary mixtures: Assessment by additive and non-additive toxicity models. Ecotoxicol
Environ Saf 185. https://doi.org/10.1016/j.ecoenv.2019.109696

Ungureanu, C.P., Balaes, T., Favier, L., Tanase, C., Bahrim, G., 2015. White-rot fungus
implications in clofibric acid biodegradation. Rom. Biotechnol. Lett. 20, 10388—-10395.

Urase, T., Kikuta, T., 2005. Separate estimation of adsorption and degradation of
pharmaceutical substances and estrogens in the activated sludge process. Water Res. 39,
1289-1300. https://doi.org/10.1016/j.watres.2005.01.015

Van De Steene, J.C., Stove, C.P., Lambert, W.E., 2010. A field study on 8
pharmaceuticals and 1 pesticide in Belgium: Removal rates in waste water treatment
plants and occurrence in surface water. Sci. Total Environ. 408, 3448-3453.
https://doi.org/10.1016/j.scitotenv.2010.04.037

Vandenberg, L.N., Hauser, R., Marcus, M., Olea, N., Welshons, W. V., 2007. Human
exposure to bisphenol A (BPA). Reproductive Toxicology 24, 139-177.
https://doi.org/10.1016/j.reprotox.2007.07.010

Verlicchi, P., Al Aukidy, M., Zambello, E., 2012. Occurrence of pharmaceutical
compounds in urban wastewater: Removal, mass load and environmental risk after a



213

secondary treatment-A review. Sci. Total Environ. 429, 123-155.
https://doi.org/10.1016/j.scitotenv.2012.04.028

Verlicchi, P., Al Aukidy, M., Zambello, E., 2012. Occurrence of pharmaceutical
compounds in urban wastewater: Removal, mass load and environmental risk after a
secondary treatment—A review. Science of The Total Environment 429, 123-155.
https://doi.org/10.1016/j.scitotenv.2012.04.028

Vestel, J., Caldwell, D.J., Constantine, L., D’Aco, V.J., Davidson, T., Dolan, D.G.,
Millard, S.P., Murray-Smith, R., Parke, N.J., Ryan, J.J., Straub, J.O., Wilson, P., 2016.
Use of acute and chronic ecotoxicity data in environmental risk assessment of
pharmaceuticals. Environ Toxicol Chem 35, 1201-1212.
https://doi.org/10.1002/etc.3260

Vicente-Martinez, Y., Caravaca, M., Soto-Meca, A., 2020. Determination of Very Low
Concentration of Bisphenol A in Toys and Baby Pacifiers Using Dispersive Liquid—
Liquid Microextraction by In Situ lonic Liquid Formation and High-Performance
Liquid Chromatography. Pharmaceuticals 13, 301. https://doi.org/10.3390/ph13100301

Vinardell, S., Blandin, G., Ferrari, F., Lesage, G., Mata-Alvarez, J., Dosta, J., Astals, S.,
2022. Techno-economic analysis of forward osmosis pre-concentration before an
anaerobic membrane bioreactor: Impact of draw solute and membrane material. J Clean
Prod 356. https://doi.org/10.1016/j.jclepro.2022.131776

Vifias, P., Campillo, N., Martinez-Castillo, N., Hernandez-Cordoba, M., 2010.
Comparison of two derivatization-based methods for solid-phase microextraction—gas
chromatography—mass spectrometric determination of bisphenol A, bisphenol S and
biphenol migrated from food cans. Anal Bioanal Chem 397, 115-125.
https://doi.org/10.1007/s00216-010-3464-7

Vo, T.K.Q., Bui, X.T., Chen, S.S., Nguyen, P.D., Cao, N.D.T., Vo, T.D.H., Nguyen,
T.T., Nguyen, T.B., 2019. Hospital wastewater treatment by sponge membrane
bioreactor coupled with ozonation process. Chemosphere 230, 377-383.
https://doi.org/10.1016/j.chemosphere.2019.05.009

Vazquez-Tapia, |., Salazar-Martinez, T., Acosta-Castro, M., Meléndez-Castolo, K.A.,
Mahlknecht, J., Cervantes-Avilés, P., Capparelli, M. V., Mora, A., 2022. Occurrence of
emerging organic contaminants and endocrine disruptors in different water
compartments in Mexico — A review. Chemosphere 308, 136285.
https://doi.org/10.1016/j.chemosphere.2022.136285

Wan, C., Sun, S., Lee, D.J,, Liu, X., Wang, L., Yang, X., Pan, X., 2013. Partial
nitrification using aerobic granules in continuous-flow reactor: Rapid startup. Bioresour
Technol 142, 517-522. https://doi.org/10.1016/j.biortech.2013.04.120



214

Wang, H., Liu, Z., Tang, Z., Zhang, J., Yin, H., Dang, Z., Wu, P., Liu, Y., 2020.
Bisphenol analogues in Chinese bottled water: Quantification and potential risk
analysis. Science of The Total Environment 713, 136583.
https://doi.org/10.1016/j.scitotenv.2020.136583

Wang, H., Liu, Z., Zhang, J., Huang, R., Yin, H., Dang, Z., Wu, P., Liu, Y., 2019.
Insights into removal mechanisms of bisphenol A and its analogues in municipal
wastewater treatment plants. Science of The Total Environment 692, 107-116.
https://doi.org/10.1016/j.scitotenv.2019.07.134

Wang, L., Li, Y., Zhang, P., Zhang, S., Li, P., Wang, P., Wang, C., 2019. Sorption
removal of phthalate esters and bisphenols to biofilms from urban river: From
macroscopic to microcosmic investigation. Water Res 150, 261-270.
https://doi.org/10.1016/j.watres.2018.11.053

Wang, L.J., Liu, S.S., Zhang, J., Li, W.Y., 2010. A new effect residual ratio (ERR)
method for the validation of the concentration addition and independent action models.
Environmental Science and Pollution Research 17, 1080-1089.
https://doi.org/10.1007/s11356-009-0265-7

Wang, Q., Zheng, W., Wang, Y., Zhang, T., Zhou, Z., Wu, Z., 2023. Insights into
effects of operating temperature on the removal of pharmaceuticals/pesticides/synthetic
organic compounds by membrane bioreactor process. Environmental Pollution 335,
122145. https://doi.org/10.1016/j.envpol.2023.122145

Wang, R., Tan, T., Liang, H., Huang, Y., Dong, S., Wang, P., Su, X., 2021. Occurrence
and distribution of bisphenol compounds in different categories of animal feeds used in
China. Emerg Contam 7, 179-186. https://doi.org/10.1016/j.emcon.2021.08.001

Wang, S., Ma, X., Liu, Y., Yi, X., Du, G., Li, J., 2020. Fate of antibiotics, antibiotic-
resistant bacteria, and cell-free antibiotic-resistant genes in full-scale membrane
bioreactor wastewater treatment plants. Bioresour Technol 302, 122825.
https://doi.org/10.1016/j.biortech.2020.122825

Wang, X.H., Fan, L.Y., Wang, S., Wang, Y., Yan, L.C., Zheng, S.S., Martyniuk, C.J.,
Zhao, Y.H., 2017. Relationship between acute and chronic toxicity for prevalent organic
pollutants in Vibrio fischeri based upon chemical mode of action. J Hazard Mater 338,
458-465. https://doi.org/10.1016/j.jhazmat.2017.05.058

Wang, Yagin, Zhong, C., Huang, D., Wang, Yongjian, Zhu, J., 2013. The membrane
fouling characteristics of MBRs with different aerobic granular sludges at high flux.
Bioresour Technol 136, 488-495. https://doi.org/10.1016/j.biortech.2013.03.066

Wang, Z., 2020. Occurrence and risk assessment of psychoactive substances in tap
water from China. Environmental Pollution, 261, 114163.



215

Wei, Z., Li, W., Zhao, D., Seo, Y., Spinney, R., Dionysiou, D.D., Wang, Y., Zeng, W.,
Xiao, R., 2019. Electrophilicity index as a critical indicator for the biodegradation of the
pharmaceuticals in aerobic activated sludge processes. Water Res. 160, 10-17.
https://doi.org/10.1016/j.watres.2019.05.057

Wick, A., Fink, G., Joss, A., Siegrist, H., Ternes, T.A., 2009. Fate of beta blockers and
psycho-active drugs in conventional wastewater treatment. Water Res. 43, 1060-1074.
https://doi.org/10.1016/j.watres.2008.11.031

Wieczerzak, M.; Namie$nik, J.; Kudtak, B., 2018. Genotoxicity of selected
pharmaceuticals, their binary mixtures, and varying environmental conditions—study
with human adenocarcinoma cancer HT29 cell line. Drug and Chemical Toxicology, 1—
11.

Wijekoon, K.C., Hali, F.1., Kang, J., Price, W.E., Guo, W., Ngo, H.H., Nghiem, L.D.,
2013. The fate of pharmaceuticals, steroid hormones, phytoestrogens, UV-filters and
pesticides during MBR treatment. Bioresour Technol 144, 247-254.
https://doi.org/10.1016/j.biortech.2013.06.097

Wijekoon, K.C., McDonald, J.A., Khan, S.J., Hai, F.I., Price, W.E., Nghiem, L.D.,
2015. Development of a predictive framework to assess the removal of trace organic
chemicals by anaerobic membrane bioreactor. Bioresour Technol 189, 391-398.
https://doi.org/10.1016/j.biortech.2015.04.034

Wong, K.H., Durrani, T.S., 2017. Exposures to Endocrine Disrupting Chemicals in
Consumer Products—A Guide for Pediatricians. Curr Probl Pediatr Adolesc Health
Care 47, 107-118. https://doi.org/10.1016/j.cppeds.2017.04.002

Xing, J., Zhang, S., Zhang, M., Hou, J., 2022. A critical review of presence, removal
and potential impacts of endocrine disruptors bisphenol A. Comparative Biochemistry
and Physiology Part C: Toxicology & Pharmacology 254, 109275.
https://doi.org/10.1016/j.cbpc.2022.109275

Xu, S., Zhang, H., He, P., Shao, L., 2011. Leaching behaviour of bisphenol A from
municipal solid waste under landfill environment. Environ Technol 32, 1269-1277.
https://doi.org/10.1080/09593330.2010.535175

Xue, W., Wu, C., Xiao, K., Huang, X., Zhou, H., Tsuno, H., Tanaka, H., 2010.
Elimination and fate of selected micro-organic pollutants in a full-scale
anaerobic/anoxic/aerobic process combined with membrane bioreactor for municipal
wastewater reclamation. Water Res 44, 5999-6010.
https://doi.org/10.1016/j.watres.2010.07.052

YIN, H.-L., ZHOU, T.-N., 2022. Simultaneous determination of nine C4-C9
alkylphenols and bisphenol A in environmental water using gas chromatography-mass



216

spectrometry. Chinese Journal of Analytical Chemistry 50, 100112.
https://doi.org/10.1016/j.cjac.2022.100112

Yamazaki, E., Yamashita, N., Taniyasu, S., Lam, J., Lam, P.K.S., Moon, H.-B., Jeong,
Y., Kannan, P., Achyuthan, H., Munuswamy, N., Kannan, K., 2015. Bisphenol A and
other bisphenol analogues including BPS and BPF in surface water samples from Japan,
China, Korea and India. Ecotoxicol Environ Saf 122, 565-572.
https://doi.org/10.1016/j.ecoenv.2015.09.029

Yang, X., Flowers, R.C., Weinberg, H.S., Singer, P.C., 2011. Occurrence and removal
of pharmaceuticals and personal care products (PPCPs) in an advanced wastewater
reclamation plant. Water Res. 45, 5218-5228.
https://doi.org/10.1016/j.watres.2011.07.026

Yang, Y.Y., Liu, W.R., Liu, Y.S., Zhao, J.L., Zhang, Q.Q., Zhang, M., Zhang, J.N.,
Jiang, Y.X,, Zhang, L.J., Ying, G.G., 2017. Suitability of pharmaceuticals and personal
care products (PPCPs) and artificial sweeteners (ASs) as wastewater indicators in the
Pearl River Delta, South China. Sci. Total Environ. 590-591, 611-619.
https://doi.org/10.1016/j.scitotenv.2017.03.001

Yin, L., Wang, B., Yuan, H., Deng, S., Huang, J., Wang, Y., Yu, G., 2017. Pay special
attention to the transformation products of PPCPs in environment. Emerg. Contam. 3,
69-75. https://doi.org/10.1016/j.emcon.2017.04.001

Yu, H.Q.; Tay, J.H.; Fang, H.H.P., 2001. The roles of calcium in sludge granulation
during UASB reactor start-up. Water Res., 35, 1052—-1060.

Yuan, M., Chen, S., Zeng, C., Fan, Y., Ge, W., Chen, W., 2023. Estrogenic and non-
estrogenic effects of bisphenol A and its action mechanism in the zebrafish model: An
overview of the past two decades of work. Environ Int 176, 107976.
https://doi.org/10.1016/j.envint.2023.107976

Yuan, S. fen, Liu, Z. hua, Lian, H.X., Yang, C., Lin, Q., Yin, H., Dang, Z., 2016.
Simultaneous determination of estrogenic odorant alkylphenols, chlorophenols, and
their derivatives in water using online headspace solid phase microextraction coupled
with gas chromatography-mass spectrometry. Environmental Science and Pollution
Research 23, 19116-19125. https://doi.org/10.1007/s11356-016-7107-1

Zhang, H., Ding, T., Luo, X., Li, J., 2021. Toxic effect of fluorene-9-bisphenol to green
algae Chlorella vulgaris and its metabolic fate. Ecotoxicol Environ Saf 216, 112158.
https://doi.org/10.1016/j.ecoenv.2021.112158

Zhang, H., Wang, L., Li, Y., Wang, P., Wang, C., 2019. Background nutrients and
bacterial community evolution determine 13C-17p-estradiol mineralization in lake
sediment microcosms. Sci. Total Environ. 651, 2304-2311.
https://doi.org/10.1016/j.scitotenv.2018.10.098



217

Zhang, S., Fan, Y., Qian, X., Wu, Z., Feng, S., Xu, W., Wang, G., 2024. Spatiotemporal
distribution, source apportionment, and ecological risk of bisphenol analogues in a
highly urbanized river basin. Science of The Total Environment 920, 170964.
https://doi.org/10.1016/j.scitotenv.2024.170964

Zhang, X., Xu, S., Liu, Zhimin, Xu, Z., Shen, Q., Tang, S., Liu, Zhihua, Si, X., 2024.
Flexible molecularly imprinted fiber library for the metabolic analysis of bisphenol F
and ecological risk evaluation. J Hazard Mater 465, 133300.
https://doi.org/10.1016/j.jhazmat.2023.133300

Zhang, Y., GeilRen, S.U., Gal, C., 2008. Carbamazepine and diclofenac: Removal in
wastewater treatment plants and occurrence in water bodies. Chemosphere 73, 1151
1161. https://doi.org/10.1016/j.chemosphere.2008.07.086

Zhang, Y., Niu, Q., Ma, H., He, S., Kubota, K., Li, Y.Y., 2016. Long-term operation
performance and variation of substrate tolerance ability in an anammox attached film
expanded bed (AAFEB) reactor. Bioresour Technol 211, 31-40.
https://doi.org/10.1016/j.biortech.2016.03.055

Zhao, D., Wang, P., Zhao, Q., Chen, N., Lu, X., 2014. Thermoresponsive copolymer-
based draw solution for seawater desalination in a combined process of forward osmosis
and membrane distillation. Desalination 348, 26-32.
https://doi.org/10.1016/j.desal.2014.06.009

Zhao, Jianguo, Chen, X., Lin, F., Yang, N., Huang, H., Zhao, Jun, 2014. Mechanism of
toxicity formation and spatial distribution in activated sludge treating synthetic effluent
containing bisphenol A (BPA). Chemical Engineering Journal 250, 91-98.
https://doi.org/10.1016/j.cej.2014.03.025

Zheng, L., Yu, D., Wang, G., Yue, Z., Zhang, C., Wang, Y., Zhang, J., Wang, J., Liang,
G., Wei, Y., 2018. Characteristics and formation mechanism of membrane fouling in a
full-scale RO wastewater reclamation process: Membrane autopsy and fouling
characterization. J Memb Sci 563, 843-856.
https://doi.org/10.1016/j.memsci.2018.06.043

Zhou, H., Zhou, Y., Li, H., Wang, F., 2012. Fate and removal of selected endocrine-
disrupting compounds in sewage using activated sludge treatment. Water and
Environment Journal 26, 435-444. https://doi.org/10.1111/j.1747-6593.2011.00302.x

Zhou, N., Liu, Y., Cao, S., Guo, R., Ma, Y., Chen, J., 2020. Biodegradation of
bisphenol compounds in the surface water of Taihu Lake and the effect of humic acids.
Science of The Total Environment 723, 138164.
https://doi.org/10.1016/j.scitotenv.2020.138164

Zhu, H., Li, W., 2013. Bisphenol A removal from synthetic municipal wastewater by a
bioreactor coupled with either a forward osmotic membrane or a microfiltration



218

membrane unit. Front Environ Sci Eng 7, 294-300. https://doi.org/10.1007/s11783-013-
0486-3

Zhu, T. ting, Su, Z. xian, Lai, W. xia, Zhang, Y. bin, Liu, Y. wen, 2021. Insights into
the fate and removal of antibiotics and antibiotic resistance genes using biological
wastewater treatment technology. Sci. Total Environ. 776, 145906.
https://doi.org/10.1016/j.scitotenv.2021.145906

Zielinska, M., Cydzik-Kwiatkowska, A., Bernat, K., Butkowska, K., Wojnowska-
Baryla, 1., 2014. Removal of bisphenol A (BPA) in a nitrifying system with
immobilized biomass. Bioresour Technol 171, 305-313.

Zielinski, M., Kazimierowicz, J., Debowski, M., 2023. Advantages and Limitations of
Anaerobic Wastewater Treatment—Technological Basics, Development Directions, and
Technological Innovations. Energies (Basel).

Zouboulis, A.L, Peleka, E.N., 2019. “Cycle closure” in waste management: Tools,
procedures and examples. Glob. Nest J. 21, 1-6. https://doi.org/10.30955/gn;j.002679

Zunngu, S. S., 2017. Synthesis and application of a molecularly imprinted polymer in
the solid-phase extraction of ketoprofen from wastewater. Comptes Rendus Chimie, 20,
5, p. 585-591.

Ostman, M., Bjorlenius, B., Fick, J., Tysklind, M., 2019. Effect of full-scale ozonation
and pilot-scale granular activated carbon on the removal of biocides, antimycotics and
antibiotics in a sewage treatment plant. Sci. Total Environ. 649, 1117-1123.
https://doi.org/10.1016/j.scitotenv.2018.08.382



219

ANNEXES

CHAPTER 2

Table S1 - Occurrence of PhACs in surface water worldwide

Concentration

PhAC (ng/L) Contry Reference
Betamethasone 0.3 Italy Speltini et al. 2018
0.83 China Gong et al. (201
7.2 China Shen et al. 2020
4,109 Brazil Reis et al. (201
Fenofibrate 16.21 Portugal Palma et al. 2020
6.91 China Zhang et al. 2019
32 Spain Casado et al. 2014
34.03 China Ren et al. 2023
37 Sweden Malnes et al. 2022
Fluconazole 58.9 China Yang et al. 2017
75.7 Thailand Juksu et al. 2019
230.2 South Africa Assress et al. 2020
573.8 Brazil Couto et al. 2020
583 Brazil Reis et al. 2019
Ketoprofen 9.05 China Xu et al. 2019
15 Croatia Selak et al. 2022
17 Spain Moren;lcggqialez et
45 Serbia Petrovi¢ et al. 2014
68.92 Portugal Palma et al. 2020
107 India Sharma et al. 2016
91.1 China Xu et al. 2022
168 Morocco Chafi et al. 2022
240 Canboja Sang et al. 2022
260 Turkey Korkmaz et al. 2022a
298 Brazil Reis et al. 2019
370 Turkey Korkmaz et al. 2022b
8,070 India Mishra et al. 2023
14,215 Brazil Rico et al. 2021
Loratadine 1.14 Spain Lopez nglr;a etal.
4 Croatia Ivankovic et al. 2023
6.46 England Burns et al. 2018
486 Brazil Reis et al. 2019
0.44 China Gong et al. 2019
. 0.74 China Xu et al. 2019
Prednisone .
10 China Wu et al. 2023

67.1 China Tang et al. 2021
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2,444 Brazil Reis et al. 2019
17a-Ethinylestradiol 0.4 China Deich et al. 2021
1 Luxembourg Pailler et al. 2009
14 France Vulliet et al. 2011
25 Spain Huerta I;gr;tlela et al.
2.8 Canada Goeury et al. 2022
6 Italy Merlo et al. 2019
10 China Luetal. 2021
50 Morocco Chafi et al. 2022
310 Brazil Sodré et al. 2007
950 Turkey Korkmaz et al. 2022a
1,739 Ghana Adjei et al. 2022
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Table S1 - Occurrence of evaluated PhACs in surface water worldwide

Concentration

PhAC (ng/L) Country Reference
Betamethasone 0.3 Italy Speltini et al. 2018
0.83 China Gong et al. 2019
7.2 China Shen et al. 2020
4,109 Brazil Reis et al. 2019
Fenofibrate 16.21 Portugal Palma et al. 2020
6.91 China Zhang et al. 2015
32 Spain Casado et al. 2014
34.03 China Ren et al. 2023
37 Sweden Malnes et al. 2022
Fluconazole 58.9 China Yang et al. 2017
75.7 Thailand Juksu et al. 2019
230.2 South Africa Assress et al. 2020
573.8 Brazil Couto et al. 2020
583 Brazil Reis et al. 2019
Ketoprofen 9.05 China Xu et al. 2019
15 Croatia Selak et al. 2022
17 Moreno-Gonzalez et
Spain al. 2014
45 Serbia Petrovié et al. 2014
68.92 Portugal Palma et al. (202
107 India Sharma et al. 2016
1.1 China
91.1
Xu et al. 2022
1.2 Morocco
168
Chafi et al. 2022
1.3 Canboja
240
Sang et al. 2022
1.4 Turkey
260
Korkmaz et al. 2022a
298 Brazil Reis et al. 2019
370 Turkey Korkmaz et al. 2022b
8,070 India Mishra et al. 2023
14,215 Brazil Rico et al. 2021
Loratadine 1.14 Spain Lopez—ZSOelrga etal.
4 Croatia Ivankovic et al. 2023
6.46 England Burns et al. 2018
486 Brazil Reis et al. 2019
0.44 China Gong et al. 2019
Prednisone 0.74 China Xu et al. 2019
10 China Wu et al. 2023
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67.1 China Tang et al. 2021
2,444 Brazil Reis et al. 2019
17a-Ethinylestradiol 0.4 China Deich et al. 2021
1 Luxembourg Pailler et al. 2009
1.4 France Vulliet et al. 2011
Spain Huerta-Fontela et al.
2.5 2011
2.8 Canada Goeury et al. 2022
6 Italy Merlo et al. 2019
10 China Lu et al. 2021
50 Morocco Chafi et al. 2022
310 Brazil Sodré et al. 2010
950 Turkey Korkmaz et al. 2022a
1,739 Ghana Adjei et al. 2022
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Table S1 — Concentration of BPs in surface water from several locations.

Mean
Compound  concentration Surface water Local Reference
(ng L)
. . Kundu et al.,
BPA 67.9 Lower stretch of river Ganga India 2024
161.5 Estuarine zone of river Ganga India Kunggzit al.,
. . . Chakraborty et
4460 Middle stretch of river Ganga India al. 2021
92.57 Taihu Lake China Liuetal., 2016
0.152 Jiulong River China Lvetal., 2014
. Yamazaki et al.,
21 Edogawa River Japan 2015
- Yamazaki et al.,
57 Arakawa River Japan 2015
- Yamazaki et al.,
120 Tamagawa River Japan 2015
431 Sewater of Tokyobay Japan Yamazzgliget al,
. . Yamazaki et al.,
98 Pearl River China 2015
. . Yamazaki et al.,
43 West River China 2015
. Yamazaki et al.,
272 Han River Korea 2015
- Yamazaki et al.,
80 Nakdong River Korea 2015
- Yamazaki et al.,
213 Yeongsan River Korea 2015
. . Yamazaki et al.,
628 Cooum River India 2015
. . Yamazaki et al.,
512 Adyar River India 2015
. . . Yamazaki et al.,
33 Korttalaiyar River India 2015
1945 Buckingham Canal India Yamazaki etal,
2015
- Goeury et al.,
16.6 St. Lawrence River Canada 2022
. . Goeury et al.,
62.3 Mille lles River Canada 2022
. Sta. Ana et al.,
47.4 Laguna Lake Philippines 2020
. . e Sta. Anaetal.,
724 Marikina River Philippines 2020
765 Bagumbayan River Philippines Sta. /;\(r;goet al.,
- A Sta. Anaetal.,
554 Buli River Philippines 2020
. A Sta. Anaetal.,
665 Tunasan River Philippines 2020
1355 Bifian River Philippines Sta. Anaetal,

2020



4813

5344

2800

730

730

160
150
84

803

732

137.4

98.11

135
97
8.5

64.4
119
21

13.7

58.9

1573

32
68
226
11

9.1

44

17

34

101

13

26

14

Sta. Rosa (Midstream) River
Sta. Rosa (Downstream) River
Ala River
Ose River

Owena River

Yangtze River
Huaihe River

Taihu Lake

Hooghly River Riverine region
Urban
Hooghly River Riverine region
Suburban
Hooghly River Estuarine region
Rural

Hooghly River Estuarine region Port

Taihu Lake
Taihu Lake
Taihu Lake

Taihu Lake
Yangtze River

Ebro River
Ebro Delta in the Mediterranean Sea
Elbe River

Bahe River

Yellow River

Guangli River
Xiaoging River
Bohai Seawater

St. Lawrence River
Mimico Creek
Highland Creek
Taylor Creek
Beaverdams Creek
Upper Beaverdams Creek
St. Catharines - Dicks Creek

Grand River

Philippines
Philippines
Nigeria
Nigeria
Nigeria
China

China
China

India
India
India

India

China
China
China

China
China
Spain

Spain
Germany

China

China
China
China
China

Canada
Canada
Canada
Canada
Canada
Canada
Canada

Canada
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Sta. Anaetal.,
2020
Sta. Anaet al.,
2020
Idowu et al.,
2022
Idowu et al.,
2022
Idowu et al.,
2022

Shi et al., 2013
Shi et al., 2013

Shietal., 2013

Mukhopadhyay
etal., 2021
Mukhopadhyay
etal., 2021
Mukhopadhyay
etal., 2021
Mukhopadhyay
etal., 2021

Liu et al., 2020
Yan et al., 2017

Jinetal., 2016

Wang et al.,
2015
Liuetal., 2017
Gil-Solsona et
al., 2022
Gil-Solsona et
al., 2022
Huang et al.,
2021
Wang et al.,
2018
Yinetal., 2022
Yinetal., 2022

Yinetal., 2022
Yin et al., 2022

Gewurtz et al.,
2021
Gewurtz et al.,
2021
Gewurtz et al.,
2021
Gewurtz et al.,
2021
Gewurtz et al.,
2021
Gewurtz et al.,
2021
Gewurtz et al.,
2021
Gewurtz et al.,
2021
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13 Thames River Canada Gewurtz etal.,

2021
Gewurtz et al.,
75 Wascana Creek Canada 2021
. - Gewurtz et al.,
10 Serpentine River Canada 2021
I . Selvaraj et al.,
14.7 Kaveri River India 2014
. . Selvaraj et al.,
5.6 Vellar River India 2014
. I . Selvaraj et al.,
11.5 Tamiraparani River India 2014
52.1 Bninskie Lake Poland Shi et al., 2014
95 Bytynskie Lake Poland Shietal., 2014
23.2 Lusowskie Lake Poland Shietal., 2014
29 Sremskie Lake Poland Shietal., 2014
31.2 Pamigtkowskie Lake Poland Shi et al., 2014
15.8 Wierzbiczanskie Lake Poland Shietal., 2014
78.3 Sama River Poland Shi etal., 2014
72.2 Samica Steszewska River Poland Shi et al., 2014
22.4 Mosina River Poland Shietal., 2014
35.7 Glowna River Poland Shi et al., 2014
27.7 Glowna River Poland Shi et al., 2014
54 Warta River Poland Shi et al., 2014
12.9 Kamionka River Poland Shietal., 2014
56.6 Sai Gon River Vietnam Minh et al., 2016
4.6 Dong Nai River Vietnam Minh et al., 2016
. . Ramos et al.,
2510 Velhas River Brazil 2021
. . Gopal et al.,
49.7 Arkavathi river India 2021
49 Peruque Creek United States Kassotis etal,
2015
320 Crooked Creek United States Kassggise tal,
. Kassotis et al.,
100 Flat Creek United States 2015
50 Perche Creek United States Kassotis et al.,
2015
. R . Kassotis et al.,
35 Missouri River United States 2015
. . Kassotis et al.,
49 James River United States 2015
44.85 Yellow River China Yuetal., 2023
. . Wang et al.,
39.5 Yellow River China 2012
419 Haihe River China Jinetal., 2004
N . Wang et al.,
116.5 Taizi River China 2011
. Funakoshi et al.,
90 Nagara River Japan 2009

1030 Shijing River China Zhao et al., 2009
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100

320

250

157

295

4.3

473
118.6

21.4

48.7

1540

9.5

50
44.9

66
62.78
817

450
14.53

21

38.7
394
24.6
29.3
26.2

159

198.66

4800
881

Aja River

Guadalquivir River

Rabanales River

Dos Torres River
River
Llobregat River

Seomjin River

Jiulong River
Huai River Basin

Dourados river
Brilhante river
Jialu River

Pearl River Delta

Seawater of Jiaozhou Bay
Chaobai River

Aquidauana River
Pearl River Estuary
Besos river

Charmoise river
Taihu Lake

Elbe River

Yeonwoo River
Songjung River
Hanam River
Sandong River
Danube River

Danube River
Hogsmill River, Chertsey Bourne

River and Blackwater River
Velhas River

Minho River

Pearl River

Japan

Spain

Spain

Spain

Canada

Spain

Korea

China
China

Brazil
Brazil
China

China

China
China

Brazil
China
Spain
France
China
Germany

China
China
China
China
Serbia
Serbia

England

Brazil

Portugal
China
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Kawahata et al.,
2004
Ballesteros-
Goémez et al.,
2007
Ballesteros-
Goémez et al.,
2007
Ballesteros-
Gomez et al.,
2007
Kleywegt et al.,
2011
Rodriguez-
Mozaz et al.,
2004
Duong et al.,
2010

Sun et al., 2016

Fanetal., 2021

Sposito et al.,
2018
Sposito et al.,
2018
Zhang et al.,
2011
Liang et al.,
2023

Fu et al., 2007
Lietal., 2013

Finoto Viana et
al., 2023

Diao et al., 2017

Bolivar-Subirats
etal., 2021

Tranetal., 2015
Yan et al., 2012

Stachel et al.,
2003

Ko et al., 2007
Ko et al., 2007
Ko et al., 2007
Ko et al., 2007
Celi¢ et al., 2020

Loos et al., 2010

Wilkinson et al.,
2017
Salgueiro-
Weber et al.,
2017
Gonzélez et al.,
2015

Peng et al., 2008
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332.75
147.63
33
19
56
15.6

530

48
63.3
63.6
808

72

229

649

84

281

50.6

9.4

330

190

14

130

170

92

97.3
76.3

212
12.7

8.5
47
40

Panlong river

Dongjiang River
Wuluo River
Mississippi River
Pontchartrain Lake
London canal
Orleans canal

Velhas River

Turia River
River
River Lambro
Dan-Shui River

Han
Ebro River
Llobregat River

Jucar River

Guadalquivir River

Atibaia River

Glatt River

Seawater of Bocht van Wattum
Seawater of Dantziggat

Seawater of Den Oever

Dommel River

Meuse River

Ebro River

River

Tama River

River
River
River

Taihu Lake
Liaohe river
Hunhe river

China

China
Taiwan
United States
United States
United States
United States

Brazil

Spain
China
Italy
Taiwan

China
Spain
Spain
Spain
Spain
Brazil
Switzerland
Netherlands
Netherlands
Netherlands
Netherlands

Netherlands

Spain

Saudi Arabia

Japan

Mexico
China
United States

China
China
China
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Wang et al.,
2016

Xu et al., 2019
Liu et al., 2018

Boyd et al., 2004
Boyd et al., 2004

Boyd et al., 2004
Boyd et al., 2004

Ramos et al.,
2021
Carmona et al.,
2017
Chen et al., 2020

Castiglioni et al.,
2018
Chen et al., 2012
Bonfoh et al.,
2020
Gorga et al.,
2015
Gorga et al.,
2015
Gorga et al.,
2015
Gorga et al.,
2015
Sodré et al.,
2010
Jonkers et al.,
2009
Belfroid et al.,
2002
Belfroid et al.,
2002
Belfroid et al.,
2002
Belfroid et al.,
2002
Belfroid et al.,
2002
Herrero-
Hernandez et al.,
2013
Picé et al., 2021
Furuichi et al.,
2004
Félix—Cafiedo et
al., 2013
Chen et al., 2016

Padhye et al.,
2014

Jinetal., 2016
Jinetal., 2016
Jinetal., 2016
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207.5

78
38
196045
233
105
330
300
213
20

31.7

54

25

27

35

62

73

158

53

12

15

44

18

57

22

20

122.83

15.15

8.84

18.37

6.42

185

Seawater of Hangzhou bay
Rivers, lakes and channels

Jinze reservoir
River
Erren River
Geylang River
Kallang River
Rocher Canal
Stamford Canal
Stamford Canal
Bremer River

Svratka River
Guanabara Bay
Seawater of Thermaikos Gulf
Lamone River
Fiumi Uniti River
Bevano River
Savio River
Marecchia River
Channels
Pialassa Baiona
Seawater

River

Coastal seawater of Mediterranean
Sea

Port seawater
River mouth seawater
River
Tunuyan River
San Carlos River
Negro River
Claro River
Zampal River

Douro River

China
Germany

China
China
Taiwan
Singapore
Singapore
Singapore
Singapore
Singapore
Australia

Czech Republic
Brazil
Greece
Italy
Italy
Italy
Italy
Italy
Italy
Italy
Spain
Spain
Spain
Spain
Spain
Spain
Argentina
Argentina
Argentina
Argentina
Argentina

Portugal
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Yang et al., 2014

Fromme et al.,
2002

Lietal., 2021
Lietal., 2021
Chenetal., 2016

Xu et al., 2011
Xu et al., 2011

Xuetal., 2011
Xu et al., 2011
Xuetal., 2011

Ying et al., 2009
Matg¢jicek et al.,
2012
Coutinho et al.,
2022
Arditsoglou et
al., 2012
Pignotti et al.,
2018
Pignotti et al.,
2018
Pignotti et al.,
2018
Pignotti et al.,
2018
Pignotti et al.,
2018
Pignotti et al.,
2018
Pignotti et al.,
2018
Sénchez-Avila et
al., 2011
Sénchez-Avila et
al., 2011
Sanchez-Avila et
al., 2012
Sanchez-Avila et
al., 2012
Sénchez-Avila et
al., 2012
Sénchez-Avila et
al., 2012
Iturburu et al.,
2024
Iturburu et al.,
2024
Iturburu et al.,
2024
Iturburu et al.,
2024
Iturburu et al.,
2024
Cunhaetal.,
2022
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2820 Tagus River Portugal Cun;gzezt al.,
1186 Ashaiman Lake Ghana Adjze(l);;al.,
6363 Chemu Lagoon Ghana A0'1'26(; sgal-,
1007 Fosu Lagoon Ghana Adjze(i)s;al.,
509 Kakum River Ghana Adls(; g; al.,
1993 Densu River Ghana Adjze(');;al"
448 Korle Lagoon Ghana Adjze(i)g;al.,
200 Luoma Lake China Wagg 2e; al.,
215 River China Waggze; al.,
22.19 Yangtze River Basin China Qin et al., 2024
223 Anhumas River Brazil Mad?(;g;t al.,
13.1 Pinheiros River Brazil Mad%g;t al.,
205 Atibaia River Brazil Mad%g;t al.,
589.5 Atibainha River Brazil Mad%g;t al,
15 Cachoeira River Brazil Mad%g;t al.,
94.9 Camanducaia River Brazil Mad%ggt al.
91.2 Capivari River Brazil Madt;i(;gset al.,
248 Corumbatai River Brazil Madzl(;ggt al,
46.3 Jaguari River Brazil Madzi(;g;t al.,
41.7 Jundiaf River Brazil Madzlég?:et al.,
27.5 Mogi Guacu River Brazil Madzi(;ezlgt al.,
118 Mogi Mirim River Brazil Madzi(;ezlgt al.,
895 Piracicaba River Brazil Madzi(;g;t al.,
42.7 Pirapitingui River Brazil Madgi(;gset al,
26 Taihu Lake China Liu et al., 2017
2.7 San Francisco Bay United States Sh;T,aggI;; et
119 Lake Mjgsa Czech Republic gau;:(r) gi al.,
59.3 River Slovenia Grotéigzit al.,
165 Seawater of Black Sea Italy ChiriZ%CZit al.,
435.6 Drwina River Poland Styszko etal.,

2021



24.2

119

89

200.7

55.97

20.68
23

12.8

32

34

193.2

363
19.1

59.01

54.65
8.38
253

170

3113

200

145

215

240

270

265

36.9

3715

29

979.76

42.6
86
315.8

Wisla River

Pearl River

Rivers and Lakes of Albufera
Natural Park

Al-Asfar and Al-Hubail Lakes
Pearl River Delta
Jinsha River Basin
Seawater of East China Sea

Rivers, lakes and reservoirs

Taff River

Ely River

Seawater of Gdansk Gulf
Tangxun Lake
Zijiang River
Seawater of Port Dickson coastline
Lahore canal
Seawater of Beibu Gulf

Yangtze River

Orunski Stream

Kozacki Stream
Luoma Lake

Yi River

Laoyi River

Zhongyun River

Fangting River
Bulao River

Pearl River

River, Port, Lake and Chanel of
Jiangyan District

Danube River and Jiu River

Gomti River, Sarayu River, Ganga
River, Yamuna River
Yellow River
Taihu Lake

Yangtze River

Poland
China

Spain

Saudi Arabia
China
China
China

China

United Kingdom

United Kingdom

Poland

China
China

Malaysia

Pakistan
China
China

Poland
Poland
China
China
China
China
China
China
China
China
Romania

India
China

China
China
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Styszko et al.,
2021
Gong et al.,
2023
Sadutto et al.,
2021

Picé et al., 2020
Chen et al., 2022
Liu et al., 2021

Xie et al., 2022
Zhang et al.,
2019
Kasprzyk-
Hordern et al.,
2009
Hordern et al.,
2009
Staniszewska et
al., 2015
Yietal., 2023

Lietal., 2023
Zainuddin et al.,
2023
Ashfaq et al.,
2023
Gao et al., 2023
Zheng et al.,
2019
Caban et al.,
2020
Caban et al.,
2020
Wang et al.,
2022
Wang et al.,
2022
Wang et al.,
2022
Wang et al.,
2022
Wang et al.,
2022
Wang et al.,
2022
Wang et al.,
2022

Caietal., 2021

Chiriac et al.,
2021
Karsauliya et al.,
2022

Zhao et al., 2020
Chenetal., 2017
Liu et al., 2022
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97 Taihu Lake China Yan et al., 2017
86 Luoma Lake China Yan et al., 2017
196 Taihu Lake, Gehu Lake and Rivers China Sietal., 2019
24.6 Pearl River Estuary China Zhao et al., 2019
.. . . Huang et al.,
471 Zhujiang River China 2020
" . Huang et al.,
406 Dongjiang China 2020
Lo . Huang et al.,
922 Liuxi River China 2018
Danshuei River, Beigang River,
362505 Puzih River, Jishuei River, Jiangjyun Taiwan Chou et al., 2015
River and Erren River
22330 14 Rivers Taiwan Lee etal., 2013
BPS 4.7 Edogawa River Japan Yamazzglillset al.,
- Yamazaki et al.,
7.6 Arakawa River Japan 2015
8.7 Tamagawa River Japan Yamazaki etal.
: g P 2015
15 Sewater of Tokyobay Japan Yamazzgliget al,
. . Yamazaki et al.,
135 Pearl River China 2015
. Yamazaki et al.,
42 Han River Korea 2015
. . Yamazaki et al.,
3644 Cooum River India 2015
. . Yamazaki et al.,
7204 Adyar River India 2015
2099 Buckingham Canal India Yamazaki etal.,
2015
. . . Yamazaki et al.,
8.7 Korttalaiyar River India 2015
. . Gil-Solsona et
16.1 Ebro River Spain al.. 2022
. . . Gil-Solsona et
51 Ebro Delta in the Mediterranean Sea Spain al. 2022
. . Liang et al.,
0.54 Pearl River Delta China 2023
Hogsmill River, Chertsey Bourne Wilkinson et al.,
147 River and Blackwater River England 2017
6 Taihu Lake China Jinetal., 2016
14 Liaohe river China Jinetal., 2016
11 Hunhe river China Jinetal., 2016
4.6 Seawater of Hangzhou bay China Yang et al., 2014
. Cunhaetal.,
739 Tagus River Portugal 2022
. Wang et al.,
5.5 Luoma Lake China 2022
. . Wang et al.,
5.7 River China 2022
6.42 Yangtze River Basin China Qinetal., 2024
16 Taihu Lake China Liuetal., 2017
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Shimabuku et

23.9 San Francisco Bay United States al., 2022
. . Sauer et al.,
6.2 Lake Mjgsa Czech Republic 2021
: . Grobin et al.,
105 River Slovenia 2024
N : Schmidt et al.,
10 Rhdne River France 2020
2.2 Seawater of East China Sea China Xie et al., 2022
1.1 Rivers, lakes and reservoirs China Zhang etal,
2019
0.94 Yangtze River China Wan et al., 2018
10.96 Seawater of Port Dickson coastline Malaysia Zamugglznset al.,
0.34 Seawater of Beibu Gulf China Gao et al., 2023
. . Zheng et al.,
39.2 Yangtze River China 2019
o Caban et al.,
122 Orunski Stream Poland 2020
. Wang et al.,
5.45 Luoma Lake China 2022
L . Wang et al.,
5.25 Yi River China 2022
I . Wang et al.,
4.45 Laoyi River China 2022
. . Wang et al.,
5.1 Zhongyun River China 2022
. . . Wang et al.,
4.85 Fangting River China 2022
. . Wang et al.,
6.65 Bulao River China 2022
. . Wang et al.,
38.7 Pearl River China 2022
37.1 River, Port, Lake and Chanel of China Caietal., 2021
Jiangyan District
914 Taihu Lake China Han et al., 2023
Gomti River, Sarayu River, Ganga . Karsauliya et al.,
44.71 River, Yamuna River India 2022
5.6 Yellow River China Zhao et al., 2020
101 Taihu Lake China Chenetal., 2017
51.6 Yangtze River China Liu etal., 2022
120 Taihu Lake China Yanetal., 2017
21 Luoma Lake China Yan et al., 2017
56.1 Taihu Lake, Gehu Lake and Rivers China Sietal., 2019
10.3 Pearl River Estuary China Zhao et al., 2019
. . . Huang et al.,
44.5 Zhujiang River China 2020
. . Huang et al.,
12.7 Dongjiang China 2020
Lo . Huang et al.,
3720 Liuxi River China 2018
. Yamazaki et al.,
BPF 445 Edogawa River Japan 2015
81.6 Arakawa River Japan Yamazaki etal,

2015
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1474

1113

105

1301

27

289

0.016

66

0.83
3.2

48

159

159

161

5830
1.04
78

33.2

21

11.2

2.18

1143.88

2.2

159

165

111

170

210

175

Tamagawa River
Sewater of Tokyobay
Pearl River
West River
Han River
Adyar River
Buckingham Canal

Pearl River Delta

Ebro River

Taihu Lake
Seawater of Hangzhou bay

Guanabara Bay
Douro River
Luoma Lake

River

Dianchi Laoyu River
Yangtze River Basin
Taihu Lake

San Francisco Bay
Lake Mjgsa
Seawater of Black Sea

Rivers, lakes and reservoirs

Seawater of Port Dickson coastline

Yangtze River
Luoma Lake
Yi River
Laoyi River
Zhongyun River
Fangting River

Bulao River

Japan
Japan
China
China
Korea
India
India

China

Spain

China
China

Brazil
Portugal
China

China

China
China
China

United States
Czech Republic
Italy
China
Malaysia
China
China
China
China
China
China

China
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Yamazaki et al.,
2015
Yamazaki et al.,
2015
Yamazaki et al.,
2015
Yamazaki et al.,
2015
Yamazaki et al.,
2015
Yamazaki et al.,
2015
Yamazaki et al.,
2015
Liang et al.,
2023
Herrero-
Hernandez et al.,
2013
Jinetal., 2016

Yang et al., 2014
Coutinho et al.,
2022
Cunha et al.,
2022
Wang et al.,
2022
Wang et al.,
2022

Wan et al., 2018
Qinetal., 2024

Liuetal. 2017
Shimabuku et
al., 2022
Sauer et al.,
2021
Chiriac et al.,
2021
Zhang et al.,
1019
Zainuddin et al.,
2023
Zheng et al.,
2019
Wang et al.,
2022
Wang et al.,
2022
Wang et al.,
2022
Wang et al.,
2022
Wang et al.,
2022
Wang et al.,
2022
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42.9 ; L China Caietal., 2021
Jiangyan District
295 Taihu Lake China Han et al., 2023
114 Taihu Lake China Chenetal., 2017
12.2 Yangtze River China Liu etal., 2022
140 Taihu Lake China Yan et al., 2017
6.8 Luoma Lake China Yan et al., 2017
5.82 Taihu Lake, Gehu Lake and Rivers China Sietal., 2019
35 Pearl River Estuary China Zhao et al., 2019
.. . . Huang et al.,
12.2 Zhujiang River China 2020
. . Huang et al.,
25.2 Dongjiang China 2020
L . Huang et al.,
82.8 Liuxi River China 2018
BPB 4 Ebro Delta in the Mediterranean Sea Spain G'IAISOIZSg;; et
: Cunhaet al.,
115 Douro River Portugal 2022
: Cunhaet al.,
3143 Tagus River Portugal 2022
. Wang et al.,
5 Luoma Lake China 2022
. . Wang et al.,
5.7 River China 2022
20 Taihu Lake China Liu et al., 2017
. . . Zhang et al.,
1 Rivers, lakes and reservoirs China 2019
0.03 Seawater of Beibu Gulf China Gao et al., 2023
. Wang et al.,
5 Luoma Lake China 2022
. . Wang et al.,
5.7 Bulao River China 2022
. . Wang et al.,
4.6 Pearl River China 2022
6.6 Taihu Lake China Chenetal., 2017
5.8 Taihu Lake China Yan et al., 2017
8.8 Luoma Lake China Yanetal., 2017
151 Pearl River Estuary China Liu etal., 2022
BPAF 0.28 Taihu Lake China Jinetal., 2016
1.9 Liaohe river China Jinetal., 2016
2.4 Hunhe river China Jinetal., 2016
74.8 Seawater of Hangzhou bay China Yang et al., 2014
3080 Xitang river China Song et al., 2012
. Coutinho et al.,
27 Guanabara Bay Brazil 2022
: Cunha et al.,
238 Douro River Portugal 2022
0.03 Yangtze River Basin China Qinetal., 2024
. . Madeira et al.,
110 Taihu Lake China ) 2023
91 Lake Mjgsa Czech Republic Sauer et al.,

2021
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0.34 Seawater of East China Sea China Xie etal., 2022
3 Rivers, lakes and reservoirs China Zhang et al.,
2019
0.53 Seawater of Beibu Gulf China Gao et al., 2023
. . Zheng et al.,
5.1 Yangtze River China 2019
. . Wang et al.,
8.3 Pearl River China 2022
. . Wang et al.,
18.3 Pearl River China 2022
132 River, Port, Lake and Chanel of China Cai et al., 2021
Jiangyan District
39.8 Yellow River China Zhao et al., 2020
7.8 Taihu Lake China Chen et al., 2017
10.9 Yangtze River China Liu etal., 2022
8.2 Taihu Lake China Liuetal., 2022
17 Luoma Lake China Yanetal., 2017
1.43 Taihu Lake, Gehu Lake and Rivers China Sietal., 2019
0.7 Pearl River Estuary China Zhao et al., 2019
. . . Huang et al.,
0.35 Zhujiang River China 2020
. . Huang et al.,
4.2 Dongjiang China 2020
BPAP 0.033 Taihu Lake China Jinetal., 2016
0.0035 Liaohe river China Jinetal., 2016
1.9 Taihu Lake China Liu et al., 2017
. . Wang et al.,
0.65 Pearl River China 2022
4.8 Taihu Lake China Chenetal., 2017
4.8 Taihu Lake China Yan et al., 2017
11 Luoma Lake China Yan et al., 2017
BPFL 0.0095 Liaohe river China Jinetal., 2016
0.0069 Hunhe river China Jinetal., 2016
BPZ 0.054 Liaohe River China Jinetal., 2016
. Wang et al.,
2.8 Luoma Lake China 2022
0.53 Yangtze River Basin China Qinetal., 2022
17 Taihu Lake China Liu et al., 2017
. Wang et al.,
2.8 Luoma Lake China 2022
. . Wang et al.,
0.5 Pearl River China 2022
04 River, Port, Lake and Chanel of China Cai et al., 2021
Jiangyan District
3.4 Taihu Lake China Wan et al., 2018
Gomti River, Sarayu River, Ganga . Karsauliya et al.,
840 River, Yamuna River India 2022
4 Taihu Lake China Chenetal., 2017
1.3 Yangtze River China Liu et al., 2022
3.9 Taihu Lake China Yan et al., 2017
7.7 Luoma Lake China Yan et al., 2017
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. Cunha et al.,
BPE 223 Douro River Portugal 2022
. . Grobin et al.,
0.12 River Slovenia 2024
Chiriac et al.,
16.5 Seawater of Black Sea Italy 2021
0.98 Rivers, lakes and reservoirs China Zhagglegt al.,
. . Zheng et al.,
0.83 Yangtze River China 2019
1.9 Yangtze River China Liu et al., 2022
. . Wang et al.,
BPC 4.6 Pearl River China 2022
14 Taihu Lake China Han et al., 2023
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Table S2 — Acute and chronic toxicities for each BP.

. . Exposure . Evaluated Effect .
Compound Organism Endpoint time Specie offect con(cr:a;tlrg;lon Reference
BPA Algae Growth rate 72h Desmodesmus subspicatus E(L)C50 19.6 Tisler et al., 2016
Algae Growth rate 96 h Chlorella pyrenoidosa E(L)C50 44.9 Lietal., 2017
Algae Growth rate 96 h Scenedesmus obliquus E(L)C50 33.9 Lietal., 2017
Algae Growth rate 14d Desmodesmus armatus E(L)C50 42.06 Czarny—Kr%r;Ziﬁska ctal,
Algae Growth rate 14d Chlorella vulgaris E(L)C50 424 Czarny-Kr%?ziﬁska etal,
Algae Growth rate 2d Chlorella vulgaris E(L)C50 41.43 Ding et al., 2020
Algae Growth rate 144 h Chlorella pyrenoidosa E(L)C50 17.7 Lietal., 2022
Crustacean Mortality 96 h Artemia salina E(L)C50 107.2 Naveira et al., 2021
Crustacean Immobility 48 h Daphnia similis E(L)C50 12.05 Spadoto et al., 2018
Crustacean Immobility 48 h Ceriodaphnia silvestri E(L)C50 14.44 Spadoto et al., 2018
Crustacean Mortality 24 h Daphnia magna E(L)C50 8.9 Tisler et al., 2016
Crustacean Mortality 48 h Daphnia magna E(L)C50 7.3 Tisler et al., 2016
Crustacean Mortality 24 h Daphnia magna E(L)C50 24 Chen et al., 2002
Crustacean Mortality 48 h Daphnia magna E(L)C50 10 Chen et al., 2002
Crustacean Mortality 96 h Daphnia magna E(L)C50 11.7 Lietal., 2017
Fish Mortality 48 h Zebrafish embryo E(L)C50 134 Tisler et al., 2016
Fish Mortality 96 h Zebrafish embryo E(L)C50 10.43 Mu et al., 2018
Fish Mortality 96 h Zebrafish larvae E(L)C50 12 Moreman et al., 2017
Fish Hatching rate 72h Zebrafish larvae E(L)C50 5.7 Moreman et al., 2017
Fish Mortality 24 h Adult zebrafish E(L)C50 9.51 Ren et al., 2017
Fish Mortality 48 h Adult zebrafish E(L)C50 9.31 Ren et al., 2017

Fish Mortality 72 h Adult zebrafish E(L)C50 8.09 Ren etal., 2017
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Fish Mortality 96 h Adult zebrafish E(L)C50 8.09 Ren etal., 2017
Fish Mortality 96 h Channa punctatus E(L)C50 7.6 Sharma et al., 2021
Fish Mortality 96 h Poecilia vivipara E(L)C50 35 Naveira et al., 2021
Fish Mortality 96 h Oryzias latipes E(L)C50 9.4 Lietal., 2017
Crustacean Reproduction 21d Daphnia magna NOEC 5 Tisler et al., 2016
Crustacean Mortality 21d Daphnia magna NOEC 5 Tisler et al., 2016
Crustacean Body length 21d Daphnia magna NOEC 5 Tisler et al., 2016
Crustacean Reproduction 42 d Hyalella azteca NOEC 0.49 Mihaich et al., 2009
Crustacean Induction of aromatase 3d Moina macrocopa NOEC 0.56 Jung et al., 2020
Crustacean Brood size 8d Ceriodaphnia silvestri NOEC 1.38 Spadoto et al., 2018
Fish Body length 7d Zebrafish larvae NOEC 2 Wenjuan et al., 2017
Fish Biochemistry 21d Cyprinus carpio NOEC 24 Jung et al., 2020
Fish Induces vtg production - Pimephales promelas NOEC 0.016 Staples et al., 2011
Fish - 96 h Chironomus tentans NOEC 14 Mihaich et al., 2009
Algae Growth rate 3d Pseudokirchneriella subcapitata NOEC 1189 Jung et al., 2020
Algae Growth rate 14d Chlorella vulgaris NOEC 25 Czarny—Kr%rznziﬁska ctal,
Algae Growth rate 14d Desmodesmus armatus NOEC 50 Czarny—Kr%rznziﬁska ctal,
Algae Growth rate 3d Chlorella vulgaris NOEC 10 Ding et al., 2020
Aquatic plant Growth rate 7d Lemna gibba NOEC 7.8 Mihaich et al., 2009
Rotifer Reproduction 2d Brachionus calyciflorus NOEC 1.8 Mihaich et al., 2009
BPS Crustacean Mortality 24 h Daphnia magna E(L)C50 76 Chen et al., 2002
Crustacean Mortality 48 h Daphnia magna E(L)C50 55 Chen et al., 2002
Fish Mortality 24 h Zebrafish embryo E(L)C50 361 Ren et al., 2017
Fish Mortality 48 h Zebrafish embryo E(L)C50 346 Ren etal., 2017
Fish Mortality 72 h Zebrafish embryo E(L)C50 331 Ren etal., 2017
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Fish Mortality 96 h Zebrafish embryo E(L)C50 323 Ren etal., 2017
Fish Heart rate 78 h Zebrafish embryo E(L)C50 318 Renetal., 2017
Fish Hatching rate 120 h Zebrafish embryo E(L)C50 200 Ren etal., 2017
Fish Mortality 96 h Zebrafish larvae E(L)C50 199 Moreman et al., 2017
Fish Hatching rate 72h Zebrafish larvae E(L)C50 155 Moreman et al., 2017
Fish Mortality 24 h Adult zebrafish E(L)C50 343 Ren etal., 2017
Fish Mortality 48 h Adult zebrafish E(L)C50 343 Renetal., 2017
Fish Mortality 72 h Adult zebrafish E(L)C50 343 Renetal., 2017
Fish Mortality 96 h Adult zebrafish E(L)C50 343 Renetal., 2017
Algae Growth rate 2d Chlorella vulgaris E(L)C50 3.16 Ding et al., 2020
Algae Growth rate 120 h Chlorella vulgaris E(L)C50 25.19 Lietal., 2021
Algae Growth rate 120 h Navicula sp. E(L)C50 3.89 Lietal., 2021
Algae Growth rate 96 h Chlamydomonas mexicana E(L)C50 85.48 Yadav et al., 2023
Algae Growth rate 144 h Chlorella pyrenoidosa E(L)C50 66.07 Wang et al., 2022
Bacteria Reduction of luminescence 30 min Aliivibrio fischeri E(L)C50 15.42 Owczarek et al., 2018
Fish Body length 7d Zebrafish larvae NOEC 300 Wenjuan et al., 2017
Fish Reproduction 7d Zebrafish NOEC 0.001 Naderi et al., 2014
Algae Growth rate 120 h Chlorella vulgaris NOEC 10 Lietal., 2021
Algae Navicula sp. 120 h Growth rate NOEC 5 Lietal., 2021
Crustacean Reproduction 21d Daphnia magna NOEC 25 Park et al., 2019
Crustacean Reproduction 7d Moina macrocopa NOEC 0.03 Park et al., 2019
BPF Algae Growth rate 48 h Desmodesmus subspicatus E(L)C50 22.1 Tisler et al., 2016
Algae Growth rate 96 h Chlamydomonas mexicana E(L)C50 30.53 Yadav et al., 2023
Algae Growth rate 72 h Pseudokirchneriella subcapitata E(L)C50 9.2 Elersek et al., 2021
Crustacean Mortality 48 h Daphnia magna E(L)C50 8.7 Tisler et al., 2016
Crustacean Mortality 24 h Daphnia magna E(L)C50 80 Chen et al., 2022
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Crustacean Mortality 48 h Daphnia magna E(L)C50 56 Chen et al., 2022
Fish Mortality 48 h Zebrafish embryo E(L)C50 11 Tisler et al., 2016
Fish Missing body pigmentation 96 h Zebrafish embryo E(L)C50 19.59 Mu et al., 2018
Fish Mortality 48 h Zebrafish embryo E(L)C50 6.8 Tisler et al., 2016
Fish Hatching rate 24 h Zebrafish embryo E(L)C50 9.13 Ren et al., 2017
Fish Mortality 48 h Zebrafish embryo E(L)C50 8.93 Ren etal., 2017
Fish Mortality 72h Zebrafish embryo E(L)C50 8.56 Ren etal., 2017
Fish Mortality 96 h Zebrafish embryo E(L)C50 7.4 Renetal., 2017
Fish Mortality 96 h Zebrafish larvae E(L)C50 32 Moreman et al., 2017
Fish Hatching rate 72h Zebrafish larvae E(L)C50 14 Moreman et al., 2017
Fish Mortality 24 h Adult zebrafish E(L)C50 10.1 Renetal., 2017
Fish Mortality 48 h Adult zebrafish E(L)C50 9.86 Renetal., 2017
Fish Mortality 72 h Adult zebrafish E(L)C50 9.51 Renetal., 2017
Fish Mortality 96 h Adult zebrafish E(L)C50 9.51 Renetal., 2017

Bacteria Reduction of luminescence 30 min Aliivibrio fischeri E(L)C50 5.67 Owczarek et al., 2018

Crustacean Reproduction 21d Daphnia magna NOEC 0.84 Tisler et al., 2016

Crustacean Mortality 21d Daphnia magna NOEC 6.7 Tisler et al., 2016

Crustacean Body length 21d Daphnia magna NOEC 1.68 Tisler et al., 2016
Fish Body length 7d Zebrafish larvae NOEC 6 Wenjuan et al., 2017
Fish Malonic dialdehyde content 7d Zebrafish NOEC 0.08 Han et al., 2022
Fish Hatching rate 72 h Zebrafish larvae 1.25 Gao et al., 2022

Algae Growth rate 7d Chlorella vulgaris NOEC 0.1 Zhang et al., 2021

Algae Growth rate 72 h Pseudokirchneriella subcapitata NOEC 29 Elersek et al., 2021
BPAF Algae Growth rate 72h Desmodesmus subspicatus E(L)C50 3 Tisler et al., 2016

Algae Growth rate 14 d Desmodesmus armatus E(L)C50 34.8 Czamy-Krzymifiska et al.,

2022
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Czarny-Krzyminska et al.,

Algae Growth rate 14 d Chlorella vulgaris E(L)C50 29 2022
Algae Growth rate 96 h Chlamydomonas mexicana E(L)C50 1.78 Yadav et al., 2023
Crustacean Mortality 24 h Daphnia magna E(L)C50 34 Tisler et al., 2016
Crustacean Mortality 48 h Daphnia magna E(L)C50 2.7 Tisler et al., 2016
Fish Mortality 96 h Zebrafish embryo E(L)C50 1.95 Mu et al., 2018
Fish Mortality 48 h Zebrafish embryo E(L)C50 4.2 Tisler et al., 2016
Fish Hatching rate 48 h Zebrafish embryo E(L)C50 2.2 Tisler et al., 2016
Fish Mortality 48 h Zebrafish embryo E(L)C50 3.89 Ren et al., 2017
Fish Mortality 72 h Zebrafish embryo E(L)C50 3.49 Renetal., 2017
Fish Mortality 96 h Zebrafish embryo E(L)C50 2.04 Ren etal., 2017
Fish Mortality 96 h Zebrafish larvae E(L)C50 16 Moreman et al., 2017
Fish Hatching rate 72 h Zebrafish larvae E(L)C50 0.92 Moreman et al., 2017
Fish Mortality 24 h Adult zebrafish E(L)C50 3.15 Ren etal., 2017
Fish Mortality 48 h Adult zebrafish E(L)C50 2.64 Renetal., 2017
Fish Mortality 72 h Adult zebrafish E(L)C50 2.47 Ren etal., 2017
Fish Mortality 96 h Adult zebrafish E(L)C50 2.47 Renetal., 2017
Fish Induces vtg production 4d Cyprinus carpio E(L)C50 0.57 Letcher et al., 2005
Crustacean Reproduction 21d Daphnia magna NOEC 0.23 Tisler et al., 2016
Crustacean Mortality 21d Daphnia magna NOEC 0.9 Tisler et al., 2016
Crustacean Body length 21d Daphnia magna NOEC 0.23 Tisler et al., 2016
Fish Body length 7d Zebrafish larvae NOEC 0.5 Wenjuan et al., 2017
Algae Growth rate 14 d Chlorella vulgaris NOEC 10 Czarny-Kr%rznziﬁska ctal,
Algae Growth rate 14 d Desmodesmus armatus NOEC 50 Czarny-Kr%r;ziﬁska etal,
Algae Reactive oxygen species 72 h Phaeodactylum tricornutum NOEC 5 Sendra et al., 2023
BPAP Fish Mortality 24 h Zebrafish embryo E(L)C50 2.84 Ren etal., 2017
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Fish Mortality 48 h Zebrafish embryo E(L)C50 2.61 Ren etal., 2017
Fish Mortality 72h Zebrafish embryo E(L)C50 2.57 Ren etal., 2017
Fish Mortality 96 h Zebrafish embryo E(L)C50 2.29 Ren etal., 2017
Fish Mortality 24 h Adult zebrafish E(L)C50 3.04 Ren etal., 2017
Fish Mortality 48 h Adult zebrafish E(L)C50 2.7 Ren etal., 2017
Fish Mortality 72 h Adult zebrafish E(L)C50 2.42 Ren etal., 2017
Fish Mortality 96 h Adult zebrafish E(L)C50 2.28 Ren etal., 2017
Algae Growth rate - Desmodesmus armatus E(L)C50 26.8 Czarny et al., 2021
Fish Body length 7d Zebrafish larvae NOEC 0.25 Wenjuan et al., 2017
Algae Reactive oxygen species 72 h Nannochloropsis gaditana NOEC 1.4 Sendra et al., 2023
BPB Crustacean Mortality 24 h Daphnia magna E(L)C50 9 Chen et al., 2002
Crustacean Mortality 48 h Daphnia magna E(L)C50 55 Chen et al., 2002
Crustacean Mortality 48 h Daphnia magna E(L)C50 3.93 Wang et al., 2021
Fish Mortality 24 h Zebrafish embryo E(L)C50 7.18 Ren et al., 2017
Fish Mortality 48 h Zebrafish embryo E(L)C50 6.54 Ren etal., 2017
Fish Mortality 72 h Zebrafish embryo E(L)C50 453 Renetal., 2017
Fish Mortality 96 h Zebrafish embryo E(L)C50 3.88 Renetal., 2017
Fish Mortality 24 h Adult zebrafish E(L)C50 5.07 Ren etal., 2017
Fish Mortality 48 h Adult zebrafish E(L)C50 4.64 Renetal., 2017
Fish Mortality 72 h Adult zebrafish E(L)C50 4.15 Ren etal., 2017
Fish Mortality 96 h Adult zebrafish E(L)C50 4.15 Renetal., 2017
Fish Mortality 96 h Danio rerio E(L)C50 4.13 Wang et al., 2021
Algae Growth rate 96 h Chlamydomonas mexicana E(L)C50 12.09 Yadav et al., 2023
Algae Growth rate 96 h Tetradesmus obliquus E(L)C50 12.3 Wang et al., 2021
Fish Body length 7d Zebrafish larvae NOEC 1 Wenjuan et al., 2017
Fish Body length 120 h Zebrafish larvae NOEC 0.001 Qiu et al., 2021
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Fish Malformation rates 144 h Zebrafish larvae NOEC 0.01 Yang et al., 2021
Algae Growth rate 72 h Chlamydomonas mexicana NOEC 10 Yadav et al., 2023
BPP Crustacean Mortality 24 h Daphnia magna E(L)C50 4 Chen et al., 2002
Crustacean Mortality 48 h Daphnia magna E(L)C50 1.6 Chen et al., 2002
Fish Mortality 24 h Zebrafish embryo E(L)C50 0.81 Renetal., 2017
Fish Mortality 48 h Zebrafish embryo E(L)C50 0.66 Ren etal., 2017
Fish Mortality 72h Zebrafish embryo E(L)C50 0.4 Ren etal., 2017
Fish Mortality 96 h Zebrafish embryo E(L)C50 0.37 Renetal., 2017
Fish Mortality 48 h Adult zebrafish E(L)C50 0.7 Ren etal., 2017
Fish Mortality 72h Adult zebrafish E(L)C50 0.46 Ren etal., 2017
Fish Mortality 96 h Adult zebrafish E(L)C50 0.4 Renetal., 2017
Fish Body length 7d Zebrafish larvae NOEC 0.2 Wenjuan et al., 2017
Fish Hatching rate 72 h Zebrafish larvae NOEC 0.1 Wang et al., 2019
BPZ Fish Mortality 48 h Zebrafish embryo E(L)C50 3.39 Renetal., 2017
Fish Mortality 72h Zebrafish embryo E(L)C50 3.25 Ren etal., 2017
Fish Mortality 96 h Zebrafish embryo E(L)C50 2.98 Renetal., 2017
Fish Mortality 24 h Adult zebrafish E(L)C50 3.43 Renetal., 2017
Fish Mortality 48 h Adult zebrafish E(L)C50 2.72 Ren etal., 2017
Fish Mortality 72 h Adult zebrafish E(L)C50 2.63 Renetal., 2017
Fish Mortality 96 h Adult zebrafish E(L)C50 2.63 Ren etal., 2017
Algae Growth rate 96 h Chlamydomonas mexicana E(L)C50 9.54 Yadav et al., 2023
Algae Growth rate 14d Chlorella vulgaris E(L)C50 48.76 Czarny etal., 2021
Algae Growth rate - Desmodesmus armatus E(L)C50 82.65 Czarny et al., 2021
Fish Body length 7d Zebrafish larvae NOEC 0.5 Wenjuan et al., 2017
Algae Growth rate 72 h Chlamydomonas mexicana NOEC 5 Yadav et al., 2023
BPC Fish Induces vtg production 4d Cyprinus carpio E(L)C50 16.61 Letcher et al., 2005
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Algae Growth rate 14 Anabaena variabilis E(L)C50 31.51 Czarny et al., 2021
Algae Growth rate - Microcystis aeruginosa E(L)C50 54.87 Czarny et al., 2021
Bacteria Reduction of luminescence 30 min Aliivibrio fischeri E(L)C50 7.92 Owczarek et al., 2018
Fish Malonic dialdehyde content 7d Zebrafish NOEC 0.02 Han et al., 2022
Fish Hatching rate 72h Zebrafish larvae NOEC 0.5 Gao et al., 2022
Algae Growth rate 72h Phaeodactylum tricornutum NOEC 1.4 Sendra et al., 2023
BPE Bacteria Reduction of luminescence 30 min Aliivibrio fischeri E(L)C50 12.41 Owczarek et al., 2018
Fish Hatching rate 72 h Zebrafish larvae NOEC 3.5 Gao et al., 2022
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Table S3 — Acute and chronic RQ values of BPs by aquatic organisms.

Compound Organism Acute RQ Chronic RQ
Algae 20.48 0.36
Crustacean 49.66 7.40
BPA .
Fish 103.57 226.57
Rotifer - 2.01
Algae 2.28 0.01
Crustacean 0.13 2.40
BPS .
Fish 0.05 72.04
Bacteria 0.47 -
Algae 0.63 0.58
Crustacean 0.67 0.07
BPF _
Fish 5.30 0.73
Bacteria 1.03 -
Algae 1.73 0.01
BPAF Crustacean 1.14 0.13
Fish 5.40 0.06
Algae 0.0004 0.0004
BPAP )
Fish 0.0048 0.0022
Algae 0.26 0.02
BPB Crustacean 0.80 -
Fish 0.81 157.15
Algae 0.088 0.008
BPZ )
Fish 0.32 0.084
Algae 0.0004 0.001
BPC Fish 0.001 0.035
Bacteria 0.002 -
Fish - 0.006
BPE

Bacteria 0.02 -




246

Table S4 — Relative potency (RP) and 17p-estradiol equivalents (EEQ) for BPs.

Relative _. . 1 EEQ (ng MECmax EEQmax
Compound Potency Bioassay / Analytical Method Reference MEC (ng L™) LY (ng LY (ng LY
BPA 1.01E-04 BLYES Ruan et al., 2015 2540.74 0.26 362505 36.61
BPAF 7.23E-04 BLYES Ruan et al., 2015 144.79 0.10 3080 2.23
BPAP 8.03E-04 NI Wang et al., 2019 3.31 0.0027 11 0.01

Estrogen receptor (ER)

BPB 8.60E-04 o o Blair et al., 2000 22212 0.19 3143 2.70
competitive-biding assay

BPC 1.29E-03 NI Wang et al., 2019 9.30 0.01 14 0.02

BPE 5.92E-05 BLYES Ruan et al., 2015 40.56 0.00 223 0.01

BPF 1.08E-04 BLYES Ruan et al., 2015 399.15 0.04 5830 0.63

BPS 1.06E-04 BLYES Ruan et al., 2015 374.89 0.04 7204 0.76

BPz 2.12E-03 NI Wang et al., 2019 68.03 0.14 840 1.78

NI = Not informed.
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Table S5 — BPs’ concentration in raw wastewater and treated wastewater, removal efficiency by MBRs and treatment characteristics.

Conc. Conc. Removal Biological
Compoun RWW  TWW  efficienc Treatment description Acrony Scale  degradatio F:E)T S(F;)T g/l(:yl_s) Type of WW Location Reference
(Hg/L) — (ug/lL)  y (%) n
Bisphenol 1 2 417 90 Aerobicmembrane e | hccale  Aerobic 24 70 83  YMNEUC 4 ralig AMUrKi et
A bioreactor wastewater al., 2010
Bisphenol 5 25 50 Membrane bioreactor MBR Lab-scale  Aerobic 6 - 7.08 Synthetic Australia Luo etal,
A wastewater 2015
Bisphenol 2.75 0.14 95 Aerob.|c membrane MBR Lab-scale  Aerobic 24 - 2.65 Synthetic Australia Luoetal,
A bioreactor wastewater 2015
Bisphenol 5 0.5 90 Membrane bioreactor MBR Lab-scale  Aerobic 24 50 4.8 Synthetic Australia Luoetal,
A wastewater 2015
. Membrane bioreactor .
Bisphenol . .. . . Synthetic . Luoetal,
'SP 5 0.5 90 with salinity build-up MBR Lab-scale  Aerobic 24 50 4.8 y : Australia !
A wastewater 2015
(16 g NaCl)
Bisphenol 0.25 95 Aerobic membrane oo | dhscale  Aerobic 24 NI 5 Synthetic —  ciralia  T\gUYen et
A bioreactor wastewater al., 2013
Membrane bioreactor
Bisphenol . L . . heti . Ph l.
sphenol 575 0015 98 withsalinitybuild-up  MBR Lab-scale Aerobic 27 - NI OMNEUC gy PhAnetal,
A wastewater 2016
(16.5 g NaCl)
Bisphenol 538 0.016 99 Aerob_lc membrane MBR Pilot- Aerobic 988 27 3195 Municipal Austria Clara et al.,
A bioreactor scale wastewater 2005
Bisphenol 0.14 0.01 92 Aerob_lc membrane MBR Full- Aerobic 8 7 5.6 Municipal Canada Guerra et
A bioreactor scale wastewater al., 2015
Bisphenol 1000 4.2 99 Aerob_|c membrane MBR Lab-scale  Aerobic 55 140 12 Synthetic Canada Seyhi et
A bioreactor wastewater al., 2013
. Aerobic membrane . .
Bisphenol 5 0.3 94 bioreactor with external  MBR  Lab-scale  Aerobic 24 50 4.87 Synthetic China Liuetal,
A wastewater 2020

membrane



Bisphenol
A

Bisphenol
A

Bisphenol
A

Bisphenol
A

Bisphenol
A

Bisphenol
A

Bisphenol
A
Bisphenol
A

Bisphenol
A

Bisphenol
A
Bisphenol
A

200

200

0.95

3.7

7.2

20

7.2

12.2

<0.05

7.1

0.07

0.07

5.9

29

0.3

0.2

0.14

98

93.9

94.7

92

93.5

921

18

42

94

99

98

Aerobic membrane
bioreactors operated at
25°C
Aerobic membrane
bioreactor
Aerobic membrane
bioreactor with
submerged membrane
Conventional activated
sludge with submerged
membrane
Aerobic membrane
bioreactor with
submerged membrane
Aerobic membrane
bioreactor with
submerged membrane
Enzymatic membrane
bioreactor
Enzymatic membrane
reactor
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Figure S1 — Number of studies and occurrence data about a) BPA and its analogues in surface waters,

and b) number of studies by country from 2013 to 2024.
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CHAPTER 5

Table S1 - Physicochemical characterization of the synthetic sewage used as feed solution (FS) in the
G-AnOMBR/MD

Parameter Value

pH 77+0.1
Electrical conductivity (uS cm) 1,055.1 +126.7
COD (mg L) 584.3 +21.4
P-PO,* (mg L) 31+0.25
N-NH4* (mg L?) 4.7+0.82

Figure S1 — Examples of GC-MS chromatogram for the (a) BPA standard sample (100 mg L™2), (b)
EGSBesr (30 d), and (c) DT (30 d).
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CHAPTER 6

Table S1 - Composition of synthetic sewage.

Component Concentration (mg L)
Meat extract 208
KHzPO4 120
LAS (tensoative) 15
MgCl, 1.53
NaCl 250
NaHCOs 200
Oil 51
Starch 114
Sucrose 35

Table S2 - Physicochemical characterization of the synthetic sewage used as feed solution (FS) in the

G-AnOMBR/MD

Parameter Value

pH 7.3+0.3
Electrical conductivity (uS cm™) 1,051.8 +232.7
COD (mg L) 584.3+21.4
DOC (mg L) 156.4 + 31.1
P-PO4* (mg L?) 341+28
N-NH* (mg L) 58122

Figure S1 — Examples of GC-MS chromatogram for the (a) BPA standard sample (100 mg L), (b)

EGSBerr (20 d), and (c) PT (20 d).
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b) SI:88 Formula:C15H1602 CAS:80-05-7 MolWeight:228 RetIndex:2022
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